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Abstract

The overexploitation of high trophic level predators (HTLP) may trigger trophic cascades,
often leading to a simplification of marine food-webs and reducing their resilience to
human impacts. Marine protected areas (MPAs) can foster increases of HTLP
abundance and biomass, but long time frames are needed to observe a recovery, when
possible, of lost trophic interactions.

This PhD aimed to propose integrated management-tools to monitor HTLP recovery and
the restoration of trophic interactions in Mediterranean MPAs, and to evaluate the
effectiveness of these tools at assessing fishing impacts upon HTLP and the associated
food-web. Two often distant approaches were combined: field monitoring and food-web
modelling. First, to survey the fish assemblage, we proposed to improve the traditional
underwater visual census technique of one size-transects with variable size transects
adapted to fish mobility. This improvement increased the accuracy of density and
biomass estimates of HTLP at three Mediterranean MPAs. We then evaluated the
potential of food-web modelling with the Ecopath with Ecosim and Ecotroph approach as
a tool to inform ecosystem-based management in Mediterranean MPAs. We proposed a
standard model structure as the best compromise between model complexity, feasibility
of model construction in terms of data collection, and reliability of model outputs. Key
functional groups for which local accurate biomass data should be collected in priority in
order to get reliable model outputs were identified. Applying this approach to an old data-
rich MPA allowed to highlight the keystone functional role of HTLPs and cephalopods,
and to assess the cumulated impact of artisanal and recreational fishing on the food-web.
Model outputs highlighted that reducing recreational fishing effort would benefit both the
ecosystem and the naturally declining artisanal fishery, through increased availability of
higher quality catches. Finally, we estimated the costs of model development for a data-
poor reserve and suggested how to cost-efficiently increase model quality.

Overall this PhD work emphasised the potential of combining field monitoring and food-
web modelling tools, which can mutually enhance each other to achieve an effective

ecosystem based management in MPAs.



Abstract Francais

La surexploitation des prédateurs de haut niveau trophique (HTLP) peut déclencher des
cascades trophiques qui souvent conduisent a une simplification des réseaux trophiques
marins en réduisant leur résistance aux impacts humains. Les aires marines protégées
(AMP) peuvent favoriser des augmentations d’abondance et biomasse des HTLP, mais
la compléte restauration des interactions trophiques, lorsque cela est possible, nécessite
des délais importants.

Cette thése vise a proposer des outils intégrés de gestion pour évaluer le retour des
HTLP et la restauration des interactions trophiques dans les AMP méditerranéennes, et a
évaluer I'efficacité de ces outils pour estimer les impacts de la péche sur les HTLP et le
réseau trophique associé. Deux approches souvent éloignés ont été combinées : les
suivis de terrain et la modélisation des réseaux trophiques. Pour échantillonner la
communauté de poissons, nous avons proposé d'améliorer la technique traditionnelle de
recensement visuel sous-marin en recourant a des transects de taille variable, adaptée a
la mobilité des poissons. Cette méthode a lors permis d'augmenter la précision des
estimations de densité et de biomasse des HTLP dans les trois AMP méditerranéennes
suivies. Ensuite, nous avons évalué l'apport de la modélisation trophique avec les
approches EwE et EcoTroph comme outil de gestion écosystémique pour les AMP
méditerranéennes. Une structure standard de modéle a été proposée comme étant le
meilleur compromis entre la complexité du modeéle, la faisabilité de sa construction et la
fiabilité de ses sorties. Les groupes fonctionnels clés pour lesquels des données de
biomasse locales exactes devraient étre recueillis en priorité afin d'obtenir des sorties de
modéles fiables ont été identifiés. L'application de cette approche a une AMP ancienne,
riche en données, a permis de mettre en évidence le réle fonctionnel clé des HTLP et
des céphalopodes, et d'évaluer l'impact cumulé de la péche artisanale et de loisir sur
I'ensemble du réseau trophique. Les résultats du modele ont montré qu’une réduction de
I'effort de la péche de loisir profitait a la fois I'écosystéme et améliorait la rentabilité de la
péche artisanale, grace a une disponibilité accrue des captures de niveau trophique
supérieur. Enfin, les colts de développement d'un tel modéle pour une AMP ne
disposant que de peu de données ont été estimés, tout en suggérant des pistes pour
améliorer la qualité du modele.

Globalement, ce travail de thése a souligné le potentiel d'une approche conjuguant des
suivis de terrain et de la modélisation trophique, des outils se renforcant mutuellement,

pour parvenir a une gestion écosystémique efficace dans les AMP.
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1. Chapter 1. General introduction

1.1 The ecological importance of high trophic level predators.

At a global scale, the overexploitation of fisheries resources has affected in the first place
fish species at the higher trophic levels of the food-web (high trophic level predators,
hereafter HTLP), which have been disproportionately targeted for centuries (Jackson et
al. 2001, Myers & Worm 2005). Generally characterised by slow growth rates and late
sexual maturity, HTLP are highly vulnerable to fishing (Duffy 2002, Gascuel et al. 2014)
as shown by their rapid decline in many areas of the world (Pauly et al. 1998). The
decline in the abundance of HTLP populations has often triggered trophic cascades (Box
1), eventually leading to large-scale ecosystem shifts (Estes et al. 2011). These dramatic
consequences have drawn attention to the key ecological role that HTLP play in shaping
marine communities. High trophic levels indeed represent functional ‘information’ which
reveals the energetic efficiency of ecosystems and improves their stability (Jargensen et
al. 2000, Odum 1969). In their absence, the functional diversity and redundancy of many
ecosystems are reduced, leading to less complex food-webs, reduced community
stability and lower resilience to anthropogenic impacts (Bascompte et al. 2005, Coll et al.
2008, Estes et al. 2011, Britten et al. 2014). The significance of HTLP role has become
even more clear observing the few pristine ecosystems left in the world, where
unprecedented levels of fish biomass at the higher levels of the food-web have been
reported, setting new baselines for evaluating present and historical human impacts and
providing new targets for conservation efforts (Stevenson et al. 2007, Sandin et al. 2008).
If the depletion of HTLP may lead to trophic cascades, an important build up in their
biomass can promote indirect effects and help to re-establish lost trophic interactions and
ecosystem functions (Ray et al. 2005). However, indirect effects of HTLP recovery are
highly variable depending on several factors and can show conspicuous time lags with
respect to direct effects (Micheli et al. 2004, Lester et al. 2009).



BOX 1. Trophic cascades

Trophic cascades are indirect effects of fishery removals on the food-web. They are described as predatory
interactions, involving three or more trophic levels, where the removal of important carnivore predators
triggers the release of herbivores and consequently a decrease in primary producers (Menge 1995). In the
Mediterranean rocky sublittoral, the overfishing of sea breams (Diplodus spp.), the most effective sea
urchin predators in this basin, caused an increase in sea urchins abundance (Paracentrotus lividus), which
overgrazed erect macroalgal assemblages. In areas where sea urchins could reach high densities,
overgrazing induced the shift from complex macroalgal assemblages to species-poor coralline barrens
(Sala et al.1998, Guidetti 2007). Drawings from the outreach video “The Book of Marine Protected Areas,
Prato & Gianni 2015”, MMMPA project (see Outreach & Communication)




1.2 High trophic level predators recovery in Mediterranean Marine Protected
Areas and related management challenges

In the last century, the Mediterranean was subject to an exponential increase in both
commercial fishing and coastal development, causing the overexploitation of most of its
fish stocks and the collapse of many of them (Colloca et al. 2013). Overfishing strongly
impacted Mediterranean food-webs, which are nowadays deprived of high trophic level
predators, with medium-sized fish like sea breams (Diplodus spp.) controlling ecosystem
shape (Box 1) (Sala 2004). Observation of the dramatic ecosystem shifts caused by
changes in the abundance of small and medium-sized predators, in some areas of the
Mediterranean, prompted reflections on the changes that food—-webs must have
experienced over historical time frames after depletion of HTLP, and if recovery to a
former level is possible (Sala 2004).
Overfishing and the depletion of HTLP also affected traditional small-scale artisanal
fishing, a millenary activity depicted in ancient art catching fish almost the size of a man
at the water surface (Guidetti & Micheli 2011).
To face such situation, Marine Protected Areas (MPAs) have spread across the
Mediterranean, gaining wide acceptance as efficient tools contributing to an effective
ecosystem-based management strategy (Lubchenco et al. 2003). MPAs were indeed
established not only as a tool to conserve and restore biodiversity, but also to “achieve
the long term conservation of associated ecosystem services and cultural values”
(Dudley et al. 2008), thus seeking a balance between biodiversity protection and
continued human use (Abdulla et al. 2008). Several large-scale studies and global
synthetises have shown that MPAs allowed to increase the density and biomass of the
most commonly exploited species and reveal initial trajectories of ecosystem recovery
(Halpern & Warner 2002, Lester et al. 2009). When properly managed, Mediterranean
MPAs have also allowed to achieve remarkably large fish biomass compared to exploited
areas, highlighting the high potential of recovery of Mediterranean ecosystems (Sala et
al. 2012, Guidetti et al. 2014).
However, long-term observations from some of the oldest MPAs have shown that
abundances of HTLP are still increasing, denoting that long time frames are needed
before carrying capacity is reached (Micheli et al. 2004, Babcock et al. 2010, Garcia
Rubies et al. 2013).Long time frames are required also to observe indirect changes
triggered by HTLP recovery (Micheli et al. 2005), while most Mediterranean reserves are

young (established a few decades ago, at most). Long-term management strategies are



thus needed to assess the evolution of MPAs along the observed trajectory of recovery,
but are often lacking in the Mediterranean (Garcia Rubies et al. 2013).

Furthermore, management of MPAs should go beyond the monitoring of a subset of
species of recognised ecological importance and should account for the complexity of the
food-webs they host. Unravelling trophic interactions is essential on one hand to assess
the recovery of ecosystem structure and functions (Libralato et al. 2010) and on the other
hand to understand and mitigate the influences that multiple human uses might have on
food-webs, allowing thus to anticipate or deal with ecosystem shifts (Sala 2004, Plagany
et al. 2014, Fulton et al. 2015).

1.3 Thesis objectives and approaches
The above considerations were further developed in the first publication arouse from this
PhD work and presented in the second chapter of the manuscript (Prato G, Guidetti P,

Bartolini F, Mangialajo L, Francour P (2013) The importance of high-level predators in marine protected

area management: Consequences of their decline and their potential recovery in the Mediterranean

context. Advances in Oceanography and Limnology 4:176-193). The paper was based upon a

literature review aimed at answering the following questions:

«+ Are high-trophic level predators currently recovering in marine protected areas?

% What are the indirect consequences of such recovery on the food-webs?

%+ Are increasing levels of these predators a signal of increasing ecosystem health?

Addressing these issues was necessary to introduce the main questions which drove this
PhD thesis: if the fundamental role of high trophic level predators in shaping marine
communities and food-webs is finally acknowledged, as well as their leading position in

ecosystem recovery, how can we, in the context of an efficient MPA management:

Q1. effectively monitor high trophic level predators’ recovery?
Q2. unravel and monitor trophic interactions?
Q3. quantify fishing impacts upon HTLP and associated food-webs?



Effective management of Mediterranean ecosystems needs to merge the two often
distant disciplines of field ecology and modelling (Pellétier et al. 2008). We thus coupled
both approaches in order to answer the above questions and ultimately provide useful

and cost-efficient tools for MPAs management.

Underwater visual census (UVC) surveys are to date the only possible non-destructive
approach to monitor the fish assemblage in Marine Protected Areas. A challenging
objective for both research and management is the development and implementation of
consistent UVC methods across the Mediterranean to assess the abundance of the
entire fish assemblage, accounting for the different mobility and behaviour of fish, from
the smallest crypto-benthic species to the large highly motile predatory fish. This is
essential to measure reliable relative values of high-trophic level predators increase and
assess variations in fish assemblage composition over time.

But field studies alone cannot aim at unravelling the complexity of food-web interactions,
an essential step to evaluate the indirect effects of several and often interacting human
impacts (Plaganyi et al. 2014, Fulton et al. 2015). Ecosystem models can help to shed
light on these issues. They are increasingly recognised as necessary tools to apply the
ecosystem approach to fisheries management (Espinoza-Tenorio et al. 2012), and are
more and more used for conservation purposes, i.e to design and holistically evaluate the
performance of Marine Protected Areas (Fulton et al. 2015). Food-web modelling in
particular is a useful tool to unravel trophic interactions and identify keystone species,
describe ecosystem structural traits, derive indexes of ecosystem maturity and
complexity and evaluate the consequences of several human impacts on the food-web
(Christensen & Walters 2004, Libralato et al. 2010, Heymans et al. 2014, Valls et al.
2015). The tropho-dynamic modelling approach Ecopath with Ecosim (Christensen &
Pauly 1992, Christensen & Walters 2004) and its more recent implementation EcoTroph
(Gascuel et al. 2009, 2011) fostered more than 400 applications across the world
(Colléter et al. 2015), addressing a multitude of issues related to both fisheries
management and conservation. However, EWE has not yet gained full attention as a
possible tool for the management of small coastal areas, and model applications in MPAs
are still few, especially in the Mediterranean (Coll & Libralato 2012). This scarcity is
largely due to the large amount of data needed to get reliable models and the associated
uncertainties on data precision. Issues of data availability and quality are particularly

accentuated in this naturally and geopolitically heterogeneous basin (Katsanevakis et al.



2015), however, if reliable ecosystem models could be built in a cost-effective way, they

could provide useful information for the research and management of MPAs.

1.4 Structure of the manuscript
In order to address the above mentioned challenges we adopted an integrative approach,

combining literature synthesis, field studies (Section 1) and theoretical and applied

modelling exercises (Section 2), which were alternatively applied in the following

chapters to face specific issues:

o
S

*

0

X/
*

A literature review: to assess the state of the art on the importance of high trophic

level predators for MPAs management. (Chapter 2)

A semi-quantitative literature synthesis, integrated with a field survey: to identify
the most appropriate and cost-effective UVC method to survey the whole fish

assemblage. (Question 1, Chapter 3)

A field study: to i) evaluate the effectiveness of two UVC transect sizes to survey
large mobile predators (Question 1) and ii) combine three transect sizes to

assess the whole fish assemblage (Question 2 and 3, Chapter 4)

A theoretical modelling exercise: to identify an optimal Ecopath model structure
that considers trade-offs between feasibility of data gathering, complexity, and

uncertainty. (Question 2, Chapter 5)

An applied modelling exercise, based upon the integration of available local data:
to assess artisanal and recreational fishing impacts and conflicts on the food-web
associated with a NW Mediterranean MPA. (Question 2 and 3, Chapter 6)

An applied modelling exercise, based upon collection of new data in the field: to i)
unravel trophic interactions and identify keystone species to be monitored in a
data poor MPA and ii) evaluate the costs of building a standard trophic model in a
data poor MPA, following the guidelines for model structure and data collection
developed in chapter 5. (Question 2, Chapter 7)



Overall results of this PhD work are synthetized and discussed in Chapter 8, and some
perspectives on the possible applications for MPAs management and on potential

avenues of research are presented



1. Chapitre 1. Introduction générale francais

1.1 L'importance écologique des prédateurs de haut niveau trophique

A I'échelle mondiale, la surexploitation des ressources halieutiques a surtout touché les
especes de poissons des niveaux trophiques supérieurs dans les chaines trophiques
(prédateurs de niveau trophique supérieur, ci-aprés HTLP), qui ont été ciblées de
maniére disproportionnée pendant des siécles (Jackson et al. 2001 Myers et Worm
2005). Généralement caractérisés par des taux de croissance lents et une maturité
sexuelle tardive, les HTLP sont trés vulnérables a la péche (Duffy 2002, Gascuel et al.
2014), comme en témoigne leur rapide déclin dans de nombreuses régions du monde
(Pauly et al., 1998). Ce déclin d'abondance des populations de HTLP a souvent entrainé
des cascades trophiques (encadré 1), se traduisant souvent par des changements a
grande échelle des écosystemes (Estes et al., 2011). Ces conséquences dramatiques
ont attiré I'attention sur le role écologique clé que les HTLP jouent dans la structuration
des communautés marines. Les hauts niveaux trophiques représentent en effet
l'information fonctionnelle qui témoigne de l'efficacité énergétique des écosystémes et
améliore leur stabilité (Jgrgensen et al. 2000, Odum 1969). En leur absence, la diversité
fonctionnelle et la redondance de nombreux écosystémes sont réduits, se qui se traduit
par des réseaux trophiques moins complexes, une stabilité réduite de la communauté et
une plus faible résilience aux impacts anthropiques (Bascompte et al., 2005, Coll et al.
2008, Estes et al., 2011, Britten et al. 2014).

La signification du réle des HTLP est devenue encore plus claire en observant les rares
ecosystémes vierges encore existant dans le monde. Des niveaux sans précédent de
biomasse de poissons en haut du réseau trophique ont été rapportés, établissant de
nouveaux niveaux de référence pour I'évaluation actuelle et historique des impacts
humains et fournissant de nouveaux seuils a atteindre pour les efforts de conservation
(Stevenson et al. 2007, Sandin et al., 2008).

Si I'effondrement des HTLP peut conduire a des cascades trophiques, une accumulation
importante de leur biomasse peut promouvoir des effets indirects et aider a rétablir les
interactions trophiques perdues et les fonctions des écosystemes (Ray et al., 2005).
Cependant, les effets indirects de la récupération des HTLP varient fortement en fonction
de différents facteurs et peuvent nécessiter plus de temps que les effets directs (Micheli
et al. 2004, Lester et al., 2009).



Encadré 1. Cascades trophiques

Les cascades trophiques sont les effets indirects des prélevements de la péche sur le réseau trophique. lls
sont décrits comme des interactions de prédation, impliquant trois ou plusieurs niveaux trophiques : la
suppression des prédateurs carnivores importants entraine une augmentation d'herbivores et, par
conséquent, une diminution des producteurs primaires (Menge, 1995). En Méditerranée, en milieu rocheux
, la surpéche de sars (Diplodus spp.), les prédateurs d'oursins les plus efficaces, a provoqué une
augmentation de Il'abondance des oursins de mer (Paracentrotus lividus), qui a alors entrainé un
surpaturage des formations de macroalgues érigées. Dans ces zones de surpaturage ou les oursins
atteignent des densités élevées, les assemblages initiaux de macroalgues, complexes et diversifiés,
laissent place a des peuplements simplifiés, pauvres en espéces (Sala et al.1998, Guidetti 2007).

Dessins extraits de la vidéo de sensibilisation "Le Livre des aires marines protégées, Prato et Gianni
2015», projet MMMPA (voir chapitre Sensibilisation et Communication)




1.2 Récupération des prédateurs de haut niveau trophique dans les aires marines
protégées de Méditerranée et les défis relatifs a la gestion

Au siécle dernier, la Méditerranée a été soumise a une augmentation exponentielle de la
péche commerciale et au développement cbtier, provoquant la surexploitation de la
plupart de ses stocks de poissons et I'effondrement de beaucoup d'entre eux (Colloca et
al. 2013). La surpéche a fortement modifié les réseaux trophiques méditerranéens, qui
sont aujourd'hui largement dépourvus de prédateurs de niveaux trophiques élevés, avec
des poissons de taille moyenne comme les sars (Diplodus spp.) qui contrdlent
I'écosysteéme (encadré 1) (Sala 2004). L’observation des changements dramatiques de
I'écosystéme dans certaines régions de la Méditerranée, causés par des changements
dans I'abondance des prédateurs de petite et moyenne tailles, a incité des réflexions sur
les changements survenus au sein des réseaux trophiques au cours de I'histoire avec la
disparition progressive des HTLP et fait se demander si la restauration de leur
abondance ancienne est possible (Sala 2004).

La surpéche et I'épuisement des HTLP a également affecté la péche artisanale aux petits
métiers, une activité millénaire, qui a été représentée dans l'art antique comme capable
d'attraper des poissons presque de la taille d'un homme dans les eaux de surface
(Guidetti & Micheli 2011).

Pour faire face a cette situation, les aires marines protégées (AMP) se sont rapidement
développées en Méditerranée, largement acceptées comme outils efficaces contribuant a
une stratégie de gestion efficace des écosystémes (Lubchenco et al., 2003). Les AMP
ont en effet été établies non seulement comme un outil pour conserver et restaurer la
biodiversité, mais aussi pour "assurer la conservation a long terme des services
ecosystémiques et des valeurs culturelles associés" (Dudley et al., 2008), cherchant ainsi
un équilibre entre la protection de la biodiversité et la poursuite de I'exploitation humaine
(Abdulla et al., 2008). Plusieurs études a grande échelle et des synthéses mondiales ont
montré que les AMP ont permis d’augmenter la densité et la biomasse des espéces les
plus couramment exploitées, révélant les trajectoires initiales de rétablissement de
I'écosysteme (Halpern et Warner 2002, Lester et al., 2009). Lorsqu'elles sont
correctement gérées, les AMP méditerranéennes ont également permis d’aboutir a
niveaux remarquables de biomasse de poissons en comparaison avec les zones
exploitées, soulignant ainsi le fort potentiel de récupération des eécosystémes
méditerranéens (Sala et al. 2012, Guidetti et al. 2014).

Cependant, des observations a long terme de certaines AMP anciennes ont montré que

I'abondance des HTLP continue d'augmenter, traduisant alors la nécessité d'une
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protection a long terme avant que la capacité de charge de I'écosystéme ne soit atteinte
(Micheli et al. 2004, Babcock et al. 2010, Garcia Rubies et al., 2013). Des délais
importants sont aussi nécessaires avant d'observer les changements indirects provoqués
par la récupération des HTLP (Micheli et al., 2005), alors que la plupart des réserves de
Méditerranée sont jeunes (créées il y a quelques décennies, tout au plus). Des stratégies
de gestion a long terme sont donc nécessaires pour apprécier le degré d'évolution des
AMP, mais elles font souvent défaut en Méditerranée (Garcia Rubis et al. 2013).

En outre, la gestion des AMP ne devrait pas se contenter de la surveillance d'un sous-
ensemble d'espéces méme d'importance écologique reconnue mais doit tenir compte de
la complexité des réseaux trophiques qu'elles hébergent. Comprendre les interactions
trophiques est essentiel, d'une part pour évaluer la récupération de la structure et des
fonctions des écosystémes (Libralato et al., 2010) et, d'autre part, pour comprendre et
atténuer les influences que les usages multiples pourraient avoir sur les réseaux
trophiques, permettant ainsi d'anticiper ou de traiter les changements de I'écosystéme
(Sala 2004, Plagany et al. 2014, Fulton et al. 2015).

1.3 Objectifs et approches de la thése

Les considérations ci-dessus ont été développées dans la premiére publication issue de
ce travail de thése et sont présentées dans le deuxieme chapitre du manuscrit (Prato G,
Guidetti P, Bartolini F, Mangialajo L, Francour P (2013) The importance of high-level
predators in marine protected area management: Consequences of their decline and
their potential recovery in the Mediterranean context. Advances in Oceanography and
Limnology 4:176-193). Le travail s'appuie sur une revue de la littérature et cherche a

répondre aux questions suivantes :

e Est-ce qu’il y a actuellement une récupération des prédateurs de haut niveau

trophique dans les aires marines protégées ?

e Quelles sont les conséquences indirectes de cette reprise sur les réseaux

trophiques ?

e Est-ce que les niveaux croissants de ces prédateurs sont un signal de

I'amélioration de la santé des écosystéemes ?
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Aborder ces questions était nécessaire afin d'introduire les questions principales qui ont
motivé cette thése : si le réle fondamental des prédateurs de haut niveau trophique dans
la structuration des communautés marines et des réseaux trophiques est finalement
reconnu, ainsi que leur importance clé dans la récupération de I'écosystéme, il faut alors

se demander, dans un contexte de gestion efficace des AMP, comment il est possible de

s Q1. quantifier efficacement la récupération des prédateurs de haut niveau

trophique ?

« Q2. comprendre et suivre les interactions trophiques ?

% Q3. quantifier les impacts de la péche sur les HTLP et les réseaux trophiques

associés ?

Une gestion efficace des écosystéemes méditerranéens nécessite de combiner deux
disciplines souvent éloignées : I'écologie de terrain et la modélisation (Pelletier et al.,
2008). Nous avons ainsi couplé ces deux approches afin de répondre aux questions ci-
dessus et, finalement, fournir des outils efficaces et utiles pour la gestion des aires

marines protégées.

Les comptages visuels en plongée sous-marine (UVC) sont a ce jour la seule approche
non destructive possible de suivi des peuplements de poissons dans les aires marines
protégées. Un objectif difficile a la fois pour la recherche et la gestion est le
développement et la mise en ceuvre de méthodes cohérentes a I'échelle de la
Méditerranée, pour évaluer I'abondance de I'ensemble du peuplement de poissons. Ces
méthodes doivent prendre en considération les différences de mobilité et de
comportement des poissons, allant des petites espéces crypto-benthiques aux grandes
especes de poissons prédateurs trés mobiles. Cela est essentiel pour mesurer des
valeurs relatives fiables de 'augmentation de prédateurs de haut niveau trophique et
pour évaluer les modifications de la composition des peuplements de poissons au fil du
temps.

Mais les seules études de terrain ne peuvent pas suffire a déméler la complexité des
interactions des réseaux trophiques, une étape essentielle pour évaluer les effets

indirects de plusieurs impacts humains, qui souvent interagissent (Plaganyi et al. 2014,
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Fulton et al. 2015). Les modéles écosystémiques peuvent contribuer a éclairer ces
questions. lls sont de plus en plus reconnus comme des outils nécessaires pour
appliquer l'approche écosystémique aaa gestion de la péche (Espinoza-Tenorio et al.
2012) et ils sont de plus en plus utilisés a des fins de conservation pour concevoir et
évaluer de maniére holistique la performance d’aires marines protégées (Fulton et al.,
2015). La modélisation du réseau trophique en particulier est un outil utile pour
comprendre les interactions trophiques, identifier les espéces clés, décrire les
caractéristiques structurelles de I'écosysteme, en tirer des indices de maturité et de
complexité de I'écosystéme et pour évaluer les conséquences de plusieurs impacts
humains sur le réseau trophique (Christensen et Walters 2004, Libralato et al. 2010,
Heymans et al. 2014, Valls et al. 2015). L'approche de modélisation tropho-dynamique
Ecopath avec Ecosim (Christensen et Pauly 1992, Christensen et Walters 2004), et plus
récemment EcoTroph (Gascuel et al. 2009, 2011) a été utilisée plus de 400 fois a travers
le monde (Colléter et al. 2015), en abordant une multitude de questions liées a la fois a la
gestion des péches et a la conservation. Cependant, Ecopath n'est pas encore reconnu
comme un outil possible de gestion des petites zones cétiéres et les applications de tels
modeéles dans les AMP sont encore peu nombreuses, notamment en Méditerranée (Coll
& Libralato 2012). Cette rareté est en grande partie due a la grande quantité de données
nécessaires pour obtenir des modéles fiables et aux incertitudes associées a la précision
des données. Les questions de la disponibilité et de la qualité des données sont
particulierement accentuéers dans ce bassin naturellement et géopolitiquement trés
hétérogéne (Katsanevakis et al. 2015). Cependant, si des modéles écosystémiques
fiables pouvaient étre construits d'une maniéere efficace, ils pourraient fournir des

informations utiles pour la recherche et la gestion des AMP.

1.4 Structure du manuscrit

Afin de relever les défis mentionnés ci-dessus et répondre aux questions posées, nous
avons adopté une approche intégrative, combinant des synthéses de la littérature, des
études de terrain (Section 1) et des exercices de modélisation théoriques et appliqués

(Section 2) a travers les chapitres suivants :
% Une revue de la littérature : pour évaluer I'état de l'art sur l'importance des

prédateurs de haut niveau trophique pour la gestion des aires marines protégées.
(Chapitre 2)
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Une synthése de la littérature semi-quantitative, intégrée a un travail de terrain :
pour identifier la méthode UVC la plus appropriée et rentable de quantification de

I'ensemble du peuplement de poissons. (Question 1, chapitre 3)

Une étude de terrain : pour i) comparer I'efficacité de deux largeurs de transects
UVC dans I'étude des grands prédateurs mobiles (question 1) et ii) combiner trois
largeurs de transects pour évaluer l'ensemble du peuplement de poissons
(Question 2 et 3, chapitre 4)

Un exercice de modélisation théorique : pour identifier une structure de modeéle
Ecopath optimal permettant un compromis entre la faisabilité de la collecte de
données, la complexité du modéle et l'incertitude des résultats. (Question 2,

chapitre 5)

Un exercice de modélisation appliquée fondé sur l'intégration des données locales
disponibles : pour évaluer les impacts et les conflits de la péche artisanale et de
loisir sur le réseau trophique d'une AMP en Meéditerranée nord-occidentale.
(Question 2 et 3, chapitre 6)

Un exercice de modélisation appliquée, sur la base de la collecte de nouvelles
données sur le terrain : pour i) décrire les interactions trophiques et identifier les
espéces clés a surveiller dans une AMP pauvre en données ii) évaluer les colts
de construction d'un modeéle trophique standard dans une AMP pauvre en
données, en suivant les lignes directrices développées dans le chapitre 5 pour la

structure du modeéle et la collecte de données. (Question 2, chapitre 7)

Les résultats de cette thése sont synthétisés et discutés dans le chapitre 8 et quelques

perspectives sur les applications possibles en terme de gestion des aires marines

protégées et sur les développements a venir possibles en recherche sont présentées.
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High-level predators have been depleted in the oceans worldwide following centuries
of selective fishing. There is widespread evidence that high-level predators’ extirpa-
tion may trigger trophic cascades leading to the degradation of marine ecosystems.
Restoration of large carnivores to former levels of abundance might lead to ecosystem
recovery, but very few pristine ecosystems are left as baselines for comparison.

Marine protected areas (MPAs) can trigger initial rapid increases of high-level
predator abundance and biomass. Nevertheless, long term protection is needed before
the ecosystem’s carrying capacity for large carnivores is approached and indirect
effects on lower trophic levels are observed.

The Mediterranean is probably very far from its pristine condition, due to a long
history of fishing. Today small to medium-sized consumers (e.g. sea breams) are the
most abundant predators shaping coastal benthic communities, while historical recon-
structions depict abundant populations of large piscivores and sharks inhabiting
coastal areas. Mediterranean MPAs are following a promising trajectory of ecosystem
recovery, as suggested by a strong gradient of fish biomass increase. Consistent moni-
toring methods to assess relative variations of high-level predators, together with
food-web models aimed at disentangling the indirect effects of their recovery, could
be useful tools to help set up appropriate management strategies of MPAs.

Keywords: high-level predator; top predator; trophic cascades; MPAs; ecosystem
shift; overfishing; baseline; ecosystem recovery

1. Introduction

High-level predators, a category including top predators, are generally large-sized long-
living animals like marine mammals, sharks and large teleosts that occupy the higher tro-
phic levels in the food web. They are commonly characterized by late sexual maturity
and their abundance, at adult stage, is usually not subject to predator control. Together
these characteristics result in low resilience to demographic perturbation and high risk of
extinction, conditions making them highly vulnerable to fishing [1]. In a number of
regions worldwide, their almost complete extirpation from marine ecosystems is a direct
consequence of fishing that has disproportionately targeted them for centuries [2,3].
Today we face a situation where almost no pristine marine ecosystems are left and where
historical information on pre-exploitation abundance of high-level predators is very rare.
In many places, high-level predators have been absent or rare for so long that scientists
and managers have never realized how important they were in the ecosystem. In this con-
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text a clear understanding of their ecological role is limited by the fact that our observa-
tions are restricted to already altered ecosystems, affected by the decline and, in some
cases, disappearance of top predators. Historical data from coastal ecosystems are more
abundant and suggest that losses of large predatory fish and mammals were especially
pronounced here and led to marked changes in coastal ecosystems structure and function
[2]. In fact, the fauna of predators we have today in many coastal ecosystems is a ‘ghost’
[4] of what it was before human impacts. Such ecosystems nowadays are often controlled
by medium-sized predators, although larger carnivores originally preying upon them
likely controlled the trophic web in the past [5]. In terrestrial ecosystems, medium-sized
predators have sometimes replaced top predators: i.e. coyotes are mesopredators where
wolves have been reintroduced, while they have ascended to the role of apex predators
where larger predators have been extirpated [6—8]. Due to this possible shift between mes-
opredators and apex predators, we will here use the term ‘top predator’ to qualify the
highest level trophic category of predators.

Management of marine ecosystems should consider how they looked in the presence
of top predators to be able to set meaningful conservation targets. The Mediterranean is
an especially interesting area in this context. This sea has a history of thousands of years
of exploitation. In fact, the first evidence of fishing in the shallow Mediterranean comes
from prehistory, with the Mediterranean dusky grouper being among the target fishes
fished for more than 10,000 years and the blue fin tuna, being an important part of Medi-
terranean culture for 12,000 years, for millennia exploited by many coastal artisanal fish-
eries [9]. Apparently first local fish depletions started during Roman times [10], due to
rising human population and food demand. During medieval times, strong human popula-
tion growth resulted in the depletion of fisheries in coastal waters [11]. In the late nine-
teenth century fishing capacity grew exponentially and in the twentieth century it
expanded offshore and to deeper waters. Today most, if not all, of Mediterranean impor-
tant stocks are overexploited and this sea is very far from the pristine condition depicted
in antiquity.

Here we will analyse the reasons that stand for the largely accepted hypothesis
that high-level predators have an important ecological role in shaping marine communi-
ties, as shown by empirical observations on the far reaching impacts caused by
their depletion, which is especially heavy in coastal ecosystems. Subsequently, we will
review the effects of Marine protected areas (MPAs) implementation, in terms of high-
level predator recovery and their impact on food webs. We will specifically focus on
the Mediterranean region, signed by the previous extinction of many top predators and
by a general lack of historical data. As a conclusion we will try to answer the following
questions: are high-level predators currently recovering in marine protected areas?
What are the indirect consequences of such a recovery? Are increasing levels of
these predators a good signal of increasing ecosystem health? We will finally suggest
possible ways to overcome the general lack of data and knowledge on high-level
predators.

2. The importance of high-level predators
2.1 Trophic cascades and pristine ecosystems

In a seminal paper published in 1960, Hairston, Smith and Slobodkin proposed that preda-
tors have the potential to maintain global plant biomass by limiting the densities of herbi-
vores (‘The world is green’ hypothesis) [12]. For the first time, it was stated that



Downloaded by [Giulia Prato] at 08:19 21 November 2013

178 G. Prato et al.

predators at the upper trophic levels might control the abundance of consumers and pri-
mary producers at lower trophic levels.

Following the ‘The world is green’ revolution, the idea that ecosystems might be
shaped by apex predators stimulated several avenues of research.

In 1966 Paine stated the hypothesis that ‘local species diversity is directly related to
the efficiency with which predators prevent the monopolization of the major environmen-
tal requisites of one species’. Paine experimentally demonstrated that the removal of the
apex sea star predator Pisaster ochraceus from the rocky intertidal (Pacific Coast of North
America) resulted in a pronounced decrease in diversity, with local extinctions of certain
benthic invertebrates and algae due to outcompetition from more efficient space occupiers
(mussels) [13]. This was one of the first experimental evidences about the role of a key-
stone predator and showed that in communities controlled by the natural predation of a
top predator, the sea star, prey abundances were controlled and local diversity was higher.

The strength of carnivore effects generally depends on the strength of the link
between the predator and its prey [14] and often relates to the predator’s body size [15].
In a system of strongly interacting links, large top predators frequently initiate the top-
down control leading to indirect effects on food webs (i.e. trophic cascades) [16].

Clearly, experimental demonstration is logistically impractical for large animals.
What we observe today in marine systems is a situation of generalized absence of large
top predators, which have long been reduced or extirpated from much of the world
[2,17,18] and whose depletion has triggered trophic cascades that sometimes led to dra-
matic ecosystem shifts. Trophic cascades are generally a signature of the vast and grow-
ing human impact on natural systems and since the 1960s they have been demonstrated in
a wide variety of systems, as witnessed by the number of reviews written on the subject
[18-22].

A review from the end of the 1990s [19] provided evidence that trophic cascades were
no longer limited to sole simple systems like lakes, streams and intertidal zones, as previ-
ously reported [23]. Discoveries of trophic cascades were reported from previously unex-
pected systems, such as the open ocean, tropical forests, fields, and soils. The amplitude
of such phenomenon was assessed in several benthic marine ecosystems [20], showing
that trophic cascades range from Mediterranean rocky sublittoral, kelp forests and rocky
subtidal to coral reefs, rocky intertidal and soft bottoms. A comparison of six different
ecosystems, demonstrated that trophic cascades were strongest in lentic and marine ben-
thos and weakest in marine plankton and terrestrial food webs [21]. Evidence of oceanic
top-down control from large high trophic level piscivores was also found [22]. Substantial
marine mammal, sharks and large piscivorous fish depletions led to mesopredator and
invertebrate predator increases and in some cases to trophic cascades negatively impact-
ing commercial species. A more recent empirical study on top predators [18] revealed the
unanticipated impacts of trophic cascades on processes as diverse as the dynamics of dis-
ease, wildfire, carbon sequestration, invasive species, and biogeochemical cycles defining
the loss of these animals as humankind’s most pervasive influence on nature.

When fishery data or ecologists’ observations are available from a time when top
predators were still present, the far reaching impacts of high-level marine carnivore
depletion on the ecosystem appear clear.

One of the most well studied examples of such phenomena comes from the Aleutian
Islands, where variations in sea otter abundances due to overfishing and subsequent pro-
tection have been responsible for dramatic variations of sea urchin population density.
These changes have determined the alternation between the natural kelp forest systems
and the impoverished condition of overgrazed rocky reefs. Moreover, diet switching of
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killer whales in this area and subsequent increased predation on sea otters has demised sea
urchins from otter predation ultimately causing the destruction of kelp forests [24,25].

The depletion of cod (Gadus morhua) followed by the shifting of the fishery to lower
trophic levels (fishing down the food web [26]) caused a transition towards a kelp forests
ecosystem that superficially looked like its initial state, but de facto was very different
[5]. The ecological extinction of cod in Canadian coastal zones led to dramatic increases
in sea urchin populations, which overgrazed kelp forests leaving widespread barrens [27].
The subsequent shift of the fisheries towards sea urchins allowed kelp forests to recover
[28]. The combination of abundant kelp without high-level predators was ideal for a pop-
ulation increase of the predatory crab Cancer borealis [29]. Today this mesopredator
crab is the dominant species of the ecosystem and is only limited by the availability of
nursery habitats (bottom-up control), as opposed to predation on adults (top-down
control) [5].

Sharks are one of the largest predators in the oceans, generally foraging on large
areas. Today they are still subject to catch and mortality rates that are far exceeding
the estimated rebound rates for many populations, causing their worldwide decline and
the consequently relevant ecological consequences [30,31]. In some cases (New England,
South Africa) the dramatic depletion of large sharks has resulted in the proliferation of
smaller elasmobranchs, of which large sharks were the sole predators, and the decline of
bony fish at lower levels in the food web [22].

The diversity of species within each trophic level is a type of insurance against the
disruption of the ecological functions that species assemblages perform [32]. A long his-
tory of fishing down the food web has left Caribbean coral reefs with low species diver-
sity and few functional players at each trophic level (low functional redundancy) [21].
Predators such as sharks, large groupers and snappers have been extirpated from many
reefs and many herbivorous fish have been removed by selective fishing. Thanks to the
reduction in population density and the size of its predators and competitors, the sea
urchin Diadema antillarum was left as the primary herbivore in this system. The very
high abundance of Diadema favoured the explosion of a disease that induced mass mor-
tality of urchins in the 1980s, with resulting uncontrolled macroalgal growth and over-
competition on hard corals. This was one of the world’s most rapid and widespread shifts
in community state ever documented [5,33]. This shift was probably possible because of
the historical overfishing and consequently reduced low functional redundancy of
Caribbean reef communities, a condition that negatively affected the resilience of this
ecosystem to catastrophic and unpredictable events [34,35].

In many areas only medium—upper trophic level predators are left to control the eco-
system, since their original predators have long been depleted. These are today the main
fishing target and are subject to strong fishing pressures. In Kenyan coral reefs, the main
keystone species we can identify today is the triggerfish (Balistapus undulates), the single
most important predator of sea urchins. Where this fish is overfished, sea urchin densities
largely increase and turf filamentous algae overgrow corals bioeroded by the sea urchins’
grazing activity. Sea urchins can outcompete important grazer fish such as parrotfishes
and hard corals cover decreases sharply [36—39].

Deleterious effects of sea urchin predator depletion have been observed also in the
Canary Islands, where it has been demonstrated that losses in the diversity of predatory
fish species lead to a loss of functional roles and cascading effects that constrain ecosys-
tem processes, leading to the spread of barren grounds [40].

Although the last mentioned species are not top predators, examples of their effects on
the ecosystem need to be mentioned in order to imagine the role that previously abundant
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and larger top predators probably had. In fact, if removing a few species of small scale
fishes can change the underwater landscape so dramatically, it is unavoidable to ask one-
self what were the consequences of removing large predators from such ecosystems [41]
and how these looked in their presence.

There are very few examples left in the world of pristine ecosystems but their obser-
vation has provided fundamental information on the shape of an ecosystem in the pres-
ence of top predators.

The observation of Shark Bay, Australia, a remote subtropical location characterized
by healthy sea grass communities and large population sizes of many large-bodied taxa
[42], released important information on the role of tiger sharks as top predators. It was
demonstrated that tiger sharks have widespread risk effects on both large-bodied herbi-
vores and mesopredators (sea turtles, dolphins, dugongs, pied cormorants). Behaviour-
mediated cascades leading to effects on the micro-habitats of the area have been sup-
posed. In fact risk-induced heavy grazing by large herbivores led to reduced seagrass
quality in habitats of lower incidence of tiger sharks, and increased quality in areas of
higher shark abundance.

Recent studies revealed the structure of two pristine ecosystems, the Palmyra and
Kingman atolls in the Line Islands (central Pacific) and the North Western Hawaiian
Islands [43—46]. At both locations large high-level predators (specifically large piscivo-
rous snappers, groupers, carangids and sharks) account for 55% to 85% of total fish bio-
mass, with sharks accounting for 57% and 74% of total piscivore biomass in the Line
Islands. Despite enhanced predation, high biomass of herbivores is also supported by the
coral reefs, together with higher coral cover when compared to nearby fished islands of
the same archipelago [46].

The Palmyra and Kingman atolls and the North Western Hawaiian Islands ecosystems
have been described as characterized by an inverted trophic pyramid with most fish bio-
mass at top levels, a structure that, due to historical overfishing of our oceans, had never
been observed before by ecologists. Even if the existence of inverted pyramids has
recently been questioned due to size-based constraints [47], it is undeniable that these
pristine ecosystems set new baselines for evaluating present and historical human impacts
and provide new targets for MPA conservation efforts.

2.2 High-level predators in the Mediterranean: historical
reconstruction and degradation

The actual state of the Mediterranean is characterized by a paucity of high-level preda-
tor species both in richness and abundance and with medium-sized fish like sea breams
left alone to control ecosystem shape. In fact the Mediterranean harbours a classical
example of a trophic cascade controlled by a medium-sized fish [48]. Here the rocky
sublittoral is characterized by the shift between a developed community with high fish
and macroalgal biomass (e.g. Cystoseira forests, the Mediterranean ‘kelp’) and an over-
grazed community with high abundance of sea urchins and low algal biomass (e.g.
encrusting coralline algae and barren grounds). It has been largely demonstrated that
overfishing of sea breams (Diplodus spp.), the most effective sea urchin predators in
the Mediterranean, led in many areas to large increases in sea urchin population densi-
ties with consequent algal overgrazing and shift to low diversity coralline barrens
[49,50].

Our understanding of Mediterranean food webs is actually based on a mix of unnatu-
ral, simplified communities, dominated by small species, where megafauna has been
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virtually eliminated by overfishing. [2,17,41]. This impoverished state is supposedly very
far from the pristine conditions.

In fact, the Mediterranean has not been pristine since long before the onset of indus-
trial fishing, but it is signed by a millenary history of exploitation, thus it is very difficult
to evaluate the current state of this sea. Historical reconstructions have proved to be a use-
ful strategy to fill this gap for many ecosystems, as already reviewed by several authors
[51,52], but they are still scarce in the Mediterranean.

Archaeozoological reconstructions based on the study of fish bone remains (i.e. oste-
ometry) allowed investigation of the history of fishing in times preceding the advent of
writing. The data have revealed how Mediterranean shallow waters were once dominated
by large sized piscivores which attained much bigger sizes than nowadays [53]. Desse
and Desse-Berset proposed that these observations allow us to chronologically set the
beginning of overexploitation [53].

The analysis of a large amount of fish bones recovered from a Neolithic coastal site of
Cap Andréas Kastros, Cyprus, revealed evidences of early exploitation of pristine popula-
tions. Here selective fishing conducted from the coast was directed to large specimens of
tunas and groupers [54]. Similarly, other Neolithic coastal Mediterranean sites revealed
large specimens, attaining sizes that are not comparable with the mediocre dimensions of
fish captured by fishermen today [53]. Fish remains from a Spanish cave revealed how
fish fauna diversity and size decreased over the last 12,000 years [55]. Osteometry studies
also revealed the presence of almost locally extinct species, such as the sturgeon (Aci-
penser sturio), and some elasmobranch species that appear to have been very abundant in
coastal waters, contrary to the current situation.

Until the end of the Mesolithic and during Neolithic eras the groupers were very
abundant in the coastal systems between the 35 and 40™ parallel, accounting for 30—
80% of the examined bony remains. Sites in Spain, Tunisia, Corse, Cyprus, Sicily and
other Italian sites revealed the presence of healthy populations of Epinephelus spp., with
all size ranges represented [56].

Anecdotal research has also led to very interesting discoveries on this topic. A survey
of ancient Greek, Etruscan and Roman mosaics and paintings depicted large groupers
often reaching the size of a man, being caught at the water surface by fishermen using
poles or harpoons from boats, a technique that would yield no grouper catch today [57].
As illustrated in ancient frescoes many Mediterranean top predators (e.g. dolphinfish
Coryphaena hippurus) may have been all actively fished in antiquity [S1].

An especially striking implication of these studies is that not only in ancient times
much larger individuals were commonly fished, but that their abundance in coastal waters
was high, allowing humans to fish them directly from land [57] or from little boats [57].
Current groupers’ bathymetric distribution shows well how populations actively respond
to human exploitations. Largest individuals of this species indeed find refuge at depths
that exceed the diving limit of most of the recreational spearfishermen [53,58,59].

A recent study coupling historical reconstruction and modelling delivered a detailed
account of successive waves of fish depletions in the Adriatic sea and shows well the tra-
jectory of degradation undergone by the Mediterranean ecosystem [10]. Marine mammals
at the top of the food web were largely common in antiquity and have been depleted or
are very rare today. The common dolphin (Delphinus delphis), bottlenose dolphins and
the monk seal were hunted in classical Greek, Roman and medieval times and are today
ecologically extinct in almost all the Mediterranean Sea.

Predilection for tuna, sharks, rays, sturgeons, common bass, sea bream and hake on
Roman and Greek tables led to a large increase in their exploitation. Bluefin tuna fishery
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was coastal, subsistence and small scale for millennia. Industrial overexploitation proba-
bly started around 1950 with open water purse seining substituting coastal trap fisheries.
Today the Atlantic-Mediterranean bluefin tuna stock is considered overfished. Similar
fate touched the swordfish and the demersal high-level predator Merluccius merluccius.
Common dentex (Dentex dentex) and common Pandora (Pagellus erythrinus) are today
considered depleted and the dusky grouper (Epinephelus marginatus) may be locally
extinct [10]. Lotze’s results show that large predators and consumers >1 m in length
were reduced to 11% of former abundance, a far more drastic reduction than smaller mac-
rofauna (47%), especially in the last century.

As a result, a process of trophic downgrading [18] was observed in the Adriatic [10],
with diversity shifting towards smaller, lower trophic level species. Increased exploitation
and functional extinctions have altered and largely simplified food webs by changing the
proportions of top predators, intermediate consumers and basal species.

Sharks, rays and chimaeras, are by far the most endangered group of marine fish in the
Mediterranean Sea, with 31 species (40% of all) critically endangered, endangered or vul-
nerable [60]. Another detailed historical reconstruction concerned large predatory sharks
in the Northwestern Mediterranean Sea, using a diverse set of historical records dating
back to the early nineteenth and twentieth centuries [61]. Records from the 1920s—1930s
showed that the Mediterranean Sea sustained abundant populations of large sharks, regu-
larly targeted by many coastal fisheries. The analysed species, mackerel sharks (1. oxyrin-
chus and Lamna nasus), requiem shark (Prionace glauca), hammerhead shark (Sphyrna
zygaena), and thresher shark (4lopias vulpinus), showed rates of decline up to 99.99%,
levels at which they can be considered functionally extinct in coastal and pelagic waters
of the Northwestern Mediterranean Sea. Trends of biomass data also showed a significant
reduction in mean size over time, which is the lowest in the world [62].

In addition to large predatory sharks and bony fishes, other top predators like ceta-
ceans and the monk seal underwent extreme declines due to a variety of human impacts
[63,64].

A concluding remark could be that wherever high-level predators have been extir-
pated, ecosystems have consequently become degraded and simplified [65]. It is then
plausible to assume that a return of high-level carnivores to a system will allow degraded
systems to recover [16]. A tempting question is whether conservation of these predators
could restore biodiversity and ecological functioning [16]. The science of marine reserves
can give insights on this potential.

3. Recovery of high-level predators and biodiversity within
marine protected areas

3.1 Data from the world

Several studies have demonstrated that marine reserves are an effective tool for the recov-
ery of large piscivorous fish and upper trophic levels (direct effects), but have also shown a
large variability of effects in terms of triggered trophic cascades (indirect effects). In fact,
while in some temperate ecosystems it was possible to demonstrate that recovery of high-
level predators (sea otters, snappers, spiny lobster, sea bream) can lead to the re-establish-
ment of lost trophic interactions (e.g. sea urchins and macroalgae) [66,67], in more diverse
ecosystems like coral reefs a more variable response is observed, depending on conditions
such as duration of protection, taxonomic resolution of the study (species or functional
group) and possible compensation effects due to functional redundancy [67-76].
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Recent meta-analytical studies give a useful global overview of marine reserve pro-
tection effects in terms of recovery of upper trophic levels and trophic changes.

A global meta-analysis based on data from 124 reserves demonstrated that protection
yielded significant average increases of density, biomass, average organism size and spe-
cies richness of the communities within reserves [77]. Differential responses were
observed among taxonomic groups, with large fish and invertebrates targeted by fishing
showing significant increases in density and biomass overall, while algal cover increased
in temperate reserves and decreased in tropical reefs, due to the recovery of exploited
large herbivores.

Through the analysis of long term time series of ecological data in and out of marine
reserves from several regions, it was demonstrated that positive effects on target preda-
tory fish and lobsters occurred rapidly after reserve establishment but continued to
increase, in some cases up to 25-40 years after protection (respectively Serranide and
Lutjaniae in the Apo islands and triggerfish in Kenyan reserves) [78]. This analysis
showed that the ecosystems were still generally far away from their carrying capacity in
terms of high-level predators. Large herbivorous fish showed decadal increases in abun-
dance too. Indirect effects through trophic cascades were common especially in terms of
sea urchin reductions, but showed conspicuous time lags (average 13 years after protec-
tion) with respect to direct effects, probably due to behavioural mechanisms of predation
risk reduction [78].

Similar conclusions on the magnitude and timing of protection effects were drawn
from a meta-analysis of data from several temperate and tropical locations [79]. The
authors observed clear trophic changes in protected ecosystems due to a time lasting
build-up of biomass and abundance of upper trophic levels. Indirect negative effects were
also evident for low mobility, small sized, and non-target fish species.

Other meta-analytical studies revealed that commercial species including many top
predatory fish were observed to increase in density in many southern Europe MPAs
[80,81]. Response of commercial exploited fishes to protection depended on species max-
imum body size, with large species showing the strongest increase in MPAs. Moreover
the response of large species increased with time of protection. Commercial exploited
fish with a benthic habitat responded positively to protection, while exploited fish with a
bentho-pelagic habitat did not show a demonstrable response to protection. For non-
commercial unexploited fish with a benthic habitat, densities were higher inside the
reserve, probably because positive effects in habitat changes were more important than
possible negative trophic cascade effects [80,81]. On the other hand, densities were higher
outside the reserve for bentho-pelagic non-exploited species, suggesting possible trophic
cascade effects due to predator increases.

A crucial question is whether MPAs are able to protect and restore species performing
key ecological functions, but remarkably few studies have evaluated functional recovery
after habitat degradation [82]. An interesting study in this regard reported that recovery
of species richness and diversity in marine reserves coincided with increases in functional
richness and diversity of fish assemblages [83]. Species recovery in reserves resulted in
increased representation across different functional categories, particularly key groups
like large carnivores and herbivores.

Thus reserves reveal initial trajectories towards recovery, but if compared with the
few studied pristine ecosystems, it appears clear that the levels of piscivore biomass
observed in recent marine reserves across the world are well below what the ecosystems
could sustain. Moreover, for indirect changes to occur in marine reserves an absolute
increase in abundance, mean size or biomass of target species, i.e. a restoration or build
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up to some (unknown) former level, is necessary [78,84]. Management of marine reserves
should thus acknowledge that the potential for recovery of ecosystem functioning through
protection is high, but will likely require long time frames [76,78,84]. In this context
long-term monitoring is necessary and needs to be carried out for long enough lapses of
time to have the chance to detect indirect effects. Special attention should be paid to var-
iations in high-level predator biomass, a variable that can yield useful information on the
state of recovery of a system following protection.

3.2 Mediterranean marine protected areas

Mediterranean MPAs, when well enforced [85], have shown to be very effective in lead-
ing to increases in the biomass and diversity of large piscivorous and invertebrate feeding
fish, especially for serranids, sciaenids, sparids, and the larger labrids [50,58,84, 86-96],
as also reviewed in [97].

Due to Mediterranean food web complexity the indirect effects of predator recovery
are often masked by many factors, such as local conditions of oceanography, habitat
topography and complexity (presence of refuges for prey species) and intensity of fishing
outside the reserve. As in the rest of world, moreover, indirect effects can occur with con-
siderable time lags with respect to direct effects [98].

Variable results have been drawn from the observation of indirect protection effects.
In the Scandola Marine Reserve lower abundance and species richness of macrozooben-
thos were observed [99] where predators attained higher abundance compared to nearby
unprotected sites [88]. At the Ustica Marine Reserve, increases in piscivores (groupers)
coincided with a decrease of small size microcarnivorous fish [58,100] and a seasonal
increase of abundance and species richness of polychaetes and gasteropods [101,102].
Even with regard to the strong trophic interaction sea breams — sea urchin — algae [82],
somewhat contradictory results have resulted on the potential for recovery of algal beds
in MPAs through sea bream protection [49,92,98]. In fact, densities of fish need to reach
a critical threshold in order to reduce sea urchins and drive the transition [50]. It has been
demonstrated that when a protected area has the proper physical and biological character-
istics (appropriate habitat for sea breams, as well as dimension and duration of protection
encompassing their mobility and life cycle) to trigger changes at population and/or com-
munity levels, it allows the recovery of the predatory sea bream population, and the re-
establishment of predatory control upon sea urchins, as happened in the Torre Guaceto
MPA [92]. In the protected zone of Torre Guaceto, moreover, coralline barrens were less
extended whereas turf forming and erect-branched algae showed an opposite pattern.

Due to the absence of pristine sites left in the Mediterranean and the few quantitative
historical data to set a baseline against which to compare the health of current ecosystems
and set precise conservation targets, comparisons among marine protected areas of differ-
ent age, or between MPAs and fished sites (space for time substitutions) have shown to
be useful in setting some reference points.

A recent large-scale study covering several MPAs and fished sites across the Mediter-
ranean revealed a trajectory of degradation and recovery, with high-level predator bio-
mass being significantly larger at protected than at non protected sites [96]. A gradient of
31-fold range increase in fish biomass was observed, reaching a maximum of 115-fold.
This is the largest fish biomass gradient ever reported for reef fish assemblages and is
probably indicative of the large impact of historical and current fishing pressure in the
Mediterranean [96]. Continuous increase of high-level predators (particularly groupers)
at the Medes islands, where they reached 49% of fish biomass after 27 years of
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protection, show that the potential for recovery in Mediterranean MPAs is comparable to
other parts of the world and that aiming at achieving fish biomass values similar to those
observed in the pristine tropical systems is possible. The authors finally suggest how the
marine reserves with highest fish biomass are a useful current baseline against which
managers can compare recovery trends for fish assemblages in rocky habitats across the
Mediterranean. No clear pattern in the structure of benthic community was associated
with the gradient on fish biomass, but three alternative community states were revealed in
the trajectory of recovery: large fish biomass and reef dominated by non-canopy algae,
lower fish biomass but abundant algal canopies and suspension feeders, and low fish bio-
mass and extensive barrens.

The functional approach is still rare in the Mediterranean. Spanish marine pro-
tected areas were shown to support higher functional diversity than adjacent
unprotected sites, due to a difference in the trophic structure rather than in species
diversity [103]. High-level predators contributed the most to the dissimilarity between
protected and unprotected sites. Coupling a functional approach with food web model-
ling it was also found that protected areas support higher trophic levels and are char-
acterized by more complex food webs than exploited areas [104]. Finally it was
demonstrated that the Lavezzi Islands Reserve significantly protects functional origi-
nality (‘original’ species are species that support unique and essential processes) and
diversity, with the most original species being the large predator Seriola dumerili
[105]. Protection of these species is an insurance against functional diversity erosion
and a prerequisite to sustain coastal goods and services derived from ecosystem
functioning [81,105].

4. Food web modelling in the Mediterranean

The complexity of species interactions in Mediterranean ecosystems together with the
long history of exploitation and the variety and intensity of anthropogenic stressors (fish-
ing, pollution, aquaculture, etc.) that differentially impact them, has prompted the need
for a holistic approach to the comprehension of this ecosystem and the management of its
marine resources. Thus, in the context of an ecosystem-based management of marine
resources [106,107], food web modelling, already largely applied across the world espe-
cially through the software Ecopath with Ecosym [108—110], has gained growing recogni-
tion also in the Mediterranean. As already recently reviewed [110], food web modelling
in the Mediterranean has allowed the unification of a large amount of sparse ecological
information in order to identify keystone species and disentangle species interactions in
different ecosystems, as well as quantify structural and functional ecosystem traits, assess
the impacts of human activities and analyse management options for marine resources.
While the majority of models in the Mediterranean have described fished ecosystems to
assess fishing impact, models applied to marine protected areas are scarce, yet they deliv-
ered interesting results. The management of the Port Cros MPA in France was shown to
be succeeding in protecting top trophic level groups, and the model released interesting
information on dusky grouper export from the MPA [111]. A model built on the Bonifa-
cio Strait natural reserve of Corsica, analysed high-level predator sensitivity to increased
artisanal and recreational fishing effort and examined management options for recrea-
tional fisheries [112]. Ecosystem effects of protection were analysed by comparing the
Miramare Reserve in the Adriatic with an industrially exploited area, revealing higher
mean trophic level of the community, higher food web complexity, and higher fish/inver-
tebrates and pelagic/demersal ratios in the MPA [104].
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A meta-analysis conducted on results from 39 Ecopath models from the Mediterra-
nean allowed the determination of the main keystone species or functional group from
different Mediterranean ecosystems. High-level predators such as marine mammals, sea-
birds and large fishes ranked high in several models and a higher proportion of keystone
groups appeared in non-fished or slightly fished ecosystems with respect to exploited
ecosystems [110].

Trophic modelling coupled with historical data allowed assessment of the structural
degradation of two food webs in the Mediterranean (the North-Central Adriatic and the
South Catalan Sea) from the 1970s to the 1990s, largely consequent to top predator deple-
tion. Clear reductions in the mean and maximum trophic level of the community, decreas-
ing fraction and percentage biomass of top predators, together with reductions in indexes
of food web complexity were a clear sign of the degradation due to the overexploitation
of higher trophic levels and to food web simplification. The Mediterranean resulted more
degraded and less robust to species loss than other non-Mediterranean systems [113].

A previously mentioned study that interestingly analysed palaeontological, archaeo-
logical, fisheries and ecological data through food web modelling, delivered dramatic
results on the historical degradation of the Adriatic ecosystem [10] and through simula-
tions of species losses showed that today’s ecosystems are probably less robust to species
extinctions than in the past.

5. Conclusions

Similarly to what happened in terrestrial ecosystems [16,18], we are nowadays witnessing
the far reaching impacts of high-level predator depletion in marine ecosystems, impacts
that are far more striking when ecological observations are available from a time previous
to predator depletion. In these cases we have seen how extirpation of predators may cause
prominent ecosystem shifts. Kelp forests were replaced by barren grounds in the Aleutian
Islands, and corals were outcompeted by macroalgae on coral reefs, with consequent
reductions in species and functional diversity. Moreover, on long time scales, superfi-
cially less evident but not less dramatic changes occurred in some ecosystems, like the
shift towards the poorly diverse and macroinvertebrate-dominated kelp forests of Canada
coastal zones.

The few pristine ecosystems existing in the world show an ecosystem shape with sur-
prisingly high biomass levels at the top of the trophic pyramid, setting new baselines and
targets for MPA management.

Nevertheless, for many ecosystems, information on their state prior to the beginning
of exploitation does not exist. Most of our knowledge on the state of Mediterranean eco-
systems originates from field studies in the last 30 years [96]. At this time, when the first
marine protected areas were created (Port Cros, 1963; Scandola, 1975; Medes Islands,
1983) the ecosystem structure of the Mediterranean had already been largely affected by
many centuries of exploitation, in some cases dating back to prehistory [56]. Large preda-
tors such as sharks, monk seal and large piscivores that were once very common had
already been actively fished or hunted. As has been shown for other ecosystems in the
world, the communities we observe today in the Mediterranean, with sea breams being
the key benthic predators causing habitat shift, are probably not representative of the past
and of the natural conditions of this ecosystem. In fact, it was suggested that if recent
changes in the abundance of medium-sized predators have caused trophic cascades in
coastal communities leading to ecosystem shifts, it is plausible to hypothesize that the
dramatic changes in the size and abundance of once common large fish must have caused
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significant changes in food web structure over historical periods, as this has been shown
for marine food webs worldwide [2,17].

With this background, a crucial question is unavoidable: how would Mediterranean
marine ecosystems look in the presence of large predators?

We have seen how historical reconstruction of the abundances and sizes of large ani-
mals in the last century is scant in the Mediterranean [61], but may help setting up appro-
priate conservation and fisheries management goals and targets for assessing the recovery
of endangered species, food webs and whole communities [50].

To answer our questions, we have highlighted that marine protected areas across the
world and in the Mediterranean are significantly leading to a slow recovery of high-level
predators, but even the oldest MPAs have not yet reached their carrying capacity. We
have reviewed how these predators can have a major role in strongly shaping communi-
ties and modifying ecosystem functions and that they can be a good indicator of the state
of recovery of an MPA.

We have seen that for highly complex food webs like the Mediterranean ones, it is dif-
ficult to ascertain information on the food web consequences of high-level predator recov-
ery from empirical ecological studies [41]. Food web modelling is largely considered a
very useful tool to unravel trophic interactions, describe ecosystem structural traits, derive
maturity indexes for comparisons [104,109,114] and also assess the potential for recovery
of high-level predators [115], but model applications in marine protected areas are still
few, especially in the Mediterranean. This scarcity is largely due to the large amount of
data needed to get reliable models and the associated uncertainties on data precision. Nev-
ertheless, if reliable ecosystem models could be built in a cost effective way, they could
provide useful information for the research and management of marine protected areas.

If the fundamental role of high-level predators in marine ecosystems is finally
acknowledged [18], as well as their leading position in MPA recovery, their monitoring
should then be a fundamental point in the design and management plan of MPAs.

Nevertheless the pre-existing disturbance of millennia of exploitation undergone by
the Mediterranean Sea, which led to the ecological extinction of large top predators such
as many species of sharks and marine mammals, must be acknowledged by MPA man-
agement, which should define realistic targets of recovery and conservation thereafter.
For some of these wide ranging large animals, recovery is a challenging task, but can be
enhanced by comprehensive MPA networks that in order to be effective, should be built
on sound scientific data and with the help of advanced scientific tools like predictive habi-
tat modelling and spatial mapping, integrated with life history and behavioural data
[116,117]. We have seen that the recovery of high-level predators like large predatory
fish in MPAs is an important and realistic target, but their monitoring is not an easy task.
A challenging objective for both research and management could be the development and
implementation of consistent field monitoring methods to assess the abundance of the
entire fish assemblage, from the smallest cryptobenthic species to the large highly motile
predatory fish. In this way reliable relative values of high-level predator increase could be
obtained. Complementing historical reconstruction, ecosystem modelling and effective
long term monitoring of high-level predators in the field could help us to effectively
assess the recovery of marine coastal ecosystems.
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Section 1. Field monitoring

This section aims at identifying appropriate tecniques to monitor high trophic level

predators abundance and biomass in MPAs and evaluate their recovery relative to the

whole fish assemblage.

Performing transect visual census. Images from Gianni F,Prato G, The book of Marine Protected Areas, MMMPA
outreach video
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3.1 Abstract
Underwater visual census (UVC) is the only non-destructive technique to survey fish

assemblages. Several UVC techniques exist and are used across the world in order to
pursue different objectives. Choosing the most appropriate technique for a given
research and management objective can thus be hampered by the wide range of
choices, and inherent advantages and disadvantages of each method should be
considered. Moreover, the large availability of methods, which often allow to measure
different variables, arouses the need for standardisation in method application, especially
if data are to be compared.

Here, we focused on the Mediterranean infralittoral (0-40 m) and aimed at setting a
baseline for a standardisation of UVC method selection and application to pursue
different research and coastal resource management objectives. We combined a semi-
quantitative review of the papers adopting UVC techniques in Mediterranean coastal
areas, with a field method comparison of different UVC techniques. Based on the
variable needed to pursue a specific objective, we evaluated the suitability of each
method to measure such variable, as well as its costs and benefits. Finally, we assessed
the level of standardisation in the Mediterranean for the most common UVC method
adopted to date. Results show that strip transects are the most commonly adopted
technique to survey fish communities in the Mediterranean, providing the most complete
quantitative description of the fish assemblage at the lower economic and time costs.
Standardization in transect surface has not yet been achieved across the Mediterranean,
since more than 50% of the studies targeting similar species use different transect
dimensions. Other methods, such as video-UVC can be complementary to transects (i.e
to survey fish at depths exceeding diving limits or to study fish behaviour). A synthetic
table is provided to guide choice of the most appropriate method depending on the

needed variable.
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3.2 Introduction

It is a widely accepted notion that monitoring marine ecosystems is a general
requirement, preparatory to design sound measures aimed at ensuring conservation and
management of biodiversity. Fish communities, as an intrinsic component of marine
biodiversity, have been severely impacted worldwide via overfishing and habitat
destruction, often leading not only to negative commercial consequences (i.e.
overexploited fish stocks) (Pauly et al. 1998, Watson & Pauly 2001), but also to
ecosystem-wide degradation through the disruption of trophic interactions (Pace et al.
1999, Pinnegar et al. 2000, Jackson et al. 2001) and loss of ecosystem services fishes
may ensure (Holmund & Hammer 1999, Worm et al. 2006).

Preserving fish communities is thus crucial in order to conserve biodiversity, ecosystem
functions and ecosystem services (Holmund & Hammer 1999; Jackson et al. 2001). In
this perspective, field observations can provide a solid scientific knowledge through
which the sustainable use of marine resources can be devised (Carstensen 2014).
Underwater visual census performed by divers (hereinafter UVC) was introduced in 1954
(Brock et al 1954) to quantitatively assess fish communities in coral reefs. UVC was
proposed as a non-destructive alternative to extractive monitoring techniques. Since its
first introduction, a variety of in situ UVC techniques have been used to study tropical and
temperate fish assemblages, including the first video methods already in 1965 (Steinberg
et al 1965). The variety in census techniques (Thresher & Gunn, 1986) triggered the
development of studies dealing with methods’ cost-effectiveness and biases (Bannerot &
Bohnsack 1986, Sale & Sharp 1983). In more recent years two global reviews described
existing UVC methods, the first one providing a broad picture of existing destructive and
visual census methods to monitor fish and associated habitats (Murphy et al. 2010) and
the second documenting in detail existing video techniques and their possible
applications (Mallet et al. 2014). The large availability of methods, each one with its
inherent advantages and disadvantages, arouses the need for standardisation in method
application, especially if data are to be compared. Such need was already highlighted in
1986 (Thresher & Gunn, 1986), and the development of standardised monitoring
protocols for marine biodiversity in response to specific research and coastal resource
management objectives, has been achieved in some areas of the world, such as for
some Large Marine Ecosystem (LME) (Sherman & Duda 2002, PISCO 2010). Being
areas characterized by distinct bathymetry, hydrography, productivity, and trophically
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dependent populations (Sherman & Hempel 2009), LMEs represent units from a
management perspective, and shall thus benefit from standardised monitoring programs.
In this perspective, coastal resource management in the Mediterranean LME (Sherman &
Hempel. 2009), does not yet benefit from standardised monitoring protocols for
biodiversity, which would allow for data comparisons on a regional scale. Visual census
was introduced in this basin twenty one years after its first appearance. Mediterranean
marine communities had been facing centuries of over-exploitation (Guidetti & Micheli
2011), and coastal development along with habitat loss were rapidly intensifying (Airoldi
& Beck 2007) arousing the urgency for monitoring. Harmelin-Vivien & Harmelin (1975)
first proposed a UVC protocol aimed at inventorying the fish assemblage at an MPA (Port
Cros National Park), in an easy, objective and non-destructive way. Since this first
publication (Harmelin-Vivien & Harmelin, 1975) and after the review on available UVC
practices (among which transects, stationary point counts, random paths, etc.) provided
by Harmelin Vivien et al. (1985) UVC techniques have been regularly used across the
Mediterranean (Sala & Ballesteros, 1997, Garcia-Charton et al. 2004, Guidetti et al.
2008, Harmelin Vivien et al. 2008, Sala et al. 2012, La Mesa et al. 2013; Guidetti et al.,
2014) and have been adapted to pursue different research and management objectives,
in different habitats. Like in other temperate and tropical regions, the advent of several
underwater video technologies especially in the last 15 years, with Remotely Operated
Videos (Andaloro et al. 2013), Baited Underwater Videos (Condal et al. 2012) and Diver
Operated Video (Tessier et al. 2013) (see Appendix for definitions), further diversified
UVC methods. But different UVC techniques, employing or not videos, often allow for
different variables to be measured, and such diversification was not accompanied by a
standardization in method selection and application across the Mediterranean LME.

In this scenario, our paper focuses on the Mediterranean infralittoral (0-40 m) and aims at
setting the baseline for a standardisation in UVC method selection and application to
pursue different research and coastal resource management objectives (e.g. within
MPASs).

To achieve such goal, we reviewed semi-quantitatively papers adopting UVC techniques

in Mediterranean coastal areas since its first advent, following some key steps:
1) identifying the variables needed to pursue specific objectives

2) analysing the pertinence and the cost-benefits of the methods available to measure

such variables
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3) assessing the level of standardisation in the Mediterranean for the most common UVC

method adopted to date

We further integrated our review by comparing data collected in the field through
traditional UVC (transects performed by diving operators) with more recent video
techniques (Diver Operated Video and a Remote Rotating Video System), that have
already been used in coral reefs (Pelletier et al. 2011, 2012) but are still little applied in
the Mediterranean. In particular, to our knowledge this is the first paper in the

Mediterranean testing a Remote Rotating Video System to survey the fish community.

3.3 Methods

3.3.1 Bibliographic review
We carried out a bibliographic search in ISI Web of Knowledge on all databases, using

the key words “(visual census OR recensement visuel* OR censiment* visiv* OR censo*
visual*) AND Mediterran*)”, considering the years from 1975 to august 2014. Since ISI
Web of knowledge did not find papers older than 1990, we completed the search going
through the bibliography of the available papers and pursuing them with google scholar.
Overall 256 references resulted from our search. Among these we excluded studies that
used only extractive methods (experimental fishing), studies from non-Mediterranean
zones and studies not focusing on fish. Finally 179 papers were retained.

The papers were classified according to publication journal, year of publication (using five
years categories), country where the study was performed, research topic, considered
species or group of species, methods applied, measured variables and habitat. Surface
units and time measures of the applied method, when provided, were also noted for
further analyses on standardisation across the Mediterranean.

Research topics were divided in the following categories: artificial structures (whenever a
paper included artificial reefs, gas platforms, breakwaters, fish farms or FADs), behaviour
(only papers including quantitative or semi-quantitative data), human impacts (pollution,
tourism impact, fishing impact), methodological studies (methods comparisons or
methods evaluations), population dynamics, recruitment and settlement, reserve effect
(including papers assessing changes in the living components within a marine protected
area when one or several human impacts are excluded, as well as papers dealing with
the assessment of the spillover effect to adjacent areas), fish assemblage

characterization/spatio-temporal distribution and species occurrence.
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Concerning the methods used, the considered categories were: transects, transects
coupled with other methods (transect +), circular point counts, video + (all papers dealing
with a video method involved comparison with at least one other technique, thus the
category was video techniques coupled to other methods), total counts, random counts,
spatial census, rapid visual census, and others. A short description for each method is
provided in the Annex.

Results of published papers dealing with methods comparisons were also briefly

summarised.

3.3.2 Field methods comparison
For comparison in the field we selected the most common UVC method adopted in the

Mediterranean according to our previous analysis (strip transects performed by divers)
and two video methodologies: diver operated video transects (Tessier et al. 2013) and
Staviro (Pelletier et al 2012, Bouchoucha et al. 2013a, 2013b), a remote high-definition
un-baited rotating video system (see Appendix for system description).

The three census methods were tested in Bay of Villefranche (SE France) in May 2013.
All methods were applied in the same area, between 5 and 15 meters depth, on a
predominantly rocky substrate interspersed with Posidonia oceanica patches (rocky
coverage = 70 %). Multiple operators performed UVC within the same temporal window.
When multiple census have been done, a minimum distance (> 25 m) was kept among
operators in order to reasonably reduce the risk of reciprocal disturbance and spatial
dependence of data.

Among 3 close days of similar good weather and visibility conditions we carried out 18
strip transects (Harmelin-Vivien & Harmelin 1975) of 25 meter length and 5 meter width,
21 video transects 25 meter long, and 27 Staviro deployments at randomly selected sites
over the study area. Strip transects were carried out by two expert operators swimming at
constant speed (approx. 8-10 min/25 m) and close distance from the sea floor.
Concerning video transects, the same operator swam at a constant speed (approx. 3
min/25 m) at 1.5 m from the bottom, keeping the video camera steady, horizontal and
toward the end of the transect, thus recording in front of himself (Tessier et al. 2013).

The Staviro system was set on the sea floor and programmed so that the camera
housing rotated from 60° every 30 seconds, at a fixed angle. Hence, six observation
sectors were recorded per 360° rotation, each rotation lasting approximately 3 minutes.
The system was left in place for 12 minutes, in order to complete three whole rotations

(making one replicate) and account for one minute before and after each triplet, in order
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to minimise disturbances due to boat presence, engine noise and setting and retrieval of
the system. Further technical details on the Staviro system can be found in (Pelletier et
al. 2012, Bouchoucha et al. 2013).

For the three methods, fish were recognized to the lowest taxonomic level possible. For
isolated fish and small groups (<10 individuals) the actual number of fish was counted,
while schools of fish (> 10 individuals) were recorded as follow: in strip transects
Harmelin-Vivien (1985) categories of abundance were used (i.e. 11-30,31-50, 51-200,
201-500, >500 ind.) and the mid point of each category was retained, while in both video
methods freeze frames were used and the maximum number of individuals among freeze
frames for the same school was retained. During Staviro video analysis, individuals were
counted per sector, and then summed up for each 360 rotation. For each species and
each sampling unit, the maximum abundance observed over the three rotations was
retained.

Since we could not measure surface area in video methods, direct comparison of density
data was not possible. Multivariate analyses were thus performed on the fish assemblage
with presence-absence data. Methods could not equally identify all fish seen to the
species level, thus analysis were carried out at different levels of taxonomical scale-up
(species, genus and functional group), in order not to lose possibly relevant information.
For each level of aggregation, data were analysed for differences among methods
through a multivariate PERMANOVA (Anderson 2001) with one fixed factor “method®
(fixed factor, 3 levels) and based on Jaccard distance measure. We used Montecarlo
permutations whenever number of possible permutations was low, <500. A Permdisp
analysis was carried out to assess differences in data dispersion among methods.
Results were graphically represented with an unconstrained principal coordinate analysis
(PCO) and vectors of presence-absence variables were superposed to the ordination
through Spearman correlation to identify the taxonomic groups principally responsible for
differences between methods. Species accumulation plots allowed discriminating which
method captured the most complete image of the fish assemblage with the least time
cost (where time cost = field time + analysis time). The PRIMER 6 and PERMANOVA +

package (Plymouth Marine Laboratory) was used to perform the analyses.

3.3.3 Integration of bibliographic and field work
Bibliographic and field work were integrated in a final table in order to provide a synthesis
of indications to guide the choice of the most suitable method for each variable that was

analysed in the reviewed papers. A compendium of factors was integrated in the table: as
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a proxy for method appropriateness we referred to the number of published papers using
the specific method to assess the variable in question, plus field and lab time
requirements, training and costs. We coded semi-quantitative variables to highlight the
level of appropriateness of each method according to the previous factors. Thus, in order
to code the factor “number of papers using the specific method to assess a given
variable”, we assigned the following 3 categories: maximum number of papers, minimum
number of papers, number of papers within the two extremes. Additionally, to treat the
“zero” case (when zero papers used a method to measure a given variables), we further
defined three categories based on expert judgement: “0” was assigned when no paper in
the literature had applied the method for the given variable, although it would have been
feasible. “Feasible”(F) was assigned when the given variable could be assessed by the
method, but with some limitations (i.e. density could be estimated by fixed video methods
by setting two fixed land marks at a known distance and angle from the camera, and
calculating the arrival time of each fish species) (Stobart et al. 2005). “NA” was
assigned when the method does not allow for the computation of the variable. The
factors time, training and equipment costs were classified each in three categories based
respectively on expert knowledge and a survey. Time included field and lab work per
sample: < 15 minutes (1), between 15 and 30 minutes (2) and between 30 minutes and 2
hours (3). Training was classified by listing all the skills needed to carry out a fish visual
census with each method, i.e.: diving, underwater fish identification, fish counting, fish
size estimation, sampling surface estimation, video-equipment handling and video
analysis. For each method we summed the number of skills needed, and coded three
categories with the following criteria: maximum number of skills (3), minimum number of
skills (1), number of skills within the two extremes (2). To quantify equipment costs we
provided rough price estimates for each method, including selling price and material
amortization, and classified them from 1 (lowest costs) to 3 (highest costs). We did not
include an estimate of costs for boat rental, assuming each method would need a boat to
reach the sampling spot. We then filled the table cells with colours grading from bright
green (max number of papers, least sampling time, least training and least equipment

costs) to light grey (0 papers) and to dark grey (NA).

41



3.4 Results

3.4.1 Bibliographic review

Most studies were carried out in Italy (84 papers), followed by Spain (37 papers) and
France (30 papers). Fewer studies came from the eastern Mediterranean, with Greece (4
papers), Turkey (3 papers), and scattered papers from Croatia, Slovenia, Israel and
Lebanon. Only 8 studies interested more than one country.

Published studies adopting UVC methods dramatically increased after 1994. Maximum
number of published papers was reached in the last 5 years. From 1995, research

objectives and applied visual census methods became more diversified (Fig. 1).

50 ~
45 A
40 -
35 +
30
25 M Papers

20 A B Topics

15 A B Methods
10 -

Fig. 1 Evolution in time in the number of papers, research topics and methods applied, resulting from the literature
research in Isi Web of Knowledge “(visual census OR recensement visuel* OR censiment* visiv* OR censo* visual*)
AND Mediterranean”, plus authors archives.

According to our review the most common research objective addressed through UVC
(26% of published papers) was the spatial and/or temporal characterization of the fish
assemblage (either the whole assemblage or a subset of species), followed by reserve
effect (22%) and artificial structures (20%). Less addressed issues were methodological

assessments (10%) and the study of fish recruitment and settlement (8%) (Tab. 1).
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Tab. 1 Total number of papers measuring each variables (rows) within each research objective (columns). Numbers
in parenthesis indicate the percentage of papers addressing each research topic (head line) or measuring each
variable (head column). Scores along columns are assigned a gradation of colours from bright green (best score) to
grey (worst score).

Spa'tlojten?poral Reserve Artificial Recruitment Human Population Species .
distribution, Method . 3 Behaviour
. effect  structure settlement  impact dynamics  occurrence
characterization
(26 %) (22 %) (20 %) (9 %) (8 %) (4 %) (3 %) (2 %) (3 %)

Density (77 %) 42 33 23 11 13 5 2 1 4
Size / Biomass (50 %) 16 30 16 9 9 1 4 0 3
Sp. richness,
Community (49 %) 33 19 17 11 1 3 0 1 0
metrics
Abundance, (19%) 4 6 13 4 3 1 1 1 1
pres/abs
F ional

unctiona (15 %) 8 5 6 6 0 1 0 0 0
categories
Frequency of (11%) 3 3 9 1 1 1 0 0 1
occurrence
Semi-quant. o
behaviour obs. (8%) 2 2 2 g 2 1 1 © 1
N, Max N,

2% 1

Spp/ minute (2 %) 0 0 0 0 3 0 0 0

Table 1 summarizes the main variables measured by the reviewed papers according to
the research objective. For each objective, density was the most commonly measured
variable (77% of the papers), followed by size (50 % of the papers), retained in particular
by reserve effect studies, and species richness/community metrics (49% of the papers).
This last variable was the most used (11 papers) in methodological evaluation studies.

Most of the reviewed papers used transects (64%), either alone (87 papers), either
complemented by other methods (e.g. experimental fishing - 10 papers, random or total
counts - 6 papers, and others (see Appendix for method description) (27 papers) (Fig.2).
Stationary point counts were the second most used method, but were large behind
transects in terms of papers adopting them (11), followed by total counts and video

methods (10 papers) (Fig.2).
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transect
transect +
other
B stationary point counts

87 m total counts

m video +
27 W spatial census
B rapid visual census (RVC)

non specified

Fig.2 Number of papers adopting each method. See the Annex for description of each method. Transect +
and video + stand for transect and videos coupled with other techniques (e.g. experimental fishing,
random paths, FAST, etc.). “Other” includes methods used only by one or two papers, such as quadrats or
mobile point counts.

Methodological comparisons in the literature

Methodological comparisons among UVC techniques in the Mediterranean were not
common (8 papers), but showed an increasing trend in the latest years, with the advent
of improved video techniques.

The 1975 study by Harmelin-Vivien & Harmelin set the basis for the expansion of
quantitative UVC techniques in the Mediterranean. Harmelin-Vivien & Harmelin
introduced strip transects of 5 meter width and fish counting through 5 abundance
classes and 4 size classes. Codified procedures for behaviour annotation were also
proposed. Ten years later, the same authors published a review on UVC (Harmelin-
Vivien et al., 1985), presenting the methods adopted in temperate and tropical regions
until then, and analysing the criticalities and biases of each (random walks, transects,
quadrats and fixed points). According to this review, random paths were more efficient
than transects and fixed points to describe species richness, but they did not allow to
estimate fish abundance nor biomass. Fixed points were suggested mainly to study fish
around isolated structures or in heterogeneous/patchy habitats. Transects, instead, were
considered more appropriate for homogenous habitats and to study the whole fish
assemblage, keeping in mind that transect width should be adapted to the mobility of the
species, to visibility conditions and to the habitat type. UVC limits due to scuba diving,

such as depth, time and noise influence on fish, were also discussed.
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In 1997, Francour compared transects, stationary point counts and total counts (meaning
counts of all the individuals inhabiting a given area, see Appendix) to assess the density
of a subset of species in a Posidonia oceanica meadow at the Port Cros national park.
Density estimates obtained with the different methods were compared for selected
species, differing for mobility and behaviour. For each species, small size class fishes
(total length < 1/3 maximum total length) were recorded mostly by transects and circular
points, and medium and large size class fishes by circular points or total count.
Differences among methods were dependent on the season of sampling and from
species behaviour: schooling fish were better detected by fixed points, and very mobile
species were mainly recorded through transects.

The paper by D'’Anna et al. (1999) showed the logic applied to select the most
appropriate UVC technique to assess fish biomass and assemblage structure in both
natural and artificial habitats: substrates were first classified and then appropriate
techniques were chosen accordingly. Horizontal transects were applied to P. oceanica
meadows and homogenous sandy bottoms, while vertical transects were used for vertical
cliffs. Point counts were preferred to survey scattered P. oceanica patches on the sandy
bottom and for mixed substrates of sand and stones. Finally, spatial census (a mixed
technique including point counts and circular transects) was chosen to assess the fish
assemblage around artificial structures (artificial reef and FAD). The study stressed the
importance of choosing coherent units of measures for comparative studies, concluding
that density related to volumes (m®) resulted more appropriate than density related to
surfaces (m?) for assessments of fish assemblages around artificial structures.

The paper by De Girolamo & Mazzoldi (2001) was the first one to attempt a
methodological assessment of some biases in UVC transect on rocky habitats. Main
results from the study were that i) separate survey methods adapted to different fish
behaviour (a higher speed transect for epi-benthic species followed by a lower speed
survey for benthic fish) although more time consuming, provided more realistic fish
counts by better detecting cryptic fish. And ii) continuous size estimates were more
advantageous than size classes estimates, yielding the best biomass assessments.

The only statistical comparison conducted in the Mediterranean between strip transects
(25x5 m, 8 min/transect) and stationary point counts (radius = 5m, 8 min/point count)
came by Guidetti et al. 2005. Results showed that, once results from both methods were
adjusted for surface area, strip transects yielded higher number of fish taxa and fish

densities, both with and without including gregarious species. The authors thus confirmed

45



what suggested by Harmelin-Vivien et al. (1985) that strip transects should be preferred
when working on homogenous habitats.

The following methodological assessments were mainly comparisons between video
techniques and underwater visual census.

Baited Underwater Video (BUV) was adopted only once in the Mediterranean shallow
habitats by Stobart et al. 2007 in order to assess its performance in estimating fish
abundance and diversity on rocky reefs. The studied variables were species richness,
maximum number of species at the bait and maximum % presence of species at different
sampling sites. BUV resulted to be an effective tool when estimation of species richness
is the prime objective, while UVC using 25x5 m transects was more suitable to estimate
fish abundance and size at sites not constrained by diving limits, especially given the
higher time costs of BUV.

In Tessier et al. 2013 the effectiveness of Diver operated underwater video (DOV) along
transects was compared to transects UVC to assess reserve effect. Results showed that
DOV was able to detect significant but weaker effects of protection than UVC on
abundance and species richness of the fish assemblage. According to the authors, when
reserve effect is weaker, DOV might fail to detect it due to some limitations of videos
such lower camera field of view compared to human eye and lower species identification
chance linked both to image quality and to the avoidance behaviour of shy species. In
fact, when fleeing away or keeping a large distance from the operator, shy species are
more difficult, if not impossible, to identify through image analysis. On the other hand
DOV allowed to archive and thus further analyse data without spending extra time
underwater, for example quantifying fish aggregations, a potentially useful parameter to
assess reserve effect, or classifying substrate types and quantifying their percentage
cover.

The study by Andaloro et al. (2013a) compared ROV with mobile point counts UVC (see
Appendix for description) to describe the fish assemblage around gas platforms.
Estimates of abundance, species richness and frequency of occurrence were compared,
and fish were categorized in ecological categories on the basis of their spatial
organisation in the water column. ROV overall failed to give a truthful representation of
the fish assemblage being more limited in the detection of crypto-benthic and necto-
benthic fish, thus providing lower species richness and abundances estimates than UVC.
ROV proved nevertheless to be useful in detecting low mobile and abundant
planktonivorous species and was thus suggested to be used in complementarity to UVC,

especially at depths and sampling times not affordable to the latter.
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An interesting contribution by Bulleri & Benedetti-Cecchi (2014) investigated the potential
of spearfishermen videos to assess the structure of fish assemblages. Videos from the
sit-and-wait fishing technique were compared with transect UVC. The measured
parameter was the maximum number of species seen at any one time over the whole
duration of one video. Density estimates were derived by accounting for maximum
visibility. Although fish assemblage composition differed, spearfishing videos and
transects provided comparable estimates of species richness. Videos in particular were
able to detect relatively uncommon and shy species like Dentex dentex and Sparus
aurata, but they underestimated sedentary species. The authors stressed how the large
availability of fishing videos all over the Mediterranean would make them an invaluable

source of information on fish assemblages on shallow rocky reefs.
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3.4.2 Field methods comparison
Overall 39 fish taxa were identified by the three methods, most of which were detected by
strip transects (32 detected in total, 7 uniquely detected by transect), followed by Staviro

(26 total, 3 unique) and video transects (10 total, 1 unique) (Tab.2)

Tab. 2 Species unique to each method and combination of
methods. T= transects, S= Staviro, V= video transects

Taxa Method
Boops boops S
Mugilidae S
Sciaena umbra S
Blenniidae T
Epinephelus marginatus T
Labrus viridis T
Scorpaena porcus T
Scorpaena scrofa T
Spondyliosoma canthaurus T
Thalassoma pavo T
Oblada melanura \
Labrus merula S, T
Mullus surmuletus S, T
Muraena helena S, T
Serranus cabrilla S, T
Serranus scriba S, T
Sparus aurata S, T
Symphodus cinereus S, T
Symphodus doderleinii S, T
Symphodus mediterraneus S, T
Symphodus melanocercus ST
Symphodus ocellatus S, T
Symphodus roissali S, T
Tripterygiidae S, T
Chromis chromis S, T,V
Coris julis S, T,V
Diplodus annularis S, T,V
Diplodus puntazzo S,T.V
Diplodus sargus S, T,V
Diplodus vulgaris S,T.V
Sarpa salpa S,T.V
Serranus spp. S, T,V
Spicara spp. S, T,V
Symphodus rostratus S, T,V
Symphodus spp. S, T,V
Symphodus tinca S,T,V

48



Permanova analysis on presence/absence of each taxon identified to lowest level
possible (Blennidae, Trypterigidae, Spicara spp. and Mugilidae were never identified at
species level), showed significant differences among the three methods and among each
pair of methods (P<0.001) (post-hoc pair-wise tests). Difference among the three
methods was best described by the first axis of the PCO (30%), although a large
percentage of variability remained unexplained (Fig. 3a). Here, strip transect data
displayed the least dispersion among samples, as opposed to the more scattered video
transect data, as confirmed from the Permdisp analysis (P < 0.017, with pairwise tests
showing significant differences between transects v Staviro and transects v video
transects, but not between staviro v video transect). Only vectors of variables with
correlations > 0.5 as well as vectors for gregarious species were visualised. Transect and
Staviro were positively correlated to the first axis of the PCO and were the methods
capturing most of the fish species (Fig. 3a). Schooling fish like Boops boops showed a

slight correlation trend with video methods.
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When aggregating presence-absence by genus, differences among methods were still
significant (PERMANOVA, P<0.001) although they were less evident in the PCO
representation, where Staviro was slightly overlapping both with video transects and strip
transects. Here, Sarpa, Serranus, Apogon, Mullus and Diplodus were more related to
transects, Boops was again slightly more related to video methods (Fig. 3b).

When aggregating presence-absence by functional group, PERMANOVA highlighted
significant differences among methods (P<0.005) and pairwise tests showed significant
differences between strip transects and Staviro, as well between strip transects and
video transects (Pmc < 0.005 and Pmc <0.007 respectively), while no significant
differences were detected between Staviro and video transects. Samples where less
discriminated by the PCO at this level of functional aggregation of the variables, and
differences among methods, in particular among transects and video transect, were
better visible along the vertical axis. Carnivorous crypto-benthic and necto-benthic fish
were more related to transects, while planktonivorous schooling fish characterised video
methods (Fig. 3c).

Species accumulation plots showed that at the achieved level of replication none of the
three methods alone could record all the species detected by the sum of the three
methods and that at an equal effort in terms of sampling and analysis time, strip transects
detected a much higher proportion of species than the video methods. Moreover, even
increasing sampling and analysis time, the two video methods won'’t reach transects in
terms of number of species recorded (Fig. 4). In terms of functional groups, transects and
Staviro could detect most of them (5/6), contrary to video transects (3/6). Only strip
transects recorded higher trophic level predators (E. marginatus), while only Staviro

detected schooling detritivors (mugilidae) (Tab 2).
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Fig. 4 Species accumulation plots. Cumulated time includes field and analysis time for each method.
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3.4.3 Integration of bibliographic and field work

Tab. 3 displays the classification of each method according to time needed per each
replicate, training and equipment costs. UVC methods such as transects, point counts,
rapid visual census and spatial census require the highest number of skills underwater
(higher training), but are less time consuming and less expensive than video methods.
UVC through random counts, total counts and fast are slightly more time consuming but
require less skills underwater than the previous methods, not needing estimates of
surface area or, in the case of random counts, size estimates (Tab. 3). Video methods
require video equipment handling skills and video analysis skills (such as species
identification a posteriori, which can be guided through books), but are more time
consuming especially in terms of video-analysis time and, in average, more expensive
(Tab.3)

Tab.3 Classification of methods according to training (based on the number of skills required), time (including field
and digitisation time), and equipment costs. For each attribute, three categories were defined (see Methods section)

TRAINING TIME EQUIPMENT
C
K=l c
g 2 2 .
£ S E L o
S 8 8 ® =£
T % o E T x
g S ‘5 g = W £
] 5 < ] = x - =
a £ & & g v 3 £ g g 8
s 5 85 3 & 2 B EE S S
§E 8§ § 8 2 ¢ £ R g E
w 5 & 2 & 9 © g S 8 £ £
X o o @ @© © o — ‘g o o o 2
S 2 2 2 2B 2 3 £ ® £ E 3 =
A S5 S5 5 5 5 5 2= &= = = iy o
Transect 1 1 1 1 1 0 0 5 3 <15 |1 1000-2000 | 1
Stationary point ., , , ;4 5 5 3 <15 1 1000-2000 | 1
counts
Rapid Visual 1 1 1 1 1 0 0 5 3 <15 | 1 1000-2000 | 1
Census
Spatial census 1 1 1 1 1 0 O 5 3 <15 1 1000-2000 1
Total counts 1 1 1 1 0 0 0 4 2 15-30 2 1000-2000 | 1
Randomcounts 1 1 O O O O O 2 2 1530 2 1000-2000 | 1
Fast 1 1. 0 1 0 0 0 3 2 1530 2 1000-2000 | 1
Videotransect 1 0 O O 0 1 1 3 2 30-120 3 3000-4000 = 2
BUV o 0o 0 0 0 1 1 2 1 30-120 3 3000-4000 = 2
Staviro o 0o 0 0 0 1 1 2 1 30-120 3 3000-4000 = 2
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Results of the bibliographic review, field survey and costs analysis were integrated in
Table 4. For each analysed variable (as density, biomass, species richness, etc),
transects showed the highest score (highlighted in bright green) for most of the factors
considered: largest number of papers adopting them, reduced time and costs of
application. In particular, transects were adopted with large majority respect to other
methods to measure density (96), biomass (59) and species richness and/or community
metrics (54), given the relative ease of surface estimates. Concerning this last variable,
our field comparison confirmed the higher efficiency of transects respect to remote high-
definition rotating video systems and DOV. In fact, the same variables were measured
with other methods in less than 10 papers for each method. On the other hand, to
perform UVC by transects highly skilled and trained specialists working underwater are
needed (Harmelin-Vivien et al., 1985). Stationary point counts (Harmelin-Vivien et al.,
1985) followed transects, sharing similar time, training and equipment costs, but showing
lower success in the literature (Fig. 2).

Rapid Visual Census (RVC) (Dempster et al. 2002) and spatial census (D’Anna et al.
1999b) are adaptations of fixed points and transects specifically designed for fish farms
and artificial structures, sharing thus similar field time, costs and training needs of the two
previous methods.

Total counts (Macpherson et al. 1997, Biagi et al. 1998) did allow for a range of variables
to be measured, and require less strict training than previous methods, given that
underwater surface area estimation is not generally required. However, they were less
adopted in the literature, likely because these are not properly sampling techniques.
Sampling implies the random selection of a subset of individuals from a statistical
population, from which estimates can be derived. A relevant portion of statistical
techniques (e.g. ANOVA, MANOVA, t-tests, etc) are based on sampling data.
Standardization and comparison of data collected with this kind of approach is thus
difficult.

Random paths (Harmelin-Vivien et al. 1985, La Mesa et al. 2010), have always been
applied in concomitance to other methods, given the possibility to reach a wider spectrum
of species. Assuming that the same detail of species identification is required in transects
and point counts, random paths required less skills underwater (lower training), not
needing any surface estimate, but consequently not allowing to derive variables related
to surface.

Most video techniques adopted in the Mediterranean (video transects, Remote Operated

Vehicles, Baited Underwater Video, Staviro, cabled observatories) did not allow to derive
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surface related variables (density and biomass respectively derived from abundance and
size measured in the field) and were mainly used to derive estimates of species richness
and of total or relative abundance. This, together with the longer time required for video
analysis and the generally higher costs, resulted in few papers adopting such techniques
in visual census studies. Nevertheless, density and biomass estimates would be feasible
if field of view is known and if stereo-videos are used, allowing to measure size of fish
and observation distance. Training with fish silhouettes of known size at different
distances prior to video analysis would also be a solution (Cheal & Thompson 1997,
Francour 1999, Mallet et al. 2014). Other variables that have been measured or can be
easily measured through video methods are species/minute, frequency of occurrence
and behavioural observations. These are particularly suited to video methods due to the
possibility of leaving instruments in the field for prolonged times (Mallet et al. 2014) (Tab.
4). Among video methods, a remote high-definition rotating video system like Staviro is
more successful than diver operated videos in detecting the species composition of the
fish assemblage, as shown from our field observation. This, together with the need for a
diver in DOV, reduces the advantage of such method respect both to traditional transects
or point counts (higher time and equipment costs, less variables to be possibly derived),
and to remotely operated video methods. For remotely operated videos, training
requirements are lower than traditional UVC (Tab. 3) and scuba diving time and depth
limits can be overcome. Data archiving moreover allows for further data analysis and
double-checks from different observers.

Two citizen science methods are also proposed in the table: fish census through
spearfishermen videos has been used to assess density, species richness and
species/minute, and has the advantage of having extremely low costs (no diving
involved, large availability of videos on youtube) and allowing large-scale geographical
assessments. The Fish Assemblage Sampling Technique (FAST) is a random walk used
to quantify few variables (presence/absence, frequency of occurrence and size) for a
reduced set of easy-to recognize target species (Seytre & Francour 2008, 2009). This
method allows for computation of several indices useful to monitor the healthiness of fish
assemblages, and its relatively low cost and training needed make it a good candidate

method for citizen science.
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Table 4 Total number of papers using a given method to measuring a given variable. Numbers in parenthesis are the total number of papers found in the literature for each method.
BUV = baited underwater video, ROV = remote operated vehicle. Scores are assigned a gradation of colours from bright green (best score) to dark grey (worst score). 0 =

feasible/appropriate but not applied in the available literature (light grey). F= feasible with conditions (medium grey) NA not feasible (dark grey)

Density
Size

Transect (112)

Stationary
point count (12)

Rapid
Visual Census (5)

Spatial census (8)
Total counts (10)

Random counts (5)
Video transect (2)

FAST (2)
BUV (1)
ROV (1)

Cabled
observatory (2)
Spearfishing
video (1)

Staviro (this paper)

Biomass

VARIABLES
1))

u .
&4 E
T £
g n o
292 £
< )

metrics

Freq. of

occurrence

Semi-

quant.

Behav.

TIME

COSTS

TRAINING EQUIPMENT

COMMENTS

Best in homogeneous habitats
(Harmelin Vivien 1985)

Best in heterogeneous habitats
(Harmelin Vivien 1985)

Specific for fish farms
(Dempster et al. 2002)

Specific for artificial reefs
(D’Anna et al. 1999)

Always combined with other
method

Data archiving, allows to
quantify fish aggregations
(Tessier et al. 2013)

Data archiving, no depth limit
(Stobart et al. 2007)

Data archiving, no depth limit
(Andaloro et al. 2013)

Data archiving ,Continuous
deployment, no depth limit
(Condal et al. 2012)

Citizen science, free and large
samples availability (Bulleri et
al. 2014)

Data archiving, no depth limit
(Pelletier et al. 2012)
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3.4.4 Transects standardisation across the Mediterranean

Since strip transects are the most commonly adopted method according to our review,
we assessed if standard measures were adopted across the Mediterranean, and if not,
which measures had been mostly applied. Moreover we assessed how often and in
which way transect counts had been modified to account for the different mobility and
behaviour of fish. Eighty-six out of the 116 papers focusing on the whole fish assemblage
used transects, and 22% of these used transects of 25x5 meters, 19% of 50x5 m and 6%
of 20x2 m. The remaining 53% used a variety of measures, ranging mostly from 2 to 6
meters width and from 10 to 200 meters length. Similarly, 33% of the studies focusing on
just one or few necto-benthic species used 25x5 meter transects. Among the 9 papers
focusing on recruits and juveniles through transects, different measures were used (25x2
m, 10x2 m, 20x1 m, 2x1 m and 1x1m). Similarly also 66% of the studies focusing on high
trophic level predators used transects of different widths such as 50 x 15 m, 50 x 5 m,
100 x 10 m. Finally transects to assess crypto-benthic fish (6 studies over 7) measured
30x1, 50x1,50x2.5 and 25x 5 m.

Among the 86 studies adopting transects to assess the whole fish assemblage, only 13
modified the method to assess different parts of the fish assemblage. Nine papers used
separate swims on the same transect, either swimming at different speeds, through a
second observer, or on the swim back to record more sedentary and cryptic fish. Only 2

papers modified transect widths, using narrower transects to assess crypto-benthic fish.

3.5 Discussion

Focusing on the Mediterranean our study has highlighted some main conclusions
concerning the use of fish UVC methods in this basin up to date: 1) density is the most
commonly measured variable, allowing to address several research objectives, followed
by biomass and species richness; 2) diver — UVC through transects is up to date the
most regularly used method, allowing to effectively measure the widest range of possible
quantitative and qualitative variables; 3) standardization of transect dimensions in the
Mediterranean has not yet been achieved, since more than 50% of the studies targeting
the whole fish assemblage use different and varying transect dimensions.
Standardization seems however to be an ongoing process, with 5 meters being the
preferred width measure (47% of the studies).

Density is a key variable that allows for comparisons in time and space. If coupled with

species richness, size distribution and biomass (which can be derived from size), a
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comprehensive picture of the fish assemblage can be provided and its evolution
consequent to management actions (i.e. fishery or protection) can be assessed. Size
and, consequently, biomass, is necessary if the protection effect of conservation areas
needs to be assessed (Lester & Halpern 2008, Di Franco et al. 2009, Sala et al. 2012,
Guidetti et al. 2014) and if energy flows in food-webs is to be quantitatively described
(MSFD, Christensen & Pauly 1993,2004, Prato et al 2014). Information on size for key
species in protected areas can also be coupled to economic studies to evaluate the
income resulting from the diving attraction caused by abundant and large-sized
individuals (Bassu et al. 2007).

Comparisons of UVC techniques with experimental fishing (Harmelin-Vivien & Francour
1992, Andaloro et al. 2011) often led to the common result that both methods differ in
their ability to detect species with different mobility or behaviour and thus if used alone
lead to a different and incomplete description of the fish community. Similar conclusions
derived from comparisons of traditional UVC methods and video methods, as highlighted
both from the literature review and from our field observations. To date, transects are the
census method that allow for the more accurate and complete estimates of density,
biomass and species richness, with least costs, and thus gained the most success in
Mediterranean research.

Stationary circular points also allow for computation of such variables, but comparisons
among the these and transects showed that, once adjusted for surface, stationary points
reach lower density estimates (Guidetti et al. 2005). Moreover, when this method is used
(for example in specific cases like isolated artificial structures), care should be given to
perform instantaneous counts. Observations through fixed points sometimes lasted up to
several minutes in the literature, and such practice was generally not accompanied by an
adequate calculation of density, since during such lapse of time the diver is in fact
observing a flux of fish entering and exiting the survey area, instead than a snapshot of
the fish assemblage (Francour, 1999). Such risk is less evident during transects where
the observer swims forward, instantaneously scanning the area immediately in front of
himself.

Diver - UVC practices have been more successful than video methods, in Mediterranean
even more than elsewhere (Cappo et al. 2003, Mallet et al. 2014). This tendency,
although partially due to the more recent advent of video methods, has still not being
inverted, for several reasons. A proper estimate of surface area (and thus density) and
size of fish (and thus biomass) is more complicated and often not possible using video

techniques. Video systems alone generally detect lower fish abundances and do not
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allow to assess the whole fish community, failing to properly record crypto-benthic and
necto-benthic fish, due to their inherent limitations (lower field of view, image quality,
harder identification of shy species). Their technological costs and the long time needed
to perform video analysis are an additional important limitation to their application. Their
higher success in many areas of the world (Mallet et al. 2014), other than their more
ancient introduction, is probably linked to the need of surveying fish communities in
limiting oceanic conditions, like strong currents and/or presence of sharks, that might
affect divers safety much more than in Mediterranean conditions.

Despite their limits nonetheless, video methods can be a useful complement to traditional
UVC methods also in the Mediterranean. Fixed video methods for instance, if the
surveyed area is known, they could allow to quantify highly abundant planktonivorous
fish, characterized by lower mobility and tendency to aggregation (Andaloro et al. 2013b).
Moreover they allow to monitor fish assemblages at depths exceeding diving limits, are
well suited to study fish behaviours over long time intervals and to monitor the ecosystem
on a long temporal scale through fixed observatories (Condal et al. 2012, Azzurro et al.
2013). In particular, as we observed in the field, remote rotating video systems like
Staviro are promising complementary methods to UVC, since they provide a good
description of the fish assemblage in terms of functional groups, while not requiring
specialised staff on the field. Lastly, they give the possibility to collect several replicates
thanks to the short time needed for each one (12 minutes).

Our analysis clearly showed that transects had the highest success in the Mediterranean,
being the most effective technique to address a variety of objectives and variables with
the least cost, but it also pointed out that their application for monitoring fish
assemblages still needs improvement.

Firstly, more than 50% of the analysed studies that aimed at surveying the whole fish
assemblage, differed among them for the adopted transect sizes. Different transect size
can affect the efficiency of the method in detecting a given species, according to the
species’ behaviour and mobility (Cheal & Thompson 1997, Kulbicki 1998, Bozec at al.
2011). When different studies target the same species or group of species,
standardisation in transect size is necessary, or else comparisons of density and
biomass values could be biased. Secondly, if a study targets the whole fish assemblage,
thus species with very different mobility (i. e large mobile fish, necto-benthic fish or
crypto-benthic fish) different transect widths should be adopted for each mobility group.
To date this has seldom been done in the Mediterranean, while it is a more common

practice in coral (Sandin et al 2008). Overall, standardization of transect size should be
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achieved if regional monitoring programs want to be developed for the Mediterranean, as
in other Large Marine Ecosystems of the world (Pisco 2002).

If training is not available or cannot be provided, or if dive limits are concerned,
alternatives to transects should be considered. The spread of more advanced
technologies such as stereo-videos (Harvey & Shortis 1995) together with increased
image quality and more achievable prices, will allow to increase the success of video
methods also in our basin, as it is happening at a global scale (Mallet et al. 2014).

In structurally complex habitats moreover UVC is often not sufficient to survey
cryptobenthic fish, and options of other methods should be considered, such as lure
assisted transects (Kruschel & Shultz 2012) or sampling with anaesthetic (Kovacic et al
2012, Thiriet et al 2014). Finally, both if a single method is modified to account for fish
behaviour, or if several methods are used complementarily to assess the whole fish
community, issues such as the integration of data collected from different units of
measure arise and shall be solved prior to field effort, in order to permit a full exploitation
of the collected data

To conclude, in a management perspective, choice of the most suitable method is driven
not only by accuracy, but also by its feasibility and effectiveness, including time, costs
and training needed. The type of data needed and the use that will be made of it should
be clearly stated in order to properly select the best method. Tab.5 provides a synthesis
of our results and aims to facilitate the choice of the most appropriate method depending

on the needed variable.
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Tab. 5 Synthetic scores for each method according to the variables to be measured and to their cost-efficiency. Scores are assigned a gradation of colours from bright green (best
score) to dark grey (worst score). Asterisks :method aptness to measure the given variable, based on the number of papers adopting the method in the literature. *low aptness, ***
high aptness, F=feasible with conditions. NA= not feasible.

- Time :T=<15 min, TT=>15,<30 min, TTT= 30 -120 min

- Training : S = skills in video analysis and video equipment handling, SS = skills in in diving and species identification, SSS=

fish, estimation of fish size, estimation of sampling surface area) .

- Costs: € =1000-2000 €, €€= 3000-4000 €, €€€ = 4000-10000 €

skills in diving, species identification, enumeration of

Variables/surface Density, Size/Biomass

Total variables
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3.7 Annex

Transects (Harmelin Vivien 1975): visual census along transects involves a trained diver
swimming at constant speed along a straight path of known length and recording all fish
visible within a pre-determined distance at each side of the path. Transect width can be
adapted according to fish mobility (generally 1 m width for cryptic fish, 5 meter width for

nectobenthic fish).

Stationary point counts (Bohnsack & Bannerot 1986; Vacchi & Tunesi 1993): this
technique involves a diver who sets on the seafloor and records all fish visible within an
imaginary cylinder of pre-determined radius length, extending from the bottom to the
surface. When all species within his field of view are recorded, the diver rotates to scan
another sector, until the full circle is completed. A whole circle count lasts 5 minutes.
Possible adaptations are different radius lengths or different total sampling time due to
separation of functional groups counts (i.e at the first rotation necto-benthic fish are

counted, then cryptic fish in a second rotation) (La Mesa et al. 2013)

Mobile point counts (Rilov & Benayahu 2000): this technique was specifically developed
to census the fish community at gas platforms and consisted in swimming along an
imaginary circle of 3 meters radius with the pillar as centre and counting all fish within the

circle.

Rapid Visual Census (RVC) (Kingsford & Battershill 1998, Dempster et al 2002): Method
designed to census fish around fish farm cages. Swimming through the water mass
adjoining fish farm cages, the diver counts all fish present within a strip 15 m wide, 50
length and 15 m deep, covering a volume of approximatively 11 250 m*. Each count lasts

5 minutes.

Spatial counts (Charbonnel et al 1997, D’Anna et al 1999): mixed technique designed to
census fish around artificial reefs, including line transects, circular transects and point
counts. First phase: a diver sets on top of the artificial pyramid and counts all fish present
around the complete perimeter of the pyramid during 5-8 minutes. Second phase: the diver
swims around the perimeter of the pyramid (circular transect) and then through one of its

internal passages (line transect), to record more sedentary and cryptic fish (10 minutes).
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Last phase: the diver swims through a transect 25 m x 6 m to reach the second pyramid,
where the census operations are repeated in the same way. Length of the transects and

duration of the census are adapted according to artificial reefs structure.

Total counts (Harmelin Vivien 1985, Planes et al 1998): the principle of this method is to
count all target fish within a given area, generally defined by a trait of coastline of known

length and a given isobath.

Random paths (Harmelin Vivien 1985, Francour 1999): technique involving counts of
fixed or varying duration made on random paths across the selected area. Data collected
in this way provide information on species diversity and spatial distribution. This method is
generally used in concomitance to other census techniques were the sampled surface is

known (allowing estimates of density).

Fish assemblage survey technique (FAST) (Seytre & Francour 2009): this technique is
a modification of random counts consisting in six 15 min random visual censuses covering
all kind of substrata (sand, seagrass, rock). Census are performed on a presence-absence
basis and on a two size class basis (large fish >2/3 of fish total length, and small to
medium fish <2/3 total length). Only a predetermined set of species are recorded, which
are those targeted by professional and/or recreational fishing. The so collected data are
treated in a standard way in order to compute a set of indices describing the health of the

fish assemblage. Being very easy to apply this technique is well adapt for citizen science.

Diver Operated Video transects (DOV) (Boland and Leubel 1986, Tessier et al 2013):
the method involves a diver holding a camera and swimming 1.5 m above the bottom at
constant speed, along a transect of fixed length. The operator keeps the video camera
steady and perpendicular to the bottom, recording in front of himself. A reference bar

attached to the camera housing is sometimes used to control the camera elevation.

Remotely Operated Video (ROV) (Fedra & Machan 1979, Stokesbury et al 2004): ROV
systems are equipped with HD camera and can be stationary and linked to a vessel or
platform, autonomous and thus set on the seafloor, or finally towed by a vessel. Towed
systems are towed by the vessel at low speed in order to film along a predefined

trajectory of known length. Systems can be deployed in the water column at a constant
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elevation from the seafloor or above the seabed using a sledge, depending on the targeted
fish assemblage. The cameras can be set vertically in order to face the sea floor or with a
fixed downward angle. ROV systems can also be adapted to record fish around gas

platform pillars, simulating the trajectory of a mobile point count (Andaloro et al 2013)

Remote rotating video system (Staviro, STAtion Video ROtative in French) (Pelletier
et al 2012, Bouchacha et al 2013): The Staviro is a remote high definition rotating video
system fixed on a tripod, dropped from the boat onto the seabed, and retrieved using
buoys and rigging. The rotation affords a 360- providing panoramic images and a much
larger surveyed area than fixed ROV systems, while avoiding the image distortion
characteristic of fisheye lenses (Pelletier et al 2012). Potential double counting is
minimized by paying particular attention to the direction of fish movement with respect to
rotation, and by calculating the mean abundance over rotations, to average out the
variability between rotations. More details on image analysis are given in the methods

section.

Baited Underwater Video (BUV) (Cappo et al 2004, Stobart et al 2007): a BUV ystem
consists in one or two HD video cameras sheltered by a video housing firmly mounted
within a protective cage. The cameras film the sea surrounding the bait, which is placed
close to the camera, at a distance that can range from 0.5 to 1.5 m. The choice of the bait
depends on the species that want to be attracted. The orientation of the system can be
either horizontal or vertical to the bottom, resulting in different abundances and species

compositions of the observed fish assemblage (Langlois et al., 2006; Wraith, 2007).

Cabled observatory (Condal et al 2012): these structures are permanent video platforms
using cables for energy supply, data transfer and instrument control. They are equipped
with cameras that can continuously acquire digital images of the surrounding environment
at 360, for long periods (months-years). For image analysis the field of view of interest can
be selected. This system has been used to document seasonal rhythms of fish

communities over long time windows.

Spearfishing video: while spearfishing, videos are generally recorded using Go-pro HD

micro cameras mounted on a spear gun, recording footage with a given angle. Bulleri et al
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2014 proposed to use widely available spearfishing videos to monitor fish assemblage at

large spatial and temporal scales with low costs.
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This chapter will be submitted to the international journal Marine Ecology Progress Series

4.1 Abstract
Monitoring fish communities in Marine Protected Areas (MPAS) is necessary to assess if
MPAs are meeting the goals for which they have been designed, allowing to detect
changes in the abundance and size of exploited species and recovery of associated
communities. High trophic level predators (HTLP) in particular play an important functional
role in marine ecosystems and monitoring them within MPAs is essential to assess if the
ecosystem is recovering. Monitoring techniques based on underwater visual census (UVC)
should be adapted to fish mobility and behaviour, which can largely affect fish detectability
to the survey technique. In the Mediterranean however, UVC transects of one dimension
(often 25 x 5 m) are commonly used to survey the whole fish assemblage, from large
mobile predators to crypto-benthic fish. Large mobile predators and shy species (often
corresponding to HTLP) seldom approach the diver at such short distances, thus their
abundances are likely under-estimated. Here we propose a simple improvement to
traditional transect surveys to better account for the different mobility of species. First we
compared the effectiveness of two transects surfaces (35 x 20 m and 25 x 5 m) both in i)
quantifying large mobile predators and shy species within and outside Mediterranean
MPAs, and ii) assessing the effect of protection on these species. Both transect sizes
detected a significant protection effect on large mobile predators and more accurate
density and biomass estimates were obtained with larger transects in MPAs. We thus
combined three transect surfaces (10 x 1, 25 x 5, 35 x 25 m) in order to assess the
recovery of HTLP relative to the full fish assemblage. We evidenced a significant effect of
protection on HTLP, whose response was always higher in magnitude than that of other
functional groups. Relative contribution of each functional group to total fish biomass

differed within and outside MPAs and HTLP displayed the largest biomass ratios,
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dominating trophic pyramids in MPAs. This was especially marked at older and highly
enforced MPAs. Surveys with multiple transect sizes would allow for a more realistic

assessment of HTLP and associated fish assemblage recovery within MPAs.
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4.2 Introduction

The spread of marine protected areas (MPAs) across the world as conservation and
fisheries management tools encouraged the development of non-destructive methods to
monitor biodiversity and assess MPAs performance (Harmelin-Vivien et al. 1985, Murphy
& Jenkins 2010, Mallet & Pelletier 2014). One of the most largely documented effects of
protection within MPAs is the recovery (in terms of increased density, size and biomass) of
species usually targeted by fishing. Monitoring programs based on underwater visual
census (UVC) surveys have spread to assess such recovery (Harmelin et al. 1995,
Samoilys & Carlos 2000, Colvocoresses & Acosta 2007, Murphy & Jenkins 2010, Mallet &
Pelletier 2014). Fish at the higher trophic levels of the food web (hereafter high trophic
level predators, HTLP) are typically the most targeted and the most sensible to exploitation
(Myers & Worm 2003, Garcia-Rubies et al. 2013, Britten et al. 2014). HTLP play keystone
roles in marine ecosystems, and their recovery within MPAs can trigger indirect effects
encompassing all levels of the food web, through the re-establishment of lost trophic
interactions (Pace et al. 1999, Pinnegar et al. 2000, Shears & Babcock 2002, Guidetti
2006a, Prato et al. 2013). To track such changes in the food web monitoring programs are
needed to survey not only a selection of commercial fish species, but the whole fish
community, from high trophic level predators and target fish, to non-commercial species,
like small crypto-benthic fish.

Several visual census techniques have been developed across the world to survey fish
assemblages in coastal areas, ranging from UVC by transects or fixed points (Brock 1954,
Harmelin-Vivien & Harmelin 1975, Harmelin-Vivien et al. 1985, Bannerot & Bohnsack
1986) to video techniques operated by SCUBA divers or remote operated vehicles (ROV)
(Murphy & Jenkins 2010, Mallet & Pelletier 2014). For shallow areas, UVC with transects
and fixed points are often more convenient than video methods. Despite their known
biases (i.e. observer effects, errors in size and width estimation) (Willis 2001, Edgar et al.
2004, Williams et al. 2006) and SCUBA-diving-related constraints (depth and time dive-
limits), these techniques usually combine lower economic and time costs, allowing to
detect and identify a higher number of species, and to quantitatively describe the fish
assemblage composition by assessing density and biomass variables, which is
complicated if not impossible with video methods (Tessier et al. 2013, Mallet & Pelletier
2014, Prato et al. in prep). Nonetheless, it is often agreed that methods aiming at

quantifying fish abundance through observation within a fixed surface area (i.e. until a
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fixed distance from the observer, as strip transects or fixed points) provide under-
estimates of density, due to problems in detecting subjects within the sample surface
(Thresher & Gunn 1986). More recently, it was also pointed out that if UVC counts are not
instantaneous, the density of fast swimming fish can be over-estimated (Ward-Paige et al.
2010). Overall, the magnitude of the error varies widely depending on the species’
moniltiy, behaviour (Mintevera et al. 2008) and morpho-anatomy.

Some studies have compared the effectiveness of different transect widths and/or, radius
length of fixed points to survey fish species, generally concluding that dimensions of
sampling surfaces should be adapted to the different fish mobility, accounting for the
minimum distance of species approach and for species detectability based on size, body
shape (e.g. flat fish), colors (e.g. sandy gobids) and behaviours (Cheal & Thompson 1997,
Kulbicki 1998, Samoilys & Carlos 2000, MinteVera et al. 2008). According to fish mobility
and size for instance, most fish species can be broadly grouped in three categories, and
the surface of a visual census sampling unit should be adapted differently to each
(Harmelin et al. 1995, Kulbicki 1998, Bozec et al. 2011): (1) crypto-benthic fish spending
most of their life cycle hidden within macrophytes stands, holes and crevasses, or resting
motionless but camouflaged upon the substrate, thanks to coloration and/or suitable body-
shape. The detectability of these species is low and reduces sharply as a function of
distance from the observer, thus they should generally be surveyed within small surfaces
(0.5 - 1 meter from the observer) (Kovaci¢ et al. 2012). (2) small-medium necto-benthic
fish (< 40 cm total length) that are generally easy to detect, are not strongly affected by
diver presence (Kulbicki 1998) and whose abundance is large enough to be surveyed at a
medium distance from the observer. (3) large mobile necto-benthic fish (> 40 cm total
length), that are easy to detect but are shy and/or generally occur at low abundances, thus
they need to be surveyed within a larger surface than the previous group (Kulbicky 1998,
Bozec et al. 2011). Distances from the observer adopted in the literature for these fish
range from 5 to 15 meters (Harmelin et al. 1985, Tresher & Gunn 1986, Kulbicky 1998,
Colvocoresses & Acosta 2007).

While in monitoring programs for coral reefs, transects of different widths have been
adopted to survey fish of different size and behaviour (Halford & Thompson 1994,
Mapstone et al. 1998, Sandin et al. 2008), this is not a common practice in the
Mediterranean sea. To our knowledge no study in the Mediterraenan has compared the
effect of different surface units for the same method in quantifying fish density and

biomass, nor have different surfaces been combined to survey the whole fish assemblage.
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UVC by strip transects, the most widely adopted method in this basin (Prato et al. in prep),
has been seldom adapted to different fish mobility. Variable transect widths were used in
studies specifically targeting both cryptic (1-2 meters) and necto-benthic fish (4-5 meters)
(De Girolamo & Mazzoldi 2001, Di Franco et al. 2013), but a single transect width was
always used to target both small-medium necto-benthic fish (< 40 cm total length) and
larger and more mobile fish. The most common transect widths adopted here ,moreover,
do not exceed 5 meters, meaning a distance of 2.5 meters from the observer (Prato et al in
prep), thus possibly underestimating the abundance of large mobile and shy fish that
seldom approach the observer at such short distance. These fish generally correspond to
the high trophic level predators, most sensible to fishing.

Monitoring programs adopting variable transect widths to survey crypto-benthic, necto-
benthic and large mobile fish are thus particularly needed to more realistically assess the
abundance of high trophic level predators and their relative contribution to total fish
biomass, an important indicator of ecosystem health and recovery (Russ & Alcala 2003,
Garcia-Rubies et al. 2013, Prato et al. 2013), as well as to investigate the indirect effects
of protection on the whole fish assemblage. Based on these premises, this study has two
main objectives: first to compare the effectiveness of two transects surfaces (35 x 20 m
and 25x 5 m) both in i) quantifying the density and biomass of large mobile predators and
species highly sensible to fishing within and outside Mediterranean MPAs, and ii)
assessing the effect of protection on these species. Secondly, to integrate three transect
surfaces (small, medium and large) in order to survey the whole fish assemblage, in
particular to i) evaluate the response of HTLP to protection in comparison to the other
functional groups, ii) quantify the relative contribution of each functional group to total fish

biomass.

86



4.3 Methods

4.3.1 Study area

Scandola

Fig.1 Location of the
sampling sites within the no-
take zone (filled arrows) and
outside each MPA (empty
arrows). Black filled areas

Cabo de
Palos

delimit the no-take zones,
while dotted borders delimit

buffer zones.

//
Tavolara

This study was performed at three MPAs in the Western Mediterranean (Fig.1). The
Tavolara-Punta Coda Cavallo MPA (hereafter Tavolara MPA) is located in north-east
Sardinia (Italy, 40° 35" N, 09° 49’ E) and was established in 1997, but enforcement
became effective around 2003-04. It includes 76 km of coastline, covers 15,357 ha, and is
divided into three subareas characterised by different levels of protection. In the zone of
integral reserve (no-take zone, 529 ha) only research activities are allowed, while in the
two zones of partial protection different activities are allowed under regulations.
Spearfishing is not allowed within the MPA borders.

The Cabo de Palos-Islas Hormigas MPA (herafter Cabo de Palos MPA) is located in
southeastern Spain, and was established in 1995. Enforcement is high in the MPA since
its establishment (Hackradt et al. 2014). The MPA extends from the coast to the Islas
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Hormigas archipelago (37° 38’ N, 0° 42’ W), for a total surface of 1,898 ha divided into two
zones: a no-take zone of 270 ha, surrounding the Hormigas islands archipelago, where
only scientific research activities are allowed, and a zone of partial reserve where small
scale fishing, recreational diving and boating are allowed with some limitations.
Recreational fishing, including spearfishing, is not allowed within the MPA borders.

The Scandola MPA is located in north-west Corsica (France) and was established in 1975,
with regular enforcement (Francour et al. 2001). It extends over 25 km of coastline, for a
total area of 1,000 ha. It is divided into a no-take zone of 122 ha and a buffer zone where
professional fishing is allowed under authorizations. In the no-take zone only scientific
research activities are allowed and boating respecting speed limits (anchoring is
forbidden). Recreational fishing, including spearfishing, is not allowed within the MPA

borders. In the zones outside the three MPAs all activities are allowed.

4.3.2 Sampling design and data collection
Fish assemblage surveys were conducted at each MPA during 3-4 consecutive days in the

warm season under optimal visibility conditions, respectively in summer 2013 for the
Tavolara and Cabo de Palos MPAs and in summer 2014 for the Scandola MPA. At each
MPA, on rocky habitats, four sites inside the no-take zone and four sites outside the MPA
were randomly selected at a distance of about 500 m between each other. Visual census
transects of three different surfaces were used in order to account for different fish mobility
and to allow assessments on the whole fish community, as required by our second
objective. Firstly, large transects 35 x 20 m? transects were used to record only large
mobile necto-benthic fish and species very sensible to fishing (i.e. Sciaena umbra,
Epinephelus marginatus). A transect width of 20 meters (i.e. 10 meters on each side of the
diver) was chosen to encompass a large enough sample area for these shy species.
Similar distances were selected in UVC studies including large mobile fish, although in
some of those cases fixed points were used (Thresher & Gunn 1986, Samoilys & Carlos
2000).

Secondly, medium transects 25 x 5 m? which is the most common transect in
Mediterranean (Prato et al, in prep.) were adopted to record all necto-benthic fish (>5 cm
total length). The species previously recorded in larger transect were also counted in
medium transects to allow transect sizes comparison, as required by our first objective.
Thirdly, small transects 10x1 m? were adopted to survey crypto-benthic fish (e.g.

Blenniidae, Gobiidae, Scorpaenidae) and juveniles of necto-benthic fish (<5 cm total
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length). Chromis chromis, Boops boops and Spicara spp juveniles were counted in small
transects starting from < 4 cm total length, since it is the size at which these are more
commonly seen near refuges (Pinnegar & Polunin 2000), while at greater sizes they are
more commonly observed in the water column, and thus better surveyed with the 25 x 5 m
transects.

Actual number of fish encountered was recorded up to 10 individuals, whereas larger
groups were recorded using categories of abundance (i.e. 11-30, 31-50, 51-200, 201-
500,500-1000 ind.; see Harmelin-Vivien et al.1985). Fish size (total length) was recorded
within 5 cm size classes for large sized fish (maximum size >50 cm), 2 cm size classes for
necto-benthic fish and 1 cm for small crypto-benthic fish. Fish wet weight was estimated
from size data by means of length—weight relationships from the available literature,
selecting coefficients referring to Mediterranean samples whenever possible
(www.fishbase.org).

At each site, four replicates of each transect size were completed between 5 and 15
meters depth, obtaining 4 replicate “triplets” per site. Each “triplet” of transects was
completed in the following order: one large transect, one medium transect at 4-5 meters
distance from the former and one small transect on the swim back of the medium transect,
while rewinding the reel thread. Distance among adjacent triplets was approximatively 30-

40 meters.

4.3.3 Data analysis
Each species was assigned to one of five functional groups following (Guidetti et al. 2008).

Groups were: high trophic level predators, small piscivores, invertebrate feeders group 1
(major predators of sea urchins), invertebrate feeders group 2 (whose diet seldom includes
sea urchins), small carnivorous crypto-benthic fish (including also juveniles of all species <
5 cm total length), planktonivores and herbivores (Tab.1). We split invertebrate feeders
into two groups similarly to Guidetti et al. 2008 because of the major role the few fish
species of group 1 can have in regulating sea urchin populations and hence potentially
controlling ecosystem states (Sala et al. 1998, Guidetti 2006b). The same species (Sparus

aurata, Diplodus sargus, Diplodus vulgaris) are also important fishery targets.

89



Tab. 1 Surveyed taxa and corresponding functional group and transect type adopted to recorded them.
HTLP= high trophic level Pedator, INV1= Invertebrate feeder type 1 (feeding mainly on sea urchins) INV 2=
invertebrate feeder type 2, CA_CB = carnivore cryptobenthic, PLA = planktonivore, HE = herbivore.

A =35 x 20 m transects, B= 25 x 5 m transects, C = 10 x 1 m transects. For each species, juveniles (total
length <5 cm and < 4 cm for Chromis chromis, Boops boops and Spicara spp. ) were classified as carnivore
cryptobenthic and recorded with transect C.

Transect

Taxon Functional group type

Anthias anthias PLA B
Apogon imberbis PLA B
Boops boops PLA B
Chromis chromis PLA B
Coris julis INV 1 C
Dentex dentex HTLP A
Diplodus annularis INV 2 B
Diplodus cervinus cervinus  INV 2 A
Diplodus puntazzo INV 2 B
Diplodus sargus sargus INV 1 B
Diplodus vulgaris INV 1 B
Epinephelus costae HTLP A
Epinephelus marginatus HTLP A
Labrus merula INV 2 B
Labrus viridis INV 2 B
Mullus surmuletus INV 2 B
Mycteroperca rubra HTLP A
Oblada melanura PLA B
Parablennius gattorugine  CA_CB C
Parablennius pilicornis CA_CB C
Parablennius rouxi CA_CB C
Parablennius tentacularis ~ CA_CB C
Parablennius zvonimiri CA_CB C
Sarpa salpa HE B
Sciaena umbra INV 2 A
Scorpaena spp. SP C
Scorpaena scrofa SP C
Serranus cabrilla SP B
Serranus scriba SP B
Sparus aurata INV 1 A
Sphyraena viridensis HTLP A
Spicara spp. PLA B
Spondyliosoma cantharus  INV 2 B
Symphodus cinereus INV 2 B
Symphodus doderleini INV 2 B
Symphodus mediterraneus INV 2 B
Symphodus melanocercus  INV 2 B
Symphodus ocellatus INV 2 B
Symphodus roissali INV 2 B
Symphodus rostratus INV 2 B
Symphodus tinca INV 2 B
Thalassoma pavo INV 2 B
Tripterygion delaisi CA _CB C
Tripterygion tripteronotus CA_CB C
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Effectiveness of two transect sizes to survey large mobile fish

First we analysed the effectiveness of using large (35 x 20 m?) or medium size (25 x 5 m?)
transects to survey 8 large mobile fish species and species sensible to fishing (Tab. 1). To
compare the effectiveness of the two transect sizes at surveying large mobile fish we
analysed two null hypothesis: i) the two transect sizes detected similar density, biomass
and species richness at each level of protection and ii) the two transect sizes were equally
effective in detecting an effect of protection. Accuracy and precision were the metrics used
to select the most appropriate transect size. We used higher density and biomass
estimates as a proxy for accuracy (Sale & Sharp 1983, Colvocoresses & Acosta 2007,
Mintevera et al. 2008). We quantified precision using the 95% confidence interval of the
mean estimates.

We analysed the data (8 species, 188 samples, 94 samples per each transect size) as
density (n/m?) and biomass (g/m?) using 4-way permutational multivariate analysis of
variance (PERMANOVA) (Anderson 2001) based on Bray-Curtis dissimilarity matrix.
“‘Region” (R) was treated as a random factor with three levels (Corse, Sardinia and Spain),
“Protection” (P) and “Transect size” (T) were treated as fixed orthogonal factors both with
two levels, respectively IN and OUT for P, and A (large transects) and B (medium
transects) for M. Site was treated as random factor with 4 levels nested in Region and
Protection. The interaction between the two fixed factors P and T was tested first, and, if
interactions were significant, post-hoc pairwise tests with Montecarlo test were performed
to compare among transect sizes (T) for each protection level (P), and among protection
levels for each transect size.

Non metric multidimensional scaling (nMDS) was used to visualise multivariate patterns.
Species relevant for contributing to the significant differences among levels of the
interaction factor were identified using similarity percentage (SIMPER) (Clarke & Warwick
2001).

Univariate metrics describing large mobile/shy fish (tab.1) assemblage structure - species
richness, density and biomass for all fish pooled, and for each species - were individually
compared between transect sizes by using univariate permutational analysis of variance
based on Euclidean distance to avoid any assumption on the distribution of the data. Since
our objective was to select the transect size allowing to identify most species of a fish
assemblage in a given area, we considered raw estimates of species richness per

transect, instead of standardizing it per transect surface.
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Finally, in order to assess if Permanova results were due to differences among means
and/or to differences among variances, we performed a PERMDISP analysis over the
hierarchy of scales (following Di Franco et al 2014). We first calculated in PERMDISP the
individual deviation values for each transect from centroids of the combined factor
Transect size-Site-Protection-Region (i.e. the distances, in the normalized Euclidean
space, of the individual replicates from the centroids of the 4 replicates in each site and
transect). The individual deviation values obtained were then analysed using
PERMANOVA under the same sampling design used above. The analysis was performed

both on univariate and multivariate abundance and biomass data.

High trophic level predators contribution to total fish assemblage

Once the difference among transect sizes was tested, we analysed protection effect
considering the whole fish assemblage, with univariate and multivariate analyses. For
these analyses, the 8 large mobile/shy species sampled by using both large and medium
transects, were removed from medium transects data matrix, in order to avoid overlap
among large and medium transect data matrix. Thus, 3 matrix were obtained, containing
data related to, respectively, (1) the 8 large mobile species sampled within large transects,
(2) all necto-benthic fish (> 5 cm TL) sampled within medium transects, excluding the 8
large mobile species that were sampled also within large transect, (3) crypto-benthic fish
and juveniles (<5 cm for necto-benthic fish and < 4 cm for the planktonivores C. chromis,
S. spicara and B. boops) sampled only in small transects. The three matrices were then
bind into one matrix accounting for the whole fish assemblage, and since species were
surveyed on different surface units and thus had different variance scales, we performed
the analysis on total counts and total biomass after down-weighting the dispersion
measure of each species, in order to obtain data with comparable variance scales (Clarke
et al 2006). This procedure consisted in dividing the counts/biomasses for each species by
their dispersion index D, i.e. the variance to mean ratio calculated from replicates within a
group (in our case the group was defined by the finest spatial scale, i.e. factor Site nested
in Protection x Region). The resulting dispersion-weighted data matrix had a common
(Poisson-like) variance structure across species, but unchanged relative responses of a
species in different groups (Clarke et al. 2006). Permutational multivariate analysis of
variance based on Bray Curtis dissimilarity were performed on down-weighted and then
square root transformed abundance and biomass data, Permutational univariate analysis

of variance based on Euclidean distance measure were performance on total abundance
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and biomass data. As before, to assess if Permanova results were due to real differences
among means or to differences in the variance, we assessed dispersion variability across
the hierarchy of levels of our sampling design ( Di Franco et al 2014). We calculated in
PERMDISP the individual deviation values for each down-weighted transect from centroids
of the combined factor Site-Protection-Region (i.e. the distances, in the normalized
Euclidean space, of the individual replicates from the centroids of the 4 replicates in each
site). The individual deviation values obtained were then analysed using PERMANOVA
under the same sampling design used above. The analysis was performed both on
univariate and multivariate dispersion-downweighted abundance and biomass data.

In order to evaluate the magnitude of the reserve effect for each functional group, we
analysed average effect sizes (ES) for each species based on Cohen’s index (Cohen
1988) calculated as the difference between the mean biomass inside the MPAs and the
mean biomass outside the MPAs, divided by the cumulated standard deviations of the two
means. To test for significance of effect sizes we computed 95% confidence intervals and
assessed if they overlapped or not with 0 (no overlap = significant ES). Finally, the
contribution of each functional group to total fish density and biomass was analysed at the
three MPAs, and relative contributions were compared between protected and non-
protected zones in each MPA.

Analyses were performed using the R 3.1.0 software (R Development Core Team 2014)
and the Primer 6 and PERMANOVA multivariate statistics package (Clarke & Gorley
2006).

4.4 Results

4.4.1 Effectiveness of two transect sizes to survey large mobile fish

Multivariate analysis on density and biomass data showed a significant interaction among
Region, Protection and Transect size (p=0.001 and p=0.002 respectively) (Tab. 2).
Pairwise tests on the interaction were performed between levels of Transect size and
between levels of Protection. Transect sizes A and B significantly differed for biomass data
inside the reserve both in Corsica (p=0.02) and Spain (p=0.002), while no significant
differences among transect size resulted in Sardinia nor outside the 3 MPAs (Tab. 3, Fig.
2). When density data was considered p values were close to significance for the same
regions (p=0.05 in Corsica and p=0.06 in Spain). Concerning the Protection factor, a

significant reserve effect on density data was detected by both transect sizes in the
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Tavolara MPA (Sardinia), and only by large transects in Cabo de Palos (Spain) (Tab. 3).

When biomass data was analysed, both transect sizes detected a significant protection

effect in all regions. Permdisp at the multiple scale showed that variances were

homogenous for the interaction factor Region x Protection x Transect size for both density

and biomass data (respectively p = 0.074 and p = 0.267).

Tab. 2 Multivariate Permanova on square root transformed density (n/m?) and biomass data (g/mz). Only high trophic
level predators and shy/mobile species are included in the analysis. Significant results are highlighted in bold.R=
region, P = protection, T ) transect size, S= site

D (n/m’) B (g/m’)
Source df Ms Pseudo-F P(perm) Mms Pseudo-F P(perm)
2 96.58 2.1763 0.019 4551.5 2.2742 0.019
1 435.48 8.1415 0.087 45653 28.302 0.115
T 1 78.976 0.84384 0.554 4480.8 1.413 0.403
RxP 2 53.492 1.2054 0.322 1613.1 0.80601 0.624
RXT 2 93.597 6.2932 0.001 3171.4 6.7217 0.001
PxT 1 68.065 1.0383 0.404 3388 1.8305 0.279
S(RxP) 18 44.431 2.1757 0.001 2003.1 2.1827 0.001
RxPxT 2 65.56 4.408 0.001 1851 3.9231 0.002
TxS(RxP) 18 14.86 0.7277 0.889 471.1 0.51334 1
Rs 143 20.421 917.72
Total 190

Tab. 3 Pairwise tests with Monte-carlo permutations for the
combined factor Region x Potection x Method (multivariate
Permanova) on square root transformed density (D, n/m?)
and biomass data (B, g/mz) . Tests were performed among
levels of the factor Protection and among levels of the factor

Method. Significant results are highlighted in bold.

Inside MPA

Transect A

Vs
Outside MPA

Vs
Transect B

Levels D B
Corsica, Transect A 0.087 0.035
Corsica, Transect B 0.1471 0.046
Sardinia, Transect A 0.036 0.009
Sardinia, Transect B 0.013 0.001
Spain, Transect A 0.029 0.001
Spain, Transect B 0.077 0.022
Corsica, IN 0.0512 0.019
Corsica, OUT 0.1448 0.215
Sardinia, IN 0.2515 0.739
Sardinia, OUT 0.728 0.342
Spain, IN 0.0603 0.002
Spain, OUT 0.204 0.124
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Fig. 2 Assemblage structure (in terms of biomass) of the eight high trophic level predators and rare species selected
for comparison of transect sizes. Two-dimensional nMDS ordinations of centroids for the combined factor Region x
Protection x Transect size are shown.

SIMPER for multivariate density and biomass on the combined factor Region x Protection
x Transect size showed that species responsible for transect size difference inside Cabo
de Palos were Epinephelus marginatus, Sciaena umbra with higher abundance and
biomass detected with large transects (Fig.3), Sparus aurata detected with higher
estimates in medium transects and Sphyraena viridensis, Diplodus cervinus and
Mycteroperca rubra detected only with large transects (Fig.3). E. marginatus, Dentex
dentex and S. umbra were also responsible for differences among transect size in the
Scandola MPA (Corse): more and larger individuals of E. marginatus and D. dentex were

detected with large transects, while S. umbra was better detected with medium transects.
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Fig.3 Average density and biomass + SE detected by method A (large transects 35x20 m) and B (medium
transects 25x5 m) for each of the 8 large mobile species, at each protection level and region.

Univariate Permanova on total density and biomass and on species richness also revealed
a significant interaction among the factors Region, Protection and Transect size (p=0.002
for density and p=0.001 for biomass and species richness of the large mobile fish; Tab.4).
Pairwise post-hoc tests were run for the interaction P x R x T, both among levels of the
factor Transect size (to analyse differences among transect sizes in surveying the fish
assemblage) and among levels of Protection (to analyse differences in the effectiveness of
both transect sizes in detecting a protection effect). Transect size A and B resulted
significantly different inside the Cabo de Palos MPA, with large transects (Transect A)
detecting higher density (n/m?), biomass (g/m?) and species richness (S) than medium
transects (Transect B) (Tab.5, Fig.4). Inside the Scandola MPA large transects detected
significantly higher species richness than medium transects (Tab.5, Fig.4), while inside the
no-take zone in Tavolara the two transect sizes were not significantly different. Outside the
MPAs there was no significant difference among the transect sizes, although in Cabo de
Palos and Scandola there was a trend of higher biomass and species richness detected

with large transects. For Tavolara, where fish biomass and density were lower than the
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other case studies, the trend was opposite, with medium transects showing a trend of
higher biomass, density and species richness than large transects (Fig. 4). Permdisp at
the multiple scale on univariate density data showed that variances were homogenous for
the interaction factor RxPxT (p = 0.234), while significant differences among variances
were found for biomass data for the same interaction factor (p=0.001). Pairwise post-hoc
tests among levels of the factor Transect size revealed that variances were not

homogenous among the two transect sizes inside Cabo de Palos MPA (p=0.03).
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Fig.4 Mean total density (n.m?), biomass (g.m?) and species richness (S) + SE detected by Transect size A (large
transects 35x20 m) and B (medium transects 25x5 m) at each protection level and region. Asterisks indicate significant
differences among methods.
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Tab. 4 Univariate Permanova on square root transformed density (D; n/mz) and biomass data (B; g/mz) and on raw
species richness data (S; number of species per replicate). Only high trophic level predators and shy/mobile species
are included in the analysis. Re = Region, T= transect size, P= protection, S = site. Significant results are highlighted in
bold.

D B S

Source df MS Pseudo-F P(perm) MS  Pseudo-F P(perm) MS Pseudo-F P(perm)
R 2 0.009 0.75 0.526 28.41 0.74 0.565 3.79 5.36 0.013
P 1 0.231 41.14 0.074 567.69 27.51 0.073 35.52 14.79 0.167
T 1 0.006 0.24 0.583 35.85 0.96 0.582 14.32 1.98 0.280
RxP 2 0.006 0.46 0.693 20.65 0.53 0.696 2.40 3.40 0.050
RxT 2 0.023 11.92 0.002 37.18 40.02 0.001 7.23 36.64 0.001
PxT 1 0.013 0.83 0.435 31.59 1.00 0.412 10.65 2.64 0.277
S(RxP) 18 0.012 2.55 0.001 38.78 4.15 0.001 0.71 1.20 0.264
RxPxT 2 0.016 8.33 0.002 31.54 33.95 0.001 4.04 20.49 0.001
TxS(RxP) 18 0.002 0.40 0.987 0.88 0.09 1.000 0.19 0.33 0.997
Rs 140 0.005 9.35 0.59

Total 188.00

Tab. 5 Pairwise tests with Montecarlo permutations for the
combined factor Region x Potection x Transect size (univariate
Permanova) on square root transformed density (D; n/m?) and
biomass data (B; g/m°) and on raw species richness (S) of the
large mobile fish. Tests were performed among levels of the
factor Potection and among levels of the factor transect size
Significant results are highlighted in bold.

Levels D B S
Corsica, Transect A 0.113 0.154 0.028
< § Corsica, Transect B 0.092 0.118 0.086
S _ 3 Sardinia, Transect A 0.002 0.01 0.008
é g 3 Sardinia, Transect B 0.005 0.013 0.002
£ 8 spain, Transect A 0.008  0.002  0.001
Spain, Transect B 0.219 0.061 0.128
Corsica,IN 0.636 0.934 0.03
< o Corsica,OUT 0.684 0.56 0.399
g o §  sardinia,IN 0429 0865  0.615
& & Sardinia,OUT 0104  0.162  0.204
FF SN 0.016  0.002  0.003
Spain,OUT 0.824 0.097 0.083

Concerning levels of the factor Protection, when univariate density and biomass data were
analysed, both transect sizes detected a significant effect of protection in Tavolara, while
in Cabo de Palos only transect A detected a significant effect of protection (Tab. 5). In
Scandola protection effect was never significant. When Permdisp pairwise post-hoc tests

were performed among levels of the factor Protection, variances were never homogenous
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among inside and outside each MPA. When species richness was analysed results were
consistent for Cabo de Palos and Tavolara, while for Scandola a significant protection
effect (p=0.03) was detected with transect A (Tab. 5).

When evaluating the precision of different transect sizes through the analysis of 95%
confidence intervals (Fig. 5), differences among the two transect sizes appeared highly
variable depending on the region and protection level. Inside the three MPAs larger
transects showed a trend of larger confidence intervals (thus lower precision) than medium
transects, with the exception of Tavolara for biomass data, where the trend was opposite.
Outside the three MPAs, when density data was considered larger transect resulted more
precise than medium ones. Considering biomass data this trend was confirmed only for
Tavolara, while outside Scandola and Cabo de Palos larger transects appeared less

precise.
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Fig. 5. 95 % confidence intervals on the mean density and biomass estimates within and outside the three marine
protected areas
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4.4.2 Fish assemblage analysis

Multivariate analysis revealed a significant interaction among the factors Region and
Protection for both abundance and biomass data (p = 0.001, Tab. 6). Pairwise tests
showed a significant effect of protection in Sardinia and Spain, while no significant
protection effect was highlighted in Corsica.(Tab. 7, Fig. 6).

Permdisp at the multiple scale showed that after dispersion weighting, variances were
homogenous for all interaction factors and for the protection factor, while significant

differences among variances were found only for the factor Region.

Tab. 6 Multivariate Permanova on square root transformed abundance (n) and biomass (g ) data for the
whole fish assemblage. Significant results are highlighted in bold.

N B
Source df MmS Pseudo-F P(perm) MS Pseudo-F P(perm)
R 2 9472.7 4.6514 0.001 9735.3 4.2272 0.001
P 1 12392 3.0522 0.146 14166 3.1114 0.154
RxP 2 4082.3 2.0046 0.003 4577.1 1.9875 0.003
S(RxP) 18 2059.6 1.6959 0.001 2326 1.5638 0.001
Rs 67 1214.5 1487.4

Total 90

Tab. 7 Pairwise tests with Montecarlo
permutations for the combined factor Region x
Potection on dispersion weighted and square
root transforTd abundance (n) and biomass (g)
data . Tests were performed among levels of the
factor Potection. Significant results are
highlighted in bold.

Corsica 0.272 0.232

Sardinia 0.002 0.001

Inside MPA
Vs
Outside MPA

Spain 0.001 0.001
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Fig.
6 Fish assemblage structure for dispersion down-weighted and square root transformed biomass data. Two-
dimensional nMDS ordinations for the centroids of the combined factor Region x Protection are shown.

Univariate analysis for the whole fish assemblage revealed no significant effect of
protection, although for biomass data the probability approached the threshold (p = 0.089)
(Tab.8). Permdisp at the multiple scale showed significant differences among variances

only for the factor Site.

Tab. 8 Univariate Peranova on dispersion weighted and square root transformed abundance (n) and biomass (g) data for
the whole fish assemblage. Significant results are highlighted in bold.

N B
Source df MS Pseudo-F P(perm) Mms Pseudo-F P(perm)
R 2 106.2 0.52357 0.674 4.3569 1.7429 0.189
P 1 1158.9 25.302 0.103 28.174 34.772 0.089
RxP 2 45.658 0.2251 0.871 0.81091 0.32438 0.783
S(RxP) 18 206.74 3.2346 0.002 2.5498 3.5203 0.001
Rs 67 63.915 0.72431
Total 90

The analysis of effect size showed that high trophic level predators (HTLP) were always
significantly responding positively to protection (95 % confidence intervals of the effect size
not overlapping 0), with the exception of Muraena helena (Fig. 7). In average, the
magnitude of HTLP response (Significant effect size = 0.43) was the highest compared to
all other functional groups. Epinephelus marginatus had one of the largest effect sizes

compared to all other species (E.S.= 0.84). Invertebrate feeders 1 and 2 were the only
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other groups showing a significantly positive response to protection. While all species of
group 1 had positive effect sizes, the magnitude and direction of the response in group 2
was highly species-specific. The response of small piscivores, crypto-benthic fish and
planktonivores was also highly variable, with most species not showing significant
increases within the no-take zones. Some species showed higher biomasses outside the
MPAs (negative E.S.) (Scorpaena scrofa, Diplodus annularis, Parablennius gattorugine
and the two planktonivores Anthias anthias and Boops boops), although significance could
not be assessed for most of them since these species were not recorded at all three MPAs
in this study and therefore was not possible to calculate confidence intervals. The largest
positive response to protection was shown by the crypto-benthic fish Tripterygion delaisi
with an effect size of 0.87 (Fig. 7).
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Fig.7 Average effect size + IC 95% calculated for each species (points) and trophic group (squares) based on Cohen’s
Index. Black points stand for significantly positive effect size, meaning error bars not overlapping 0, or markedly
positive effect sizes (when confidence intervals could not be computed). Grey points stand for non-significant effect
size, or just negative or null effect sizes when error bars could not be computed. Bright red squares mean
significantly positive effect size for trophic class, opaque red means non- significant effect size.

Analysis of functional groups percentage composition showed that in terms of density, the
relative contribution of functional groups to total fish assemblage did not vary markedly
within and outside the three MPAs, with planktonivorous and carnivorous crypto-benthic
and juvenile fish always dominating, followed by invertebrate feeders of type 1 (Fig. 8).
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When biomass data were considered, the high trophic level predators showed larger
contributions within than outside the three MPAs: almost 50% within vs 2% outside Cabo
de Palos MPA, 25% vs <2% in Scandola and 9% vs <1% in Tavolara. In the no-take zone
of the Cabo de Palos MPA (Spain) (148 + 26 g/m? total biomass), the HTLP biomass was
the highest, followed by that of invertebrate feeders of group 2 (18%). Outside the MPA
(70 + 16 g/m? total biomass), fish assemblage biomass was more equally partitioned
among invertebrate feeders and planktonivorous fish (36 % and 32 % respectively). In the
no-take zone of the Scandola MPA (Corse) (218 + 52 g/m2 total biomass), high trophic
level predators reached 25 % of the total fish biomass, but the trophic pyramid was
dominated by necto-benthic carnivorous fish (58% of total biomass). Outside this MPA (79
+ 12 g/m? total biomass) the biomass of carnivorous necto-benthic fish showed the highest
percentage (53%), followed by planktonivores and herbivores (31% and 11 %
respectively). Finally, in the no-take zone of Tavolara MPA (ltaly) (83 + 12 g/m? total
biomass), the necto-benthic carnivorous fish dominated ( 49%) followed by herbivores and
planktonivores (approximatively 20% each). Outside this MPA (18 + 3 g/m? total biomass)

the relative proportions of the groups, except HTLP, were fairly consistent with the no-take

zone (Fig. 8).
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Fig. 8 Functional groups density and biomass percentage inside and outside the three MPAs. For each species,
juvenile fish (total length <5 cm and < 4 cm for Chromis chromis, Spicara spp and Boops boops) were classified as small
crypto-benthic carnivores.
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45 Discussion

Here, we highlight how adopting large size transects (20 x 35 m) instead of standard 5 x
25 m transects to survey large mobile and shy fish within MPAs increases the accuracy of
density and biomass estimates, allowing to reduce the bias of under-estimation due to the
common avoidance behaviour of these fish. Next, through the adoption of three transect
sizes to survey the whole fish assemblage at three Mediterranean MPAs, we highlighted a
significant effect of protection on high trophic level predators, whose response was always
higher in magnitude than that of other functional groups. Trophic pyramids differed within
and outside MPAs due to the larger contribution of HTLP to total fish biomass at protected
sites. This, coupled with the highest contribution of HTLP to total fish biomass at older

MPAs, suggests this metric as an effective indicator of MPA performance.

4.5.1 Effectiveness of two transect sizes to survey large mobile fish

Achieving a realistic estimate of fish assemblage density and biomass through visual
census is an arduous task. On one hand, many authors agree that UVC underestimates
the true abundance of fish, since a human observer will likely always miss a small
percentage of fish that are really on the census area (e.g. Sale & Douglas 1981, Sale &
Sharp 1983, Short & Bayliss 1985). Thus, when several visual census methods are
compared, greater accuracy is generally assumed to be represented by the highest
density of fish recorded (Samoylis & Carlos 2000, Mintevera et al. 2008). On the other
hand, other authors suggest that underwater visual census may overestimate the
abundance of fish because of non-instantaneous counts being performed (Ward-Paige et
al. 2010, Trebilco et al. 2013). This bias can occur especially in presence of predator
fishes displaying high swimming speed and attractive behaviour towards divers (Ward-
Page et al. 2010). The mobility of fish relative to the census area is likely to have the
greatest effect on the accuracy of the visual census method (Myers 1989): simultaneously
counting a range of species with different mobility leads to lesser accuracy in estimates
than if species groups are counted separately using the most adapted method to their
mobility ((Smith 1989, De Girolamo & Mazzoldi 2001). In this perspective, we analysed the
effectiveness of large sized transects and medium sized transects at recording large
mobile and shy fish, that in the Mediterranean are generally surveyed using the same
transect dimensions adopted for all necto-benthic fish (Prato et al. in prep). Strip transects

of larger size resulted more accurate than medium ones in no-take zones of older MPAs
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(Cabo de Palos and Scandola), detecting higher abundance and biomass of large mobile
fish. In particular, Dentex dentex, Sphyraena viridensis and Mycteroperca rubra were
always more accurately surveyed with larger transects (i.e. higher abundances and
biomass in large transects). Large transects also reached higher density and biomass
estimates for Epinephelus marginatus in Scandola and Cabo de Palos MPAs. By
comparing dispersion of the data across the full hierarchy of scales we could moreover
confirm that identified differences among transects sizes for the single species were
actually due to real differences in the estimated means and not to differences in their
dispersion. These results well agree with what observed by Kulbicky (1998), i.e that larger
numbers of shy fish would be observed further away from the observer than directly on the
transect path. Even where these species are abundant, such as in our above-mentioned
case studies, they will still keep at a “safety distance” from the observer, thus the
probability of detection (sensu Kulbicky, 1989) within a distance of 10 m is higher than that
of detecting them within 2.5 from each side of the observer. Larger transect size could thus
help reducing the bias of under-estimation due to fish behaviour. Additionally, the possible
overestimation bias of non-instantaneous visual counts due to the higher speed of the
large mobile fish with respect to the speed of the observer (Ward-Page et al. 2010), is
unlikely to insist here. As stated also in Guidetti et al. 2014 in fact, the large mobile fish in
the analysed ecosystem are not particularly fast-swimming species that can be attracted
by divers. Moreover, larger transects were surveyed at an average speed (700m? / 5min)
approximatively 8 times higher than the speed of survey on medium transects (125m? /
8min), thus overestimation bias due to fish flux across the sampling surface is likely
reduced. Nonetheless, further testing would be needed to formally assess this issue.

In unprotected areas and in the Tavolara MPA, finally the two transect sizes did not
significantly provide different estimates , although a trend of higher density estimates was
observed with smaller transects. This trend could be due to the smaller individuals
observed in the external sites and in Tavolara MPA. Indeed, smaller dusky grouper
individuals tend to be more hidden in crevices and thus be less visible, which might explain
why an observer having to survey a larger surface would miss them (Cheal & Thompson
1997, Bozec et al. 2011). In medium transects a smaller area can be more easily searched
and thus it is more probable to detect more sedentary and hidden species (Mintevera et al.
2008), such as, in our case, smaller individuals of the dusky grouper. Although large
mobile fish were not considered in their study, Mintevera et al 2008 compared nested

cylinders of varying radius length to survey fish of different size classes, showing that best
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density estimates for small sized individuals were obtained on smaller surfaces, while
larger individuals were recorded with higher accuracy and precision in larger surface units.
The same is likely happening in our case, and although we did not directly test it, the
approach would possibly benefit from a separation among size classes for the large mobile
fish.

Both transect sizes were effective in detecting a protection effect at the three MPAs,
although the lower abundance estimates provided by small transects did not allow to reach
significance when total density estimates were analysed. Finally, differences in precision
among the two transect sizes did not show clear univocal trends within and outside the
MPAs. The trend of lower precision shown by large transects within MPAs is likely due to
the detection of more rare and shy species (i.e M. rubra, E. costae, S. viridensis,) that are
always missed by medium transects, and generally absent outside the MPAs due to their
avoidance behaviour. The choice of the transect size to be adopted should thus balance

the trade-offs of detecting higher number of species, while achieving lower precision.

4.5.2 Fish assemblage analysis

Overall, the higher accuracy (i.e. biomass) and species richness on large transects in two
of the three MPAs, coupled to the non-significance in transect differences in Tavolara led
us to select the combination of large, medium and small transect sizes, as the best option
to analyse the full fish assemblage and assess the relative contribution of high trophic level
predators to fish biomass within the three MPAs.

A significant effect of protection was detected both for large mobile fish analysed alone
and for the whole fish assemblage at both the Cabo de Palos and Tavolara MPAs, in
agreement with previous studies (Garcia-Charton et al. 2004, Di Franco et al. 2009). For
the Scandola MPA instead, a protection effect was detected only for large mobile fish, and
not when the whole fish assemblage was analysed. This result was probably a
consequence of the high among-site variability in this MPAs, as confirmed by a significant
difference among dispersions at the site scale. Within the no-take zone in fact remarkably
high biomass estimates were concentrated in one particular site (Palazzu). On one hand,
the exposure and structural complexity of this site make it a refuge zone for the dusky
grouper in particular (Francour 1994). Striking differences in fish biomass have indeed
been observed since few years after the MPA establishment, when this site was compared
with the same external sites we surveyed (Francour 1989). Since 1995 moreover, an

almost exponential increase in the abundance of dusky groupers has been observed at the
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same site, highlighting the occurrence of a strong refuge effect after fishing was banned
(Seytre et al. in prep). On the other hand, one site within the no-take zone showed
biomass values in the same range of those observed outside the MPA, which were
relatively high for a non-protected area. The protection effect in this MPA is thus likely
masked by a combination of factors: a high inter site variability within the no take zone,
probably linked to differences in the geomorphological complexity of the habitat, and a
relatively high abundance and biomass of fish outside the MPA (79 g/m2 outside
Scandola, a higher value than what observed in a multitude of non-protected areas across
the Mediterranean (Sala et al. 2012, Guidetti et al. 2014).

Overall, the average response of HTLP to protection was always positive at the three
MPAs, and was higher in magnitude than the response of other functional groups.
Invertebrate feeders of group 1 were also always favoured by protection since they
included species usually targeted by fishing. Lower trophic level species (many of which
are also non - commercial species) showed high variability in response, including
reduction of some species in the MPAs, which highlighted the occurrence of possible
indirect effects of protection through predation or competition for resources. These results
were similar to meta-analytical studies encompassing several Mediterranean MPAs
(Micheli et al. 2004, Guidetti 2007), and well corresponded to the response observed by
the same trophic groups in well enforced MPAs (Guidetti et al. 2008). Nonetheless,
although cascading trophic interactions are likely occurring at the species level, at the
trophic group level there was no significant evidence of biomass reduction within the MPAs
compared to the exploited sites. Exploitation at the non-protected sites is thus likely to
have larger impact across the food-web than the top-down control exerted by high trophic
level predators at protected sites (Soler et al. 2015).

Finally, analysis of trophic pyramids showed that biomass contribution of high trophic level
predators is larger within each MPA than outside compared to other functional groups,
markedly contributing to total fish biomass in the total protection zones. As also suggested
by Soler et al 2015, such disparity in biomass ratios between MPAs and open access sites
for the different trophic groups implies a trophic re-organisation that is likely to have
substantial consequences for ecological functions. This is likely to be more evident at older
and highly enforced MPAs like Scandola (1975) and Cabo de Palos (1995), where HTLP
contribution to total fish biomass eventually led to top heavy trophic pyramids and was
higher than in the more recently established and enforced Tavolara MPA (1997, but

enforced in 2003). Similar trends were observed in a study covering 13 MPAs and 17
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unprotected sites across the Mediterranean (Guidetti et al 2014), suggesting that this

metric is a useful indicator of MPA performance.

4.6 Conclusion

It has been demonstrated that high trophic level predators keep increasing in MPAs up to
several years after protection (Garcia Rubies et al. 2013), and long term monitoring
programs are thus essential to establish whether carrying capacity has been reached or
not for these species (Garcia Rubies et al. 2013). On the basis of our results, we
additionally suggest that such monitoring programs should adopt transects of variable
surface adapted to fish mobility and behaviour, as it is has long been suggested (Harmelin
Vivien et al. 1985). Although the use of the 20 m transect width we proposed might be
limited by lower visibility conditions in the cold season and increase the chance of errors in
surface estimations, we suggest that the necto-benthic fish and large mobile fish should be
counted separately, especially in MPAs with high fish abundance, and that the size of the
transects should be larger for large mobile fish than for necto-benthic fish. We did not test
if separating the counts for large mobile fish and necto-benthic fish would also increase the
accuracy of counts for the latter, but this is very likely to be the case especially in MPAs
with high abundances of both groups. Counting a small number of fish is in fact generally
more accurate than counting a large number (Cheal & Thompson 1997, De Girolamo &
Mazzoldi 2001).

Adoption of transects of variable surface respectively for large mobile fish, necto-benthic
fish and cryptic fish, in monitoring programs would be a simple improvement to traditional
one-size transect surveys, and would allow to increase the accuracy of total fish
assemblage estimates within MPAs, especially when the abundance of high trophic level

predators within them is significantly recovering.
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Section 2. Food web modelling

The trophic re-organization observed within MPAs linked to the large increase in high
trophic level predators biomass, as highlighted in Chapter 4, is likely to affect ecosystem
functions and their reponse to human impacts (Soler et al 2015). Food-web modelling
allows to wunravel trophic interactions and to dig deeper on the effects of
protection/exploitation on ecosystem functions (Libralato et al. 2010, Plagany et al. 2014).
In this section we aim to test the potential of food web modelling with Ecopath and
EcoTroph as a management tool within MPAs. If the process of model building is simplified
and standardised while kept reliable (Chapter 5), EWE modelling could be incorporated to
the management of MPAs., both as an integrative approach to make the most of existing
data and build upon it according to management needs (Chapter 6), as well as a driver

and guide for efficient monitoring (Chapter 7)

Portofino

Cap Roux P -,%6

Port Cros & 7
5

Location of the MPAs for which models where developed (Portofino, Cap Rox) or analysed (Port Cros) in
the chapters of this section.

Ecopath and EcoTroph core principles and equations

Ecopath
The EwE modelling approach (Christensen & Pauly 1992, Christensen & Walters 2004) is

founded on the Ecopath model, which provides a quantitative representation of the studied

ecosystem in terms of trophic flows and biomasses for a defined time period (a snap-shot).
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The ecosystem is represented by trophically linked functional groups, which can be
composed of species, groups of species with ecological similarities, or ontogenetic
fractions of a species.

The key principle of Ecopath is mass balance: for each group represented in the model,
the energy removed from that group, for example by predation or fishing, must be
balanced by the energy consumed, i.e. consumption. Two linear equations represent the

the energy balance among groups (Eq.1) and the energy balance within a group (Eq.2) :

P/B; x B, =B, x P/B; x (1 - EEi) + ZNJ- (Q/B)” x Bi x DCji +Y;+ NM; + Ba; (1)
Qi=P; + R; + UA, (2)

N is the number of functional groups in the model, B is the biomass, P/B is the production
rate, Q/B is the consumption rate, DC;, the diet composition, is the fraction of prey i
included in the diet of predator j, NM; is the net migration of prey |, BA; is the biomass
accumulation of prey i, Yiis the catch of prey i and EEi is the ecotrophic efficiency of prey i,
i.e. the fraction of production which is used in the system, R the respiration, P the
production, Q the consumption, and UA the unassimilated consumption because of
egestion and excretion. The quantity (1 - EE) x P/B is the ‘other mortality’ rate

unexplained by the model.

Ecopath parameterizes the model by describing a system of linear equations for all the
functional groups in the model. For each functional group, three of the basic parameters:
Bi, (P/B)i, (Q/B)i or EEi have to be known in addition to the fisheries yield (Yi) and the diet
composition. The energy balance within each group is ensured when consumption by
group (i) equals production by (i), respiration by (i) and food that is unassimilated by (i)
(see Eq. 2). The units of the model are expressed in terms of nutrient or energy related
currency by unit of surface (frequently expressed as tons x km™= x yr™).

One of the main outputs that Ecopath provides is the trophic level of each group, which
characterizes their position within ecosystem’s food web (Lindeman, 1942; Odum & Heald,
1975). By convention, primary producers and detritus have TL = 1, while values for
consumer groups are calculated from the weighted average TL of their prey.

The TL is computed as follows:

T = 1+ Z( DCji X ‘Ci) (3)
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Where j is the predator of prey i, DC;j is the fraction of prey i in the diet o fpredator j and t;

is the trophic level of prey i.

Ecotroph
The EcoTroph model is based on two key ideas. The first key idea is that an ecosystem

can be represented by the distribution of its biomass across trophic levels (TLs). This
distribution is called the biomass trophic spectrum (Gascuel et al. 2005). The biomass
enters the food web at TL=1, generated by primary producers or recycled by the microbial
loop (Figure 3.1). Between TL=1 and TL=2, There is no biomass between TLs 1 and 2, all
animals being at a TL equal to (for herbivores and detritivores) or higher than 2. At TLs>2,
the biomass is composed by heterotrophic organisms with mixed diet and fractional TLs
resulting in a continuous distribution of biomass along TLs (the biomass trophic spectrum,
Gascuel et al. 2005)

The second key idea is that the trophic functioning of marine ecosystems is modelled as a
biomass flow surging up the food web from lower to higher trophic levels (Figure 3.1).
Each organic particle moves more or less rapidly up the food web according to abrupt
jumps caused by predation and to continuous processes (ontogenic changes in TLs). All
particles jointly constitute a biomass flow which is considered together using a continuous
model (Gascuel et al. 2008).

Based on the traditional equations of fluid dynamics, the flow of the biomass present in the

ecosystem at TLt under steady-state conditions is expressed as:

¢(t) = D(r) x K(7) (4)

Where ¢(t) refers to the amount of biomass that moves up the food-web through TLz
(expressed in tons per year), D(1) is the density of biomass at trophic level T (expressed in
tons per trophic level) and K(t) is the speed of flow, which quantifies the velocity of
biomass transfers in the food-web (expressed as the numbers of TLs crossed per year).

The continuous distribution of the biomass across a trophic level is calculated using a
discrete approximation based on small trophic classes. EcoTroph conventionally considers
trophic classes of width At equal to 0.1 TL, from Trophic Level 2 (corresponding to first-
order consumers) to Trophic Level 5 (value considered sufficient to cover all top predators
likely to occur in marine ecosystems). Thus, the mean biomass Br (in t), which is present
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in the [t,t+A1] trophic class under steady-state conditions, can be estimated as |D (t) x dt

or D(t) x At for a small interval At. Therefore:
Br=¢t x At/ Kt (5)

where ¢t and Kt are the mean biomass flow and mean speed of flow within the [r,1+AT7]
trophic class, respectively.

As natural losses occur during trophic transfers (through non-predation mortality,
respiration, and excretion), the biomass flow ®z is a decreasing function of TL. Exploitation
by fisheries can be considered a diversion of one part of the trophic flow, which adds to
this negative natural trend. Therefore, from one trophic class to the next, the biomass flow

is calculated as
o+l = ot *x expl-(uto;) XAt] (6)

where . is the natural loss rate (related to excretion and respiration) and o, is the fishing
loss rate (with ¢, = F. / K, where F is the fishing mortality). Eq. (6) implies that the biomass
flow at a given TL depends on the flow from lower TLs. Thus, it implicitly introduces a
bottom—up control of prey on predators in the model. Eq. (6) also defines the net transfer
efficiency (NTE) between continuous TLs as exp(-ur).

The speed of the biomass flow Kt (flow kinetic) depends on the turnover of the biomass,

and must be estimated for each trophic class. It is expressed as
K= (P/B) © (7)
Kt is first estimated for a reference state (usually the current state). Then, starting with

values defined for the reference state, the speed of flow for a given simulated state is

calculated using the top-down equation:

B;J(red_B;/ef,pred
K = [Krefr — Frefq] [1 +oc, x y—] + E, (8)

Bref,pred
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This equation takes into account the effect of fishing on flow kinetics Kt and the effect of
predators on prey. Fishing reduces the life expectancy of individuals; animals spend less
time in their trophic class and hence the speed of flow is increased, according to the term
of fishing mortality Ft. The speed of flow at TL t depends partly also on the abundance of
predators (Bpreq), Since the more predators there are, the faster prey are likely to be eaten.
The coefficient <, defines the intensity of this control and may vary between 0 (no top-
down control) and 1 (all natural mortality M. depends on predator abundance). The
coefficient y is a shape parameter varying between 0 and 1, defining the functional
relationship between prey and predators.

Equations (5), (6), and (8) are used to calculate the biomass trophic spectrum Bt for any
simulated fishing pattern

Finally, catches per time unit (in tons x year™') are derived from earlier equations, as

follows:

Yt=optdtAtor YT =F1Br (9)

where Fz is the usual fishing mortality (year™), defined as the ratio Y1/Bt and equal to ¢t
At (from Equations (5) and (9)). Since only a fraction of ecosystem biomass is usually
accessible to fisheries, a selectivity coefficient St estimated from field observations or from
a theoretical selectivity function (see Gascuel et al. 2011 for details) is added to the model.
Hence, Bt and Fr are replaced by the accessible biomass B*t and the accessible biomass
flow F*t in Equation (9). Two distinct kinetics of trophic transfer are used to characterize
the speed of flow in the reference state, one for the entire biomass (K ). and the other
for the accessible biomass only (K*f ) ,accounting for the fact that exploited species
usually do not have the same characteristics as the unexploited ones.

Equations presented here constitute the core of the ET-Transpose and ET-Diagnosis

routines accessible through an R package which was used in this PhD work.
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ABSTRACT: Mass-balance trophic models (Ecopath and EcoTroph) are valuable tools that can be
used to describe ecosystem structure and functioning, identify target species to be monitored, and
allow comparisons of ecosystem states under different management options. Nevertheless, the
Ecopath modelling approach is constrained by 2 major sources of uncertainty: model complexity
and input data quality. We developed an approach for identifying the optimum model structure
that considers trade-offs between feasibility, complexity, and uncertainty, using a Mediterranean
coastal ecosystem as a case study. We began with an existing well-documented and good-quality
food-web model comprising 41 functional groups at Port-Cros National Park, France. Based on
this model, we assessed the effects of different aggregation choices, driven by a simplification of
sampling effort, on the Ecopath and EcoTroph model outputs. We identified the functional groups
in which imprecise biomass input significantly influenced the food-web model, and measured the
relative effects on the ecosystem trophic structure and ecosystem maturity and complexity indices.
A simplified model comprising 32 functional groups was identified as the best compromise
between model complexity and reliability. High trophic level predators, abundant primary pro-
ducers, and groups with a high biomass and/or diversified diet significantly influenced the model
structure. We concluded that the collection of local and accurate biomass data, especially for the
most influential functional groups we identified, should be a priority when developing food-web
models for similar ecosystems. Our method enables simplified and standardized models, while
considering both the feasibility and reliability of the Ecopath and EcoTroph applications for
Mediterranean coastal ecosystems.
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INTRODUCTION

With the oceans facing increasing impacts by
humans, unravelling the complexity of marine eco-
system functioning and species interactions has
gradually become a pressing necessity. Single spe-
cies approaches are not sufficient to ensure a sustain-
able exploitation of marine resources (Botsford et al.

*Corresponding author: gprato@unice.fr

1997, Hofmann & Powell 1998). Instead, ecosystem-
based approaches enable a deeper understanding of
the consequences of human exploitation by consider-
ing the whole ecosystem, and assist managers in im-
plementing the sustainable use of natural resources
(Coll et al. 2013a).

The development of the ecosystem approach to
fisheries has triggered an exponential growth of
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modelling tools worldwide (Plaganyi 2007, Espinoza-
Tenorio et al. 2012). Originally developed by Polov-
ina (1984), Ecopath with Ecosim (EwE) (Christensen
& Pauly 1992, Walters et al. 1997, Christensen & Wal-
ters 2004) is the most widely used approach to repre-
sent marine food webs. About 400 EwWE models with
different objectives and representing a wide variety
of ecosystems worldwide have been published
(Colléter et al. 2013), ranging from exploring food-
web interactions to computing ecosystem indicators
useful for cross-system comparisons, as well as for
assessing the impact of fishing or marine protected
areas (MPAs) on the ecosystem (Pauly et al. 2000,
Christensen & Walters 2005, Guénette et al. 2014).
Ecopath is a mass-balanced and species-based
model in which species with similar life cycles and
diets are aggregated into functional groups. The
descriptive Ecopath model is the key initialization
step in the EwE modelling process, from which fur-
ther dynamic and spatial predictions can be simu-
lated with Ecosim and Ecospace for policy scenario
testing (Walters et al. 1997, 1999). EcoTroph, a tropho-
dynamic model recently integrated as a plug-in in the
EwE software (Gascuel 2005, Gascuel & Pauly 2009,
Gascuel et al. 2009, 2011), is based on the idea that
an ecosystem can be represented by the distribution
of its biomass across trophic levels (TLs), called the
biomass trophic spectrum. The simplified picture of
ecosystem functioning provided by EcoTroph has
proven to be very useful for exploring theoretical
aspects of ecosystems, as well as for analysing the
impacts of fishing or protection (Colléter et al. 2012,
Gasche & Gascuel 2013).

The use of ecosystem models such as the EwE
model is generally constrained by 2 major sources of
uncertainty: (1) structural complexity (Abarca-Arenas
& Ulanowicz 2002, Fulton et al. 2003, Pinnegar et al.
2005, Johnson et al. 2009), and (2) the amount and
quality of the input data (Essington 2007, Link 2010,
Fulton 2010, Kearney et al. 2013, Lassalle et al. 2014).
Structural complexity in Ecopath models is measured
as the number of compartments in the model, the
way species are aggregated in these compartments,
and the inclusion of stanzas, i.e. groups representing
different life history stages for species that have a
complex trophic ontogeny. In fact, it is unrealistic to
include all interactions at the species level in a food
web model. Moreover, adding complexity does not
necessarily improve a model's performance, but gen-
erally increases uncertainty (Fulton et al. 2003). Spe-
cies aggregation is thus necessary, but can strongly
influence the model outputs. The over-aggregation
of certain components of the food web, at either the

upper or lower trophic levels, produces models with
very different behaviours (Pinnegar et al. 2005) and
has sometimes led to dissimilar and conflicting rec-
ommendations for management action (Punt & But-
terworth 1995, Yodzis 2001). In addition, Ecopath
models require a large amount of input data, the
quality of which can vary significantly. An in-depth
evaluation of the sensitivity of Ecopath models to
imprecise input data showed that the Ecopath model-
ling process is most sensitive to biomass and produc-
tion rate parameters, and only occasionally sensitive
to consumption rate and diet (Essington 2007). In our
analysis, we decided to focus on the biomass input
parameter. Biomass is of direct relevance to marine
resource management, yet it is not easy to estimate
accurately for the totality of the food web compo-
nents due to the costs and constraints of sampling in
the marine environment.

In the Mediterranean Sea, several Ecopath models
have been built with various levels of detail, depend-
ing on the research questions and data availabil-
ity (Table 1). For some exploited ecosystems (e.g.
Northern Adriatic Sea, South Catalan Sea, Northern
Aegean Sea, and Greek Ionian Sea), rather compre-
hensive models have been developed that include
more than 30 functional groups based on the high
availability of biomass data from industrial fishing
monitoring (experimental trawling) (Table 1). In con-
trast, few models (e.g. Libralato et al. 2006, Albouy et
al. 2010, Valls et al. 2012) representing coastal zones
in the Mediterranean Sea have been developed and
used to analyse MPAs (Table 1). The scarcity of food-
web models for the Mediterranean coastal MPAs is
likely due to the high diversity and complexity of
their food webs (Sala 2004), and the many challenges
in terms of data collection. A protected area is a zone
in which fishing and other human impacts are
restricted to achieve conservation objectives. Thus,
destructive sampling methods such as experimental
fishing (i.e. trawl surveys), which could provide
extensive data on the studied ecosystem, are gener-
ally prohibited or limited. However, less destructive
methods also have limitations. Underwater monitor-
ing techniques, such as visual censusing to assess
fish and mega-invertebrate biomass or suction
pumps to sample macrofauna, are time consuming
and require a considerable workload for collecting
the samples in the field and analysing them at the
laboratory. Thus, field-based estimates of biomass
are generally available only for a subset of species of
recognized ecological importance in coastal zones
and/or of particular management relevance in pro-
tected areas. For instance, in the Mediterranean,
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These groups are

thus common monitoring targets in

there is extensive knowledge on
Mediterranean MPAs, while we face

the trophic interactions between sea
bream, sea urchins, and macroalgae
and their role in controlling coastal

ecosystem states (Sala et al. 1998,

a lack of data and knowledge for
many other functional groups (Sala
2004). Consequently, the application
of food-web modelling has remained

relatively limited in coastal Medi-

terranean ecosystems.

The objective of this work was to
determine an optimum and stan-

dardized model structure to repre-

the trade-offs between feasibility,
complexity, and uncertainty. To do

sent a northwestern Mediterranean
coastal food web that accounts for

so, we selected the Ecopath model
representing the MPA of Port-Cros,
a French marine national park in
the northwestern Mediterranean Sea
(Valls et al. 2012). This model was

able data and identify knowledge
gaps regarding the described ecosys-
tem. Thus, the study presents de-

originally built to synthesize all avail-
tailed information on species aggre-

gation into the 41 defined functional
groups (Table 2), which makes it the
most detailed model available repre-
senting a Mediterranean coastal food

web (Table 1). Such a comprehensive
synthesis was made possible by the
many years of research and moni-
toring that produced a significant

were estimated from

amount of data for this old MPA,
created in 1963 (e.g. Khoury 1987,
local field-based studies for 57.5 % of

Francour 1990). Hence, the biomass
We used the original Port-Cros

the functional groups, which is a rel-
atively high score compared to simi-
lar modelled ecosystems (Table 1).
model as our control state, and we
simplified its trophic structure by
applying different levels of species

aggregation, the choice of which was
driven by sampling feasibility con-
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Table 2. The 41 functional groups of the Port-Cros control

model. Details in Valls et al. (2012). Only the least destruc-

tive methods were considered: visual survey (VS), visual

census (VC), acoustics (Ac), suction sampler (SS), scraping

(SC), plankton nets/bottles (PNB), chlorophyll remote sens-

ing (CRS), corer (Co), and net fishing (NF). The groups in
bold are those considered for aggregation

Sampling method Functional group
VS Seabirds

VvC Amberjack+

vC Dusky grouper — medium
vC Dusky grouper — large
vC Dusky grouper — small
VC, NF Rays

VC, NF Large-scaled scorpionfish+
VC, NF Scorpionfishes+
VC, NF Striped red mullet+
VC, NF Pagellus

VC, Ac, NF Horse mackerels+
VC, NF Diplodus+

VC, NF Wrasses

VC, NF Mullets

VC, C Cephalopods

VC, SS Blennies

VC, SS Pipefishes+

VC, SS Gobies

SS, SC Gastropods

SS Small crustaceans
SS Amphipods

SS Brittle stars+

SS, SC Suspensivores

SS, VC Crabs

SS, VC Decapods

SS, Co, SC Polychaetes

SS, VC, SC Bivalves

vC Sea stars

vC Sea cucumbers

vC Sea urchins

PNB Large zooplankton
PNB Small zooplankton
vC Gorgonians

VC, NF Salema — adults
vC Salema - juveniles
Co, SC Foraminifera

A, SC Posidonia

SC Shallow seaweeds
SC Deep seaweeds
PNB, CRS Phytoplankton

Co, SS Detritus

siderations. We then identified the functional groups
for which local and accurate biomass data should be
collected as a priority, as they have the most signifi-
cant influence on the model outputs. Specifically, we
focused on 3 main questions: (1) how do sampling-
driven aggregation choices alter the model descrip-
tion of ecosystem functioning; (2) to what level of
aggregation can the model be simplified without sig-

nificantly altering its accuracy; and (3) what are the
functional groups in the simplified model for which
imprecise biomass input significantly influences the
biomass calculations of other groups, and thus the
overall description of the ecosystem functioning.

By addressing these issues, we intended to propose
some priority guidelines, in terms of model structure
and data collection, that could enable the develop-
ment of standardized models of complex Mediterran-
ean coastal ecosystems.

METHODS

Two food-web modelling approaches were used in
our analysis: the species-based Ecopath model and
the TL-based EcoTroph model. Ecopath was used to
build several versions based on the control model,
with different levels of aggregation and different
input biomass values, while EcoTroph was used to
compute the trophic spectra for each new model.
Sensitivity analyses were performed on selected eco-
system maturity and complexity indices computed by
Ecopath, and on the trophic description of the ecosys-
tem provided by EcoTroph.

Ecopath

Ecopath uses a mass-balanced food-web model,
assuming that the production of one functional group
is equal to the sum of all predation, non-predatory
losses, exports, biomass accumulations, and catches,
as expressed by the following equation:

P/B1 X Bi: P/B1 X Bj X (1 - EEI)
+2%j (Q/B)ji x B;x DC;; + Y;+ NM; + BA; (1)

where B is the biomass, P/B; is the production rate,
Q/Bis the consumption rate, DC;; is the diet composi-
tion representing the fraction of prey iin the diet of
predator j, NM; is the net migration of prey i, BA; is
the biomass accumulation of prey i, Y;is the catch of
prey i, and EE, is the ecotrophic efficiency of prey i
(the proportion of production that is used in the sys-
tem, e.g. through predation and harvest). Assuming
there is no export and no biomass accumulation, and
the catches are known, only 3 of the 4 remaining
parameters (B, P/B;, Q/B, and EE)) have to be set ini-
tially for each group. The parameterization routine
solves the equations for each missing parameter iter-
atively (Christensen et al. 2008).

A comprehensive Ecopath model was built by Valls
et al. (2012) for the Port-Cros MPA (Table 2), which
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covers a surface area of 13 km? and reaches a maxi-
mum depth of 50 m. Biotopes are typical of the north-
western Mediterranean, with nearshore rocky reefs,
large Posidonia oceanica meadows, and a corallige-
nous habitat, hosting a high biodiversity of commer-
cially important fish and decapod crustaceans; only
5% of the reserve is a no-take area, outside of which
fishing is permitted with severe restrictions (Francour
et al. 2001). The Ecopath model represents an aver-
age situation for the period from 1998 to 2008, de-
fined by the data used in the model. Large amounts
of data were available for this old and well-studied
MPA, which allowed for the development of a rela-
tively detailed model, including 40 living functional
groups (plus one detrital group). More precisely, the
model comprises 18 groups of fish, 17 groups of
invertebrates, 4 groups of primary producers, and
1 group of seabirds. In addition, the model is well
documented in terms of both species aggregation
choices and species-level information for each func-
tional group. Moreover, all fish biomass data are of
good quality as they were derived from visual cen-
susing and scientific trawling in the area. Local field-
based biomass data were also available for some
invertebrate and primary producer groups. Details
on the species composition of each functional group
in the control Port-Cros model, as well as the input
parameters for each group, can be found in Valls et
al. (2012). Finally, the model respected Link's recom-
mendations of data quality (Link 2010), and its repre-
sentation of the Port-Cros ecosystem was in accor-
dance with the current available knowledge (Valls
et al. 2012).

EcoTroph

The trophic level-based EcoTroph model assumes
that biomass has a continuous distribution in an
ecosystem as a function of continuous TLs. The
biomass is represented as entering the system at
TL = 1, generated by the photosynthetic activity of
primary producers or recycled from the detritus by
the microbial loop. Then, at TLs >2, the biomass is
distributed along a continuum of TL values and all
fractional TLs are filled due to the diet variability
of the various consumers. The resulting biomass
distribution constitutes the biomass trophic spec-
trum (Gascuel et al. 2005). The functioning of the
ecosystem is then modelled as a continuous flow
of biomass, surging up the food web from lower to
higher TLs, through predation and ontogenic pro-
cesses.

Based on the usual equations of fluid dynamics, the
flow of the biomass present in the ecosystem at TL 1t
under steady-state conditions is expressed as:

9(7) = D(1) x K(1) (2)
where ¢(t) refers to the amount of biomass that
moves up the food web through TL t (metric t per
year), D(1) is the density of biomass at TL t (metric t
per trophic level), and K(7) is the speed of flow, which
quantifies the velocity of biomass transfers in the
food web (number of TLs crossed per year).

The continuous distribution of the biomass across a
TL is calculated using a discrete approximation
based on small trophic classes. EcoTroph convention-
ally considers trophic classes of width At equal to
0.1 TL, from TL 2 (corresponding to first-order con-
sumers) to TL 5 (a value considered sufficient to
cover all top predators likely to occur in marine eco-
systems). Thus, the mean biomass B, (in metric t),
which is present in the [1, T + At] trophic class under
steady-state conditions, can be estimated as JD(T) X
dt or D(1) x At for a small interval At. Therefore,

B.=¢.x A/ K; (3)
where ¢, and K, are the mean biomass flow and mean
speed of flow within the [t, T + At] trophic class,
respectively; see the supplementary material in Valls
et al. (2012) for further explanation.

In this study, we used the ET-Transpose routine
described in Gascuel et al. (2009) to translate the out-
puts of the original Ecopath model into an EcoTroph
model and to build the biomass trophic spectrum.
The biomass of each functional Ecopath group was
distributed over a range of trophic classes around
the mean TL of the group (estimated by Ecopath),
assuming a log-normal distribution. The trophic
spectrum is the curve obtained by summing the bio-
mass parameter over all functional groups and pro-
vides a synthetic view of the trophic structure of the
ecosystem.

We then used the ET-Diagnosis routine to conduct
sensitivity testing. We simulated how the baseline
ecosystem would be impacted by increasing or
decreasing the fishing effort. Fishing effort can be
modified per fleet by applying various effort multi-
pliers, and the structure of the trophic spectrum
will vary under different efforts (Gascuel et al. 2011,
Gasche & Gascuel 2013).

Aggregated models and comparisons

The original version of the Ecopath model for the
Port-Cros National Park's MPA, described by Valls et
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al. (2012), was selected as the control model in our
simplification procedure, and 6 models were derived
from this, using successive aggregation steps. Purely
taxonomical aggregations were avoided. Aggregation
choices were driven by sampling efficiency consider-
ations; for each functional group, the most adequate
and least destructive sampling methods were as-
signed, and groups that shared at least one common
sampling method were considered for aggregation.
Thus, aggregation choices were also consistent with
the habitat use among groups, so that species in the
same group occupied the same habitat. Aggregation
choices were also constrained by diet composition
overlap and similarities in production and consump-
tion (P/B and Q/B rates), which should differ by less
than 3-fold between groups (Fulton et al. 2003).
Small cryptobenthic fish (blennies, pipefishes, and
gobies) were grouped based on the difficulty in sam-
pling them and because they share similar life-
history parameters. The other fish functional groups
were not further aggregated relative to the original
model, in which they were grouped according to
their TL, maximum length, and feeding type (Valls
et al. 2012).

Starting from the first aggregated model (the one
with the broadest aggregation of the invertebrate
groups), a biomass trophic spectrum was computed,
and the trophic spectra ratios between this first
model and the control were compared. The TLs cor-
responding to the widest changes in the trophic spec-
trum were identified, and the corresponding func-
tional groups were isolated in the subsequent model,
in which different levels of aggregation were tested.
For each new model, static ecosystem indices were
computed and the percentage difference between
each aggregated model and the control were com-
pared. This procedure was repeated stepwise until
the aggregation with the fewest differences from the
control in the trophic spectra and ecosystem indices
was identified. P/B and Q/Bratios were computed for
the newly aggregated groups; they were weighted
with the biomass and summed over all of the groups
to be aggregated. Similarly, the new diet composi-
tions were obtained by weighting the food intake of
each group with the consumption of the group, and
then summing the food intakes over all of the groups
to be aggregated.

To evaluate the successive species aggregations,
we compared the ecosystem indices that are most
widely accepted as indicators of ecosystem maturity
and complexity in the literature: Finn's cycling index
(FCI), system omnivory index (SOI), relative ascen-
dency (%A), and TL of the community (TL,,) (Chris-

tensen 1995, Libralato et al. 2010). Because the total
amount of matter flowing in each model was main-
tained constant and equal to the original, the matu-
rity indices related to the flows and biomasses were
not considered. FCI measures the fraction of the eco-
system's throughput that is recycled. The degree of
energy and nutrient recycling in an ecosystem is as-
sumed to increase as ecosystems mature and develop
routes for nutrient conservation (Odum 1969). SOI is
defined as the average omnivory index of all con-
sumers, weighted by the logarithm of the food
intakes (Christensen & Pauly 1992). It expresses the
variance in the TLs of the consumers’ prey groups
(Pauly et al. 1993) and is considered a measure of
food-web complexity. Ascendency is a measure of
the average mutual information in a system, scaled
by system throughput, and is derived from informa-
tion theory (Ulanowicz & Norden 1990). If one knows
the location of a unit of energy, the uncertainty about
where it will flow to next is reduced by an amount
known as the ‘average mutual information'. The
amount of the average mutual information multiplied
by the total system throughput (TST) gives the as-
cendancy (A). There is an upper limit for the devel-
opment of the ascendancy, which is called the 'devel-
opment capacity’. Here, we are considering %A,
defined as the ratio between A and the development
capacity that was demonstrated to be clearly corre-
lated with maturity sensu Odum (Christensen 1994).
The average TL. is estimated as the biomass-
weighted average TL for all functional groups of the
web, excluding those at TL = 1. Libralato et al. (2010)
showed that TL., was consistently lower in a fished
food web compared to an adjacent unexploited one.
Given the similarity of fishing patterns in coastal
Mediterranean waters, we retained TL., as a good
indicator of the fishing effects.

The model that showed the smallest differences
from the control in the trophic spectra and ecosystem
indices was considered to offer the best species
aggregation scheme, and was therefore selected for
further analysis. The ET-Diagnosis function was
applied to test whether the selected model would
behave differently from the control in terms of
assessing the fishing impact on the ecosystem. For
both the control and the selected model, we built 2
different fishing scenarios by applying 2 effort multi-
pliers (mF) to the current fishing mortality of each
trophic class. Specifically, we applied an mF = 0 to
simulate a closure of the fishery and an mF = 12 to
simulate an increase in fishing effort. The latter value
of mF was shown to be of the same order of magni-
tude as those observed in surrounding and similar
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unprotected areas (Valls et al. 2012). We then com-
pared the simulation outputs to the unexploited state
and identified the differences between the patterns
of the 2 models.

Sensitivity to error in input biomass and
identification of the most influential species

The model selected after aggregation was set as
the new reference (ref. model) to test the effects of
variation in each group's input biomass on the bio-
mass estimates of the other groups, and to evaluate
the impact of these errors on the overall model out-
puts; 31 new models were built by increasing the bio-
mass of each group by 10% and obtaining the bio-
mass of the other groups (except primary producers)
from the Ecopath equation solutions (with ecotrophic
efficiencies fixed). During this process, the biomass
of the primary producers was not obtained from the
Ecopath equation solutions, but instead was kept at
its original value, because it was input data in the
original model and therefore avoided a potential
modelling artefact: i.e. strong increases in primary
producer biomass to sustain increased consumer
abundance due to the Ecopath routine estimation of
the primary production required to sustain consump-
tion. Thus, we were conservative by evaluating the
minimum impact that imprecise input biomass for
consumers would have on the model outputs. Subse-
quently, the biomass of each primary producer was
also varied by 10%, and the biomasses of all other
groups were obtained from the Ecopath equation
solutions to test the influence of an error in the pri-
mary producer input biomass.

A variation of 10 % was assumed to be small enough
to keep the models mass-balanced and large enough
to create differences between the models. To test the
model sensitivity to the biomass increments, the bio-
mass trophic spectra and maturity indices were com-
pared between each new model and the ref. model.
The trophic spectra of the ratios between the new
model and the ref. model were plotted, and 3 indices
were derived: the number of trophic levels affected
by a variation in the biomass of >1 % (i.e. the width of
the trophic spectra, Width_TS); the maximum level of
biomass increase (i.e. the peak of the trophic spectra,
Peak_TS), and the total biomass increase (i.e. the
area of the trophic spectra, B_TS); the latter was
expressed as the percentage difference from the ref.
model biomass and was increased for several func-
tional groups simultaneously to test for any amplify-
ing effect on the trophic spectra. The percentage

differences from the ref. model were compared for
%A, SOI, FCI, TL,,, and 2 additional flow indices: the
ratio of total primary production to total respiration
(TPP/R) and the ratio of total biomass to total system
throughput (B/TST). The latter 2 flow-related matu-
rity indices were included at this step of the analysis
because variations in the functional groups' biomass
inputs induced variations in the amount of matter
flowing in the model.

A principal component analysis (PCA) was con-
ducted to visualize the impact of each functional
group on the ecosystem attributes. The previously
mentioned indices of maturity, complexity, and trophic
structure were the explicative variables of the PCA,
while the different models obtained by 10% in-
creases in the biomass of each functional group were
the samples. All variables were standardized to a
zero mean and unit variance to compensate for dif-
ferences in the value ranges. TL and biomass were
included in the PCA as supplementary continuous
variables and trophic class was included as a supple-
mentary categorical variable, so that they would not
be considered in the computation of the principal
components. The groups were then ranked accord-
ing to their contribution to each of the first 3 principal
components, and their mean ranking was computed.
Thus, summarized information was obtained for the
functional groups with the most impact on the vari-
ables overall. The functional groups were then plot-
ted in decreasing order of their mean rank (a rank of
1 was attributed to the group having the greatest
impact). The groups with the highest rankings were
identified and selected as those having the most
impact on the model's output, and thus requiring
local and accurate biomass input data.

RESULTS
Model aggregations and comparisons

Model A included 33 living groups (Table 3) and
was characterized by the largest aggregation of
invertebrate groups that can be sampled with suction
devices (gastropods, small crustaceans, amphipods,
brittle stars, suspensivores, crabs, decapods, and
polychaetes comprised a new Epifauna+ group). Sea
stars and sea cucumbers were not included, because
their constant production and consumption rates
differ significantly from the other invertebrates, and
estimates of their biomass are more commonly ob-
tained from a visual census. Model B (34 living
groups) differed from Model A by the separation of a
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Table 3. Aggregation schemes. The groups that were not modified from the control model are not listed. Number of functional
groups (excluding detritus) given at bottom. Grey boxes indicate functional groups that have been mapped to an aggregate group

listed higher in the table. Co: corer; SC: scraping; SS: suction sampler; VC: visual census

Sampling | Control Model A Model B Model C Model D Model E Model F
VC, SS Blennies Blennies Blennies Blennies+ Blennies+ Blennies+ Gobies+
(blennies, (blennies, (blennies, (blennies,
VC, SS Pipefishes+ Pipefishes+ Pipefishes+ pipefishes) pipefishes) pipefishes) pipefishes,
gobies)
VC, SS Gobies Gobies Gobies Gobies Gobies Gobies
SS, SC Gastropods Epifauna Epifauna Epifauna Epifauna Epifauna Epifauna
SS Small (gastropods, (gastropods, (gastropods, (gastropods, (gastropods, (gastropods,
crustaceans small small small small small small
crustaceans, crustaceans, crustaceans, crustaceans, crustaceans, crustaceans,
SS Amphipods amphipods, amphipods, amphipods, amphipods, amphipods, amphipods,
brittle stars, brittle stars, brittle stars, brittle stars) brittle stars, brittle stars)
SS Brittle stars+ suspensivore, |suspensivore, |polychaetes) suspensivore,
crabs, polychaetes) bivalves)
SS, SC Suspensivores | decapods, Suspensivores+ | Suspensivores+ Suspensivores+
polychaetes) (bivalves, (bivalves, (bivalves,
suspensivores) | suspensivores) suspensivores)
SS, vC Crabs Decapods+ Decapods+ Decapods+ Decapods+ Decapods+
(crabs, (crabs, (crabs, (crabs, (crabs,
SS, vC Decapods decapods) decapods) decapods) decapods) decapods)
SS, Co, SC | Polychaetes Polychaetes Polychaetes Polychaetes
SS,VC, SC | Bivalves Bivalves Bivalves
vC Sea stars Sea stars Sea stars Echinoderms+ |Echinoderms+ |Echinoderm+ |Echinoderms+
(sea stars, sea (sea stars, sea (sea stars, sea (sea stars, sea
vC Sea cucumbers | Sea cucumbers | Sea cucumbers | cucumbers) cucumbers) cucumbers) cucumbers)
SC Shallow Shallow Shallow Seaweeds+ Seaweeds+ Seaweeds+ Seaweeds+
seaweeds seaweeds seaweeds (shallow (shallow (shallow (shallow
seaweeds, seaweeds, seaweeds, seaweeds,
SC Deep Deep Deep deep deep deep deep
seaweeds seaweeds seaweeds seaweeds) seaweeds) seaweeds) seaweeds)
No. of 40 33 34 31 32 31 31
groups

pooled crab and decapod group (Decapods+) from
the Epifauna+ group. In Model C, suspensivores
were excluded from the Epifauna+ group as well,
and aggregated with bivalves (Suspensivores+).
Moreover, sea stars were grouped with sea cu-
cumbers (Echinoderms+), blennies with pipefishes
(Blennies+), and shallow seaweeds with deep sea-
weeds (Seaweeds+), resulting in an overall aggrega-
tion into 31 living groups. Model D (32 living groups)
was equal to Model C, except for the polychaetes,
which were excluded from the Epifauna+ group and
defined as a separate group. In Model E (31 living
groups), the suspensivores and bivalves were added
to the Epifauna+ group, while the polychaetes were
kept separated. Finally, Model F (31 living groups)
was characterized by an Epifauna+ group that in-
cluded gastropods, small crustaceans, amphipods,

and brittle stars. The previously defined groups
of Decapods+, Suspensivores+, Echinoderms+, and
Seaweeds+ remained as separate groups, while a
Gobies+ group was created to aggregate gobies,
blennies, and pipefishes.

For every aggregated model, FCI and %A were
higher than in the control model, while the SOI was
systematically lower. The differences in TL., were
either negative or null. The aggregation that
caused the largest variations in ecosystem indices
(Fig. 1) and trophic spectra (Fig. 2) was that of
crabs and decapods with Epifauna+ (Model A),
causing a 30% increase in FCI (Fig. 1) and
negative biomass differences for TL > 3.5 (Fig. 2a).
Suspensivores+ and polychaetes also significantly
affected ecosystem indices and trophic spectra
when aggregated with the Epifauna+ group; Mod-



Prato et al.: Mediterranean coastal ecosystem food-web models 79

w
(4]
L
|

Finn’s Cycling Index
Ascendancy %

System Omnivory Index
Trophic Level of the community

10+ II
5_
o 1

Model A Model B Model C Model D Model E Model F

N
()]
L

|

Difference from control model (%)
o

Fig. 1. Percentage differences in the system indices between
the aggregated models and the control model

els D and F showed the least differences from the
control (Figs. 1 & 2b). The aggregations of Echino-
derms, Seaweeds+ and Gobies+ caused no major
modifications in model properties. Model F, with 31
living functional groups, had the most simplified
species aggregation scheme, i.e. the smallest varia-
tions in the ecosystem indices and trophic structure
relative to the control for the highest level of spe-
cies aggregation possible.

The simulation test confirmed that the behaviour of
Model F was similar to that of the control, when both
closure (mF = 0) and increased fishing effort (mF =
12) were simulated. The exploitation effect was sig-
nificant only at TL > 3.5, and in neither the original
nor the aggregated model did the exploitation cause
major biomass variations at the lower TLs (Fig. 3).
Model F was thus selected for successive analysis.

Sensitivity to error in the input
biomass

Biomass aggregation/biomass control

I
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Fig. 2. Trophic spectra of the ratios of the biomass between the
control model and (A) aggregated Models A, B, and C or
(B) aggregated Models D, E, and F, in relative values

groups affected the biomass of all other trophic
groups by more than 1%, with most TLs affected by
more than 5% (Fig. 4A). The trophic spectra sensitiv-
ity to Dusky grouper - large increased when TL >4,
since this was the only group occupying the highest
TLs. The trophic spectra for both Amberjack+ and
Dusky grouper - large reached peaks with an
approximately 9% increase in biomass, and overall
biomass increased (B_TS) by 0.25 and 0.28 %, respec-
tively, relative to Model F. With regard to the other
fish groups, the highest impact in terms of number of
TLs affected and shifts in biomass was caused by

Qo 1.24
o
A sensitivity analysis was applied to s 1.0
Model F. The analyses of the trophic § o 0.8
spectra (Fig. 4) and the differences in § E ™ —o— Current state
the ecosystem indices due to biomass @ 8 061 = S!mO_ControI
variations (see Appendix 1) showed g a | o g!m?EMgdetl FI
that the high TL predator groups, .2 E 0.47 m 22 vontro
: mo o Sim12_Model F
Amberjack+ and Dusky grouper - Qo
large, had the largest impacts on the T 50 25 3.0 35 4.0 45 50
biomass of the other groups, and thus Trophic level

most influenced the trophic spectra and
ecosystem indices. Increments of 10%
in the biomass of these 2 large fish

Fig. 3. Simulation scenarios for Model F and the control model. Relative bio-
mass values were obtained from the trophic spectra ratios, with effort multi-
pliers mF =12 (Sim12) and mF = 0 (Sim0) applied to both models
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Horse mackerels+ (Width_TS =21, Peak_TS
=7.5%,B_TS =0.09 %), followed by Scorpi-
onfishes+ and Wrasses (Fig. 4B).

Among the invertebrates (Fig. 4C), Ce-
phalopods+ affected the largest number of
trophic levels (Width_TS = 19), followed by
Decapods (Width_TS = 9). Decapods was
the group with the most impact on the
Peak_ TS index; under their influence, the
trophic spectrum reached the maximum
peak resulting from a 10 % increment in the
biomass. An increase of 10 % in the biomass
of Sea worms and Echinoderms+ led to high
biomass peaks in the trophic spectra
(Peak_TS = 8.8, Peak_TS = 8.4 %, respec-
tively), but their impacts were limited to a
very narrow range of TLs corresponding to
their own range (Width_TS = 4, Width_TS
= 2, respectively). A simultaneous biomass
increase of several functional groups re-
sulted in a simple additive effect on the
trophic spectra and thus was not considered
further.

Similar to the trophic spectra analysis, a
10 % increment in the biomass of the Dusky
grouper — large and Amberjack+ groups
caused the largest variations in absolute
terms in all ecosystem indices, especially
impacting FCI (7.2 and 8.1 %, respectively),
TPP/R (6.4 and 7.2 %, respectively), and %A
(2.1% for both). As for the Epifauna+,
Decapods+, Cephalopods, and Horse mack-
erels+ groups, the biomass increments
caused large variations in FCI (max. value =
7.0 % for Epifauna+) and SOI (max. value =
1.6 % for Horse mackerels+). Increments in
the biomass of Foraminifera and Small zoo-
plankton had a strong influence on FCI (6.3
and 6.6 %, respectively). Posidonia oceanica
had a high overall impact and principally
caused large variations in the flow indices
TPP/R (4.7 %) and B/TST (6.1 %), and in %A
(2.1%).

Principal component analysis

A PCA on all indices was performed
(Fig. 5). The first PC accounted for almost
50% of the variability of the data, and the
second PC accounted for 25% (Fig. 5A).
The first PC summarized the variability
explained by 2 sets of variables: recycling
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(FCI), %A, and trophic spectra structure (Width_TS
and Peak_TS) on the one hand, and the energy flux
indices (TPP/R and B/TST) and trophic spectra-
derived biomass index (B_TS) on the other. Within
each set, the variables appeared to be highly corre-
lated to one another. The influence of the functional
groups on the variables (i.e. their effect on the
indices) was related to their biomass. Several spe-
cies which cover the whole range of trophic levels,
but with low biomass, influenced the variables less
than average (Fig. 5b). In contrast, the top predators
Dusky grouper - large and Amberjack+ (TL >4),
having higher biomasses, strongly affected many
ecosystem indices, particularly the trophic spectra
indices (Width_TS, Peak TS), ecosystem maturity
(FCI, %A), and flow indices (TPP/R, B/TST) summa-
rized by PC1. Groups feeding on a wide range of
trophic levels and with consistent biomass (Decapods,
Epifauna+, Horse mackerels+ and Cephalopods)
affected the ecosystem complexity indices (SOI and
TLco), while the Posidonia group affected the flow
and biomass related indices (TPP/R,B/TST, and
B_TS).

When the third PC was visualized (Fig. 5C), the
functional groups were ordered by TL. Following the
high TL predator groups, the Scorpionfishes+,
Cephalopods, and Horse mackerels+ were arranged
in decreasing order of TL and contributed equally
to PC1. On the positive side of PC3, the TL of the
groups decreased, and biomass became the domi-
nant supplementary variable. Thus, Decapods+ and
Epifauna+ contributed equally to both PC1 and PC3
in terms of the ecosystem complexity indices (SOI
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and TL.,), while Posidonia, having the highest bio-
mass, showed the highest contribution to PC1 and
PC3 in terms of overall biomass increase (B_TS), and
to PC1 for %A

The first 3 PCs summarized approximately 80 % of
the variability explained by the indices, so the func-
tional groups were ranked according to their contri-
butions to these axes. By plotting the species in
decreasing order of their mean rank (rank of 1 for the
species having the highest impact) (Fig. 6), we high-
lighted 2 major gaps among the ranking scores. The
first and most evident gap separated Posidonia,
Amberjack+, Epifauna+, Decapods+ and Dusky
grouper — large, which had the highest ranking on all
3 PCs, from Cephalopods. The second gap separated
the Cephalopods and Horse mackerels+ from the
other groups. The rankings gradually decreased after
these groups, so no further groups were selected.

DISCUSSION

We have addressed 2 issues in this paper related to
model uncertainty: functional group aggregation and
sensitivity to biomass data input. Our intent was to
improve the feasibility of Ecopath applications for
complex Mediterranean coastal ecosystems by ac-
counting for the constraints that field sampling and
monitoring impose on the collection of reliable data.
We evaluated how these constraints might lead to an
altered description of ecosystem functioning and pro-
posed a model structure that allows for a compromise
between reliability and feasibility.

Fig. 6. Ranking of the
functional groups based
on their contributions to

»g % g % @ é § é é g § the first 3 principal com-
3 4 ‘g T g E<£ 985 8 ponents. Red boxes sepa-
=8 3 s g ‘—é’_ = é E = rate the first and second
% S g s groups with the highest
(7] .
@ a2 rankings
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Aggregating trophic groups

Initially, we dealt with the effects of aggregation on
food-web properties. The issue of the ecosystem in-
dices' dependence upon the model structure has
been largely discussed in the literature. Many studies
have concluded that food-web properties are affected
not only by the reduction in the number of compart-
ments, but also and primarily by the way the func-
tional groups are aggregated in such compartments
(Christensen 1995, Abarca-Arenas & Ulanowicz 2002,
Fulton et al. 2003, Pinnegar et al. 2005). Until further
knowledge is obtained, models built in a standardized
way, at least for similar ecosystems, could increase
the reliability of model comparisons over time and/or
space (Dame & Christian 2006, Fulton 2010).

Focusing on a northwestern Mediterranean coastal
ecosystem, we identified which species aggregation
choices, defined on the basis of sampling efficiency
considerations, caused major modifications in the
model description of the ecosystem state and should
therefore be avoided. We mainly focused on lower TL
groups that are often less studied and overly aggre-
gated in ecosystem models.

From our analysis, it appeared that some indices
(SOI and %A) vary significantly less than others
(FCI) among the different model configurations
(Fig. 1). These configurations primarily differed for
the invertebrate functional groups. Pinnegar et al.
(2005) tested aggregation schemes emphasizing dif-
ferent parts of the food web (fish, marine mammals,
and invertebrates) and reported greater variation for
the same 2 indices compared to our results. Never-
theless, in a recent meta-analysis on 105 food-web
models from different areas of the world, %A proved
to be robust to the model construction in terms of the
number of functional groups (Heymans et al. 2014).
FCI showed the strongest variations among all our
model configurations.

Decapods, crabs, suspensivores, and polychaetes
were responsible for the main differences between
the ecosystem structures described by the models.
These groups show different degrees of connection
within the food web in comparison to the other
macrofaunal invertebrates (amphipods, small crus-
taceans, gastropods, and brittle stars) and have dif-
ferent predators (low predator overlap index). Con-
sequently, aggregating them together increased the
connections between the primary producers and the
upper levels of the food web, and it introduced canni-
balism within the group. By altering the feedback
cycles in the model, it is likely that this pooling
affects the overall stability of the system (Dambacher

et al. 2003). This aggregation thus led to an erro-
neous and increased quantification of FCI, which
might affect interpretation of the ecosystem's resili-
ence and maturity. This result agrees with the analy-
sis in Pinnegar et al. (2005), in which the fish-centred
model, including a compartment equivalent to our
epifaunal group, showed the greatest increase in
FCI. In addition, SOI largely decreased, because the
variety of the TLs upon which the upper consumers
feed is reduced. Species interactions in the food web
might thus appear less complex than they are in real-
ity. More particularly, given the important biomass of
decapods and their connections with higher TLs,
their inclusion in the Epifauna group significantly
altered the biomass trophic spectrum, impacting the
distribution of biomass up to higher TLs and causing
a general decrease in the mean TL of the community.
Trophic spectra are now recognized as a useful tool
with which to analyse the impacts of fisheries and/or
protection on the whole trophic network (Gascuel et
al. 2009, Libralato et al. 2010, Colléter et al. 2012,
Lassalle et al. 2012), but if they are initially altered by
a biased model structure, inaccurate conclusions
could be derived from their observation. The inclu-
sion of polychaetes and suspensivores in the Epi-
fauna group should be avoided, although it would
simplify sampling. This confirms the existing knowl-
edge that groups accessing primarily different food
sources within the system should not be over-
aggregated (Fulton et al. 2003, Pinnegar et al. 2005).

The groupings that did not significantly affect the
model behaviour were the amphipods with small
crustaceans, gastropods, and brittle stars; decapods
with crabs; suspensivores with bivalves; sea stars with
sea cucumbers; and grouping all small cryptobenthic
fishes together (i.e. gobies, blennies, and pipefishes).
Some of these results may be explained by the similar
functional role of the groups (amphipods, small
crustaceans, and gastropods), while others are possi-
bly due to the very low biomass of one of the 2 groups
in the control model (i.e. bivalves and sea stars). It
would be interesting to compare such results with
other aggregation approaches used in ecosystem
modelling. The regular coloration algorithms applied
in Johnson et al. (2001), for example, formalize the ag-
gregation procedure by collapsing groups that have
ties to equivalent prey and predators, with equivalent
groups being those that pertain to the same TL.

The simplified trophic structure implied a substan-
tial reduction in complexity and a simplification of
the data collection process due to greater aggrega-
tion than in the control model (31 living groups
instead of 40). Nevertheless, even after applying a
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simulated increase in the fishing effort, the level of
aggregation did not noticeably affect the distribution
of biomass across the TLs. The simplified model is
still rather detailed in comparison to other models of
the Mediterranean, such as the Miramare Natural
Marine Reserve model (Libralato et al. 2006), which
has 23 functional groups, or the Bonifacio Strait
Natural Reserve model (Albouy et al. 2010), which
has 31 groups.

Prioritizing groups for biomass estimates

Next, we assessed the model uncertainty related to
the quality of the biomass input data. Based on
Essington's conclusions on biomass input data being
the parameter that most affects the model output
estimations, we wanted to identify which groups our
model was most sensitive to after a variation in their
biomass. The most influential species we identified
were all characterized by a high biomass, a high TL
and a diversified diet, or a combination of the two.
Abundant high TL predators, such as the large dusky
grouper Epinephelus marginatus and species in
the Amberjack group (including Seriola dumerili,
Sphyraena viridensis, Dicentrarchus labrax, Conger
conger, and Muraena helena; see Appendix 1), com-
prised the groups with the most impact on the trophic
spectra and ecosystem maturity indices (%A, FCI,
TPP/R, and TB/TST). Thus, inaccurate input biomass
data for these groups would alter the biomass esti-
mates of all other groups. As demonstrated by the
biomass trophic spectra, higher prey biomass would
be required to sustain a higher biomass for these
predators, consequently affecting the trophic struc-
ture of the ecosystem. Our results were similar to
Christensen & Pauly's (1998) simulations, where the
top predators’ biomass was increased to assess the
carrying capacity of an ecosystem. A 10-fold increase
in the top predators’' biomass, given a fixed primary
production, increased FCI and TPP/R approached 1,
meaning less sedimentation, better utilization of the
detritus, and nutrient recycling within the food web,
which corresponds to an image of a more mature sys-
tem sensu Odum (1969). Our results on the influence
of high TL predators on food-web properties are in
accordance with the general knowledge that these
predators are good indicators of ecosystem health
and maturity (Ray et al. 2005, Prato et al. 2013), and
their recovery in a protected zone is the first sign of
improved ecosystem health (Sandin & Sala 2012). As
we demonstrated, models built with inaccurate bio-
mass data for high TL predators and fixed primary

producer values would depict a significantly altered
food web.

Epifauna, Decapods+, Horse mackerels+, and Ce-
phalopods were the groups that most influenced the
ecosystem complexity by modifying the SOI and the
mean TL of the community. Epifauna and decapods
are abundant in the ecosystem and are the main prey
items of many other groups (high ecotrophic effi-
ciencies), and therefore act as connectors between
the primary producers and the upper TLs. The plank-
tivorous fish group (including horse mackerels,
Chromis chromis, Spicara spp., Boops boops, and
Oblada melanura) and cephalopods significantly af-
fected the biomass trophic spectra, causing biased
biomass estimates for a wide range of functional
groups. Indeed, planktivorous fish represent up to
32% of fish biomass and are responsible for up to
40% of all fish throughput in some Mediterranean
ecosystems (Pinnegar & Polunin 2004). These fishes
are important prey for coastal predators, as well as
important detritus producers (Pinnegar 2000, Pin-
negar & Polunin 2004). They may also be involved in
wasp-waist control mechanisms, similar to those in
the South Catalan Sea (Coll et al. 2006). Cephalopods
have high consumption rates (the highest among all
upper TLs), a widely diversified diet, and are a pre-
ferred prey for many predatory fish. Thus, this group
is very likely playing a significant role in the energy
and material flow of marine ecosystems (Coll et al.
2013b). However, it is often difficult to assess their
abundance and role in marine ecosystems, primarily
due to logistical problems (Piatkowski et al. 2001).

The strong influence of Posidonia oceanica on the
maturity indices related to flow measures was proba-
bly due to its high biomass, which was an order of
magnitude greater than any other functional group.
Moreover, given the low consumption rate of P.
oceanica by other functional groups (low ecotrophic
efficiency), an increase in its biomass might cause an
increased flow to detritus, thereby affecting FCI.

Our study was based on the single example of the
Port-Cros ecosystem, for which a large amount of
information was available. Nonetheless, useful in-
sights can be derived from an in-depth analysis of a
well-known complex food web and applied to com-
parable ecosystems (i.e. northwestern Mediterran-
ean) (Sala 2004).

The identification of high TL predators and P.
oceanica as the most influential groups in our study is
in agreement with Mediterranean monitoring pro-
grams (Moreno et al. 2001, Levin & Grimes 2002, Coll
et al. 2008, Montefalcone 2009, Di Franco et al. 2009,
Prato et al. 2013). Nevertheless, accurate methods to
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assess their biomass are still a challenging issue,
especially for high TL predators. In addition to these
groups, our results highlighted the important role in
the food web of groups that are usually poorly
detailed, such as epifauna, decapods, planktivorous
fish, and cephalopods. Although the importance of
these groups has been demonstrated in Mediterran-
ean coastal ecosystems (Sala 1997, Pinnegar 2000,
Piatkowski et al. 2001, Goni et al. 2006), they are
rarely included in monitoring programs for many
reasons, e.g. the challenges in obtaining good quality
data, the absence of commercial value or of a protec-
tion status, and the lack of public awareness for non-
charismatic species.

CONCLUSIONS

Food-web modelling enables setting reference lev-
els for indicators of ecosystem structure and function-
ing (Dame & Christian 2006, Heymans et al. 2014),
which is very useful in the context of the ecosystem
approach to marine resource management. In this
study, we showed that ecosystem indicators largely
depend on model structure and that the reliability of
the reference levels for the ecosystem indicators may
be improved by developing standardized models that
account for input data quality.

We identified a level of trophic aggregation that
simplifies the model structure and data collection,
without significantly altering the model results. The
priority functional groups requiring accurate biomass
estimates were also identified (Dusky grouper —
large, Amberjack+, Posidonia oceanica, Decapods+,
Epifauna+, Horse mackerels+, and Cephalopods).
Link et al. (2012) stated that if the component of
model uncertainty linked to observation error needs
to be overcome, sampling designs should be im-
proved in a cost-effective way; priority should be
given to increasing the data accuracy for poorly
known components of the food web, rather than
adding further precision to already well-known
groups. However, we should acknowledge that ob-
taining accurate biomass data for all functional
groups is not always feasible in complex and highly
diverse Mediterranean coastal ecosystems. Thus, we
suggest focusing on better documenting the biomass
of the poorly known but important groups (such as
those we identified), which could help to increase the
reliability of the Ecopath-standardized applications
in such complex ecosystems.

The methodological approach proposed here to
address the issue of model simplification is of interest

for 2 reasons: (1) it increases the feasibility of model
building in terms of data collection; and (2) it adds to
our knowledge of the modelled system by analysing
the effects of simplification and imprecise biomass
data on the ecosystem indices, trophic structure, and
the capacity of the model to assess fishery impacts.
This approach is easily applicable, and it could help
foster the development of standardized Ecopath mo-
dels to represent complex Mediterranean food webs.
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Abstract

Marine Protected Areas (MPAs) have spread across the Mediterranean to protect its rich
biodiversity and manage human activities for a more sustainable coastal development.
Within MPAs, traditional artisanal fishing is competing for space and resources with
increasing recreational fishing, likely leading to interacting ecological effects. Such effects
are difficult to unravel given the multispecies character of both fisheries and the complexity
of the food-webs upon which they both impact. In order to address these issues, we
developed an Ecopath and Ecotroph trophic model for the Portofino MPA case study (NW
Mediterranean), in particular to i) identify keystone species and assess fishing impact on
them, ii) analyse the interacting impact of artisanal and recreational fishing on ecosystem
biomass and trophic structure, iii) assess the potential for biomass recovery in the MPA
under different scenarios of fisheries management iv) assess the impact of recreational
fishing on artisanal fishing catches. Two high trophic level predators (HTLP) groups
coupled important keystone roles with strong fishing pressure, and should thus be
prioritised for the definition of management actions. Recreational fishing had the widest
impact on the food-web, strongly impacting HTLP. Simulation of different mortality
scenarios for each fishery highlighted that the ecosystem is far from its carrying capacity
for HTLP. Forbidding recreational fishing allowed a 24% increase in HTLP biomass, and
benefited artisanal fishing by increased HTLP catches availability. Artisanal fishing alone
could be maintained with a moderate impact on the food-web. Overall Ecopath and

Ecotroph modelling is a valuable tool to advise MPAs management, but it is essential to
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increase data availability and quality by developing long-term monitoring programs on key

species and on artisanal and recreational fishing.

Keywords: Marine Protected Area, food-web, artisanal fishing, recreational fishing,

Ecopath, EcoTroph

Highlights:

MPAs lack tools to unravel artisanal and recreational fishing interacting impacts

We modelled the Portofino MPA food-web (NW Mediterranean) to assess such
impacts

High trophic level predators (HTLP) couple keystone roles and high fishing losses
Limiting recreational fishing increases HTLP biomass, benefiting artisanal fishing
We prove that Ecopath and EcoTroph are useful tools to advise management of
MPAs
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6.1 Introduction

In the last decade the ecosystem-based management approach has become the major
call of action in the marine research context. Ignoring the nature, strength and complexity
of species interactions, single species approaches have generally failed to cope with the
increasing human impacts on the world’s oceans that often cause dramatic changes in
marine ecosystems (Roux et al. 2013, Travis et al. 2014). The Mediterranean, hosting an
estimated 7% of the world’s marine biodiversity (Coll et al. 2010, 2011), exemplifies the
scarce success of these approaches, since most of its fish stocks are currently overfished
(Colloca et al. 2013, Vasilakopoulos et al. 2014) and irreversible ecosystem changes have
occurred in some areas open to fishing (Sala et al. 1998, 2012). The overexploitation of
fish stocks also affected traditional activities like small-scale artisanal fishing by reducing
the availability of catches. Artisanal fishing is usually operated by relatively small vessels
(less than 12 meters total length, with low-power engine) typically fishing within the first
three nautical miles from the coast (Coppola 2006, Guyader et al. 2013). Usually, artisanal
fisheries are highly multi-specific (Farrugio et al. 1993) and multi-métier, using a broad
range of gears and techniques selected according to seasonal availability of target species
(the concept of “métier” denotes a combination of fishing gear, target species, area and
season; Mesnil & Shepherd 1990, Biseau 1998). Such activity has long played a
fundamental role in both the economy and society (Farrugio et al. 1993) of the
Mediterranean, with considerable cultural and historical significance, but is now declining
in many areas with a downward trend in the number of vessels and licenses, catches and
net revenues (Gomez et al. 2006, Guyader et al. 2013, Lloret & Font 2013, Di Franco et al.
2014).

In addition to commercial fishing, Mediterranean coastal ecosystems are facing a boom in
leisure activities, particularly recreational fishing. An increasing number of studies
supported the idea that the increasing recreational fishing effort can have similar or even
higher effects on fish populations as commercial fishing (Cooke & Cowx 2004, 2006,
Lewin et al. 2006). Nonetheless, recreational fishing is not as controlled nor as well
investigated as commercial fishing, especially in the Mediterranean, where it would
represent more than 10% of the total fishing catches (Coll et al. 2004, Morales-Nin et al.
2005, Font et al. 2012).

To face this situation and in the perspective of an ecosystem-based approach to coastal

management (Lubchenco et al. 2003), Marine Protected Areas have spread across the
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coastal zones of the Mediterranean as a tool to protect the ecosystem and manage human
activities for a more sustainable coastal development (Abdulla et al. 2008, Forcada et al.
2008). Where they are well managed and enforced, MPAs have proved to be effective in
protecting exploited fish and invertebrate stocks (Gofii et al. 2006, Guidetti et al. 2008,
Sala et al. 2012), and have in some successful cases helped to enhance artisanal fisheries
(Guidetti & Claudet 2010, Fenberg et al. 2012). Nonetheless, Mediterranean MPAs are
often small and competition for space and resources is increasingly causing conflicts
among artisanal and recreational fishermen, the activity of these latter within MPAs being
often less regulated and controlled (Edgar GJ, 2011). Artisanal and recreational fishing
pressure are indeed likely to have interacting ecological effects, which are difficult to
unravel given the multispecies character of both fisheries and the complexity of the
protected food webs upon which they both impact (Baskett et al. 2007).

Ecosystem models could help to shed light on such issues by accounting for the direct and
indirect trophic interactions among multiple species (Colléter et al. 2012, Travis et al.
2014) The use of EwWE (Ecopath with Ecosim) modelling software (Christensen & Pauly
1992, Christensen & Walters 2004) has grown significantly in the last 15 years (Fulton
2010, Colléter et al. 2015) and is by now gaining widespread acceptance as a tool to apply
the EAM (Ecosystem Approach to Management) (Coll et al. 2015). Ecopath was largely
demonstrated to be useful in unravelling trophic relationships and providing a picture of
ecosystem functioning, that can be updated in time. The more recent plug-in EcoTroph
(Gascuel et al. 2005, 2011) provides a simplified representation of ecosystem functioning
and allows to evaluate fisheries impacts and analyse the conflicts among interacting
fishing fleets (Gasche & Gascuel 2013, Colléter et al. 2014).

Thus, the objective of this study was to show how Ecopath and EcoTroph trophic models
can be used to assess impacts of artisanal and recreational fisheries on the marine food
web within a coastal MPA, and to analyse interactions and potential conflicts between
fisheries. As a case study, we focussed on the Portofino MPA (Ligurian Sea). This MPA
was established with the objective of conserving marine biodiversity around the Portofino
promontory, and in the last years has also become the promoter of a sustainable socio-
economic development of the area. Traditionally, the area hosted a well-developed
artisanal fishing fleet, which, although declining naturally because of the old age of local
fishermen, is increasingly competing for space with recreational fishing (Salmona &
Verardi 2001, Catteneo-Vietti et al. 2010, Markantonatou et al., 2015).
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We thus approached these issues by building an Ecopath and Ecotroph model for the
Portofino MPA on the basis of the standard model structure proposed in Prato et al (2014).

In particular we aimed at:
1 unravelling trophic relationships in the model area, identifying keystone groups and
assessing how these are affected by artisanal and recreational fishing;

2 analysing the interacting impact of artisanal and recreational fishing on ecosystem
biomass and fish assemblage, and assess the potential for biomass recovery in the MPA

under different scenarios of fisheries management;

3 analysing the impact of recreational fishing on artisanal fishing, both quantitatively and

qualitatively.
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6.2 Methods

6.2.1 Study area
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Fig. 1 Habitat map and zoning of the Portofino MPA. The modelled area is surrounded by the black rectangle, and
includes zones A, B and partially C around the southern front of the promontory. Habitat map retrieved from Diviaco

and Coppo (2006; updated to 2012)

The promontory of Portofino is located 25km east from Genoa in the Ligurian Gulf and
extends over 13 km of coastline (Salmona & Verardi 2001) (Fig.1). The Portofino MPA was
established in 1999 to safeguard the marine biodiversity around the promontory and
promote a traditional and sustainable use of its natural resources (Cappanera et al. 2013).
Currently it is the third smallest Italian MPA (374 ha) and is managed by a Consortium
comprised of the three municipalities of Camogli, Portofino and Santa Margherita Ligure,
the Metropolitan City of Genoa and the University of Genoa. Similarly to other Italian

MPAs, it is divided into different subzone types: no-take/no-access A zone, a B zone of
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general reserve and a C zone of partial protection, where different restrictions regulate
human uses. Artisanal fishing involves 35 operating vessels <10 meters in length (MARTE
+ project, 2011) and is allowed in zones B and C only for the residents of the three
municipalities. This fishery is multi-métier and multi-specific, and fixed nets including gill
nets, trammel nets and combined nets are the mostly used gears (70% of total used
gears), followed by longlines and surrounding net, locally named “lampara” and hereafter
referred to as “small purse seine” (both around 20% of total used gears). Other traditional
fishing gears (e.g. tonnarella targeting small pelagic, and mugginara, specifically targeting
mugilids) are allowed during specific periods and are restricted to a single site within zone
C of the MPA (Cattaneo-Vietti et al., 2014). Recreational fishing is permitted for residents
of the three municipalities under authorization in Zones B and C and for non-residents only
in Zone C. For both recreational and artisanal fishing other restrictions such as the fishing
of some species, spatial closures, prohibitions or modifications of fishing techniques,
regulations in fishing effort and minimum landing sizes are also implemented in the MPA in
order to control the activities, according to the MPA Regulation (2008), (Markantonatou et
al. 2014). The modeled surface (57 ha) thus includes the southern front of the MPA,
encompassing zones A and B and two sectors of zone C (Fig.1) and is characterized
mainly by hard bottoms (51% rocky habitat, 31% coralligenous habitat ), with some
Posidonia oceanica meadows and shallow sands (overall 18% of the area). This area
supports most of the artisanal and recreational fishing pressure in the MPA, with highest
overlap between coralligenous habitat and fishing footprint around 30-40 meters depth
(Markantonatou et al. 2014). The southern submerged steep cliffs of the promontory and
the particular hydrodynamic conditions of the area (Doglioli et al. 2004) create in fact a
unique system where rocky reefs, caves, and massive blocks support a very diversified
benthic community, including extended coralligenous habitat cover (Cattaneo-Vietti et al.
2010). This in turn, provides food and shelter for a rich coastal fish community. The
hydrodynamic conditions also attract large pelagic fish that are frequently fished in this
small area (Cattaneo-Vietti et al. 2014). In the model area main fishing activities are fixed

nets and surrounding net fishing (“Lampara”), in addition to recreational fishing.

6.2.2 Ecopath model structure
The species-based Ecopath model and the trophic levels (TLs)-based EcoTroph model
were used in this study. The Data-rely toolbox developed by (Lassalle et al. 2014) was

applied to evaluate data reliability and robustness of the Ecopath model predictions.
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Ecopath is a mass-balanced model based on the assumption that the production of one
functional group is equal to the sum of all predation, non-predatory losses, exports,

biomass accumulations and catches, as expressed by the following equation:
P/Bi x Bi = P/Bi x Bi x (1 — EEi) + Zj (Q/B)ji x Bi x DCji + Yi + NMi + Bai (1)

B is the biomass, P/Bi is the production rate, Q/B is the consumption rate, DCji is the
fraction of prey i included in the diet of predator j, NMi is the net migration of prey i, BAi is
the biomass accumulation of prey /, Yi is the catch of prey /i and EEi is the ecotrophic
efficiency of prey i, that is the proportion of production used in the system. The model
represents an average situation of the southern front of the Portofino MPA for the period
2007-2014, to ensure that protection effects were already in place. A simplified model
structure developed by (Prato et al. 2014) for the Port Cros MPA with the intent of
standardizing Ecopath modelling for Mediterranean MPAs was used in our study. Three
new functional groups specific of the Portofino area were added to the standard model
structure: small tuna-like fishes (hereafter small tunas), dolphins and horse mackerels.
Small tuna-like fishes include species such as Sarda sarda, Auxis rochei and Euthynnus
alletteratus, which, although pelagic, are often caught within the MPA boundaries and are
thus important fishery resources. A group of dolphins of the species Tursiops truncatus
permanently lives in the waters just in front of the MPA (Alessi et al. 2011), and are very
likely interacting with the modeled food-web. The “horse mackerels and sand smelts+”
group (the notation “+” following the name of each functional group signifies that several
species are included in the group) (Valls et al. 2012, Prato et al. 2014) was split in two to
account for some additional pelagic species frequently reported in the catches within the
MPA (Scomber spp., Sardinella aurita), that have different diets from the “sand smelts +”
group. An import component was added to the diet of migratory and pelagic species that
are not present during the whole year in the study area. Similarly, due to the small size of
the study area and the mixing of currents characteristic of this zone, we had to integrate
zooplankton and phytoplankton advection in the model, which are likely continually
imported and exported from the zone (Pinnegar et al. 2000). We thus added a component
of import both in the diet of zooplankton and of benthic invertebrates which feed on
zooplankton and phytoplankton. Finally, due to the absence of biomass data, together with
their likely weak interaction with the shallow food web, some fish caught in the modelled
area but known to live at depths >50 m were excluded from the model (Lophius

piscatorius, Scyliorhinus canicula and Merluccius merluccius).
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Details on the origins of all input parameters are given in Annex 1.

Catches estimates

The MPA partially monitors artisanal fishing effort and catches. Only available fishing
catches within the model area were thus considered, including catches from fixed nets

(trammel nets, gill nets and combined nets), small purse seine and recreational fishing.

In order to obtain an annual picture of catches in the model area we had to attain from two

main sources of data:

- A dataset of fishermen interviews (MARTE+ project, 2011) from which effort in the
model area in one year was estimated, computed as total number of boats and
days of fishing for fishing metier.

- The available logbooks from three boats (two boats monitored in 2012, one in 2013-

2014), from which catches in kg/day for each fishing métier were estimated.

Thus, data from the logbooks (kg/day of fishing for each species and fishing métier) were
multiplied for the total number of fishing days/year for the same métier.

Recreational fishermen must fill logbooks concerning catches within the MPA boundaries.
From the logbooks we computed average catches expressed as kg /hour within our model
area and multiplied for the total number of hours of recreational fishing in the MPA in one
year (Cappanera et al. 2013).

From these estimates, we derived alternative data sets, using 2 multiplier coefficients for
professional fishing (0.5 and 2) and 7 coefficients (0.5 and from 2 to 7) for recreational
fishing, in order to account for larger uncertainty. Resulting values were then proposed to
the evaluation of the MPA staff fishing experts, responsible for the monitoring of
professional and recreational fishing. For each species, the most realistic estimate
according to the expert’'s knowledge was retained. These expert-modified values were
used to build our reference model. Two other models were then built with expert’s
estimates both multiplied and divided by the coefficient 1.5 to account for uncertainty in the
data, and a fourth model was also built with the original logbook’s estimates, to identify
differences and data gaps. Accounting for uncertainty, we aimed at highlighting the

potential of Ecopath and Ecotroph as a tool for advising MPAs management, and thus
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stress on the urgent need to improve monitoring strategies and increase ecological and

fisheries data quality and availability.

6.2.3 Species interactions, keystonness scores and fisheries impact
The mixed trophic impact routine (MTI) of Ecopath assesses the relative impact of a slight

increase in abundance of any group on the biomass of other groups on the food-web
(Christensen & Pauly 1992).

Keystone species are defined as the species having the highest and widest impact on the
food web despite a low biomass. They were identified by applying the new keystonness
index developed by (Valls et al. 2015). The index is characterized by an impact component
(IC, defining the trophic impact of a group on the other groups) and a biomass component

(BC), according to the following equation:
KS=Ln (IC x BC) (2)
Where IC is defined from (Libralato et al. 2006) as:
ICi =V Z jui mjf? 3)

Parameter IC; represents the overall effect of group / on all the other groups in the food
web (and is expressed as the sum of the squared values of mj (the MTI score) of group i,
paired with each of the other living group j in the food web. The mixed-trophic impact of
group i on itself (mj) is excluded, as well as the mixed-trophic impact on non-living groups
such as detritus (Libralato et al. 2006).

The biomass component is defined as the rank of the group’s biomass in descending

order:
BC = drank(Bi) (4)

Fishing loss (Floss) is an indicator of fishing impact given by the ratio between catches
and the production of each functional group (Y/P). After obtaining production (P) from P/B
x B we computed Floss for each functional group, in order to analyze the impact of fishing

on keystone groups. Fishing fleets are treated as predators in the MTI routine, thus we
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analysed direct and indirect fisheries impacts within the ecosystem by computing and

cumulatively plotting the MTI index of each fleet.

6.2.4 Data quality and MTI sensitivity analysis

Since data availability and quality is the main limitation to EwE, like for any ecosystem
model (Prato et al. 2014, Lassalle et al. 2014), data quality was assessed applying the
food web diagnostics proposed by Link 2010 and the Data-Reli toolbox developed by
Lassalle et al 2014. The Pedigree index (Morissette 2007) of the model was computed to
summarise the uncertainty related to each input value and was used to assess if model
quality was sufficient (Pedigree >0.4) to pursue with the analysis (Lassalle et al. 2014).
Respiration / consumption ratio was not ecologically correct for sea urchins and
cephalopods, thus their Q/B ratio was slightly increased.

Robustness of MTI results was tested through a sensitivity analysis (Lassalle et al 2014).
We rebuilt the original net impact matrix where q; is the net impact of / on j and is given by
the difference between positive effects (quantified by the fraction of prey i in the diet of
predator j j), and negative effects f; (evaluated as the fraction of total consumption of j
used by predator /). Then, in the analysis routine, 5000 Q matrices are created by drawing
qij values from independent uniform distributions defined by original g; + 20% (Richardson
et al. 2006). The mj; values for each pairwise intersection of the Q matrices are then
calculated, their signs recorded and the percentage of mj values with the same sign as in
the original MTI matrix (SMTI) is estimated. Results were summarized into one matrix
recording the sign of the original mj; values and the SMTI percentages that are categorized
into four classes:[0; 50], ]150; 75], ]75; 95] and ]95; 100].

6.2.5 Ecotroph model

The EcoTroph model summarizes the ecosystem functioning as a flow of biomass surging
up the food web from lower to higher Trophic Levels (TL), through predation and ontogenic
processes. The biomass enters the system at TL = 1, generated by primary producers or
recycled from the detritus. For TLs > 2, the biomass is distributed along a continuum of TL
due to the diet variability of the various consumers. The resulting biomass distribution is
called trophic spectrum (Gascuel et al. 2005). EcoTroph thus allows to simulate various

fishing scenarios and their impact on the biomass trophic spectrum.
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On the basis of usual equations of fluid dynamics, the flow of the biomass present in the

ecosystem at TLt under steady-state conditions is expressed as:

$(x) = D(r) x K(1) (5)

Where ¢(t) refers to the amount of biomass that moves up the food-web through TLt

(expressed in tons per year), D(z)is the density of biomass at trophic level 7 (expressed in
tons per trophic level) and K(z) is the speed of flow, which quantifies the velocity of
biomass transfers in the food-web (expressed as the numbers of TLs crossed per year).

The continuous distribution of the biomass across a trophic level is calculated using a
discrete approximation based on small trophic classes. EcoTroph conventionally considers
trophic classes of width Az equal to 0.1 TL, from Trophic Level 2 (corresponding to first-
order consumers) to Trophic Level 5 (value considered sufficient to cover all top predators
likely to occur in marine ecosystems). Thus, the mean biomass Bz (in t), which is present
in the [t,t+A1] trophic class under steady-state conditions, can be estimated as |D (7) x dr

or D(7) x Arfor a small interval Az. Therefore:

Bt =t x At/ Kt (5)

where @t and Kt are the mean biomass flow and mean speed of flow within the [r,z+A4]

trophic class, respectively.
The flow of biomass from one trophic class to the next is non conservative and is thus

expressed as:

P+l = Pr x exp[-(uite:) XAt] (7)

where u.is the natural loss rate (related to excretion and respiration) and ¢, is the fishing
loss rate (with ¢, = F,/ K, where F is the fishing mortality). We refer to the Appendix in

Gascuel et al. 2011 for further explanation of EcoTroph dynamics.

6.2.6 Scenarios of fisheries closures and analysis of interacting impacts

For each functional group, accessibility to fishing was defined according to the number of
targeted species within the functional group (if none of the species within the group is
fished, then the accessibility value is zero). Afterwards, we used the ET-transpose routine
described in Gascuel et al. (2009) to translate the outputs of the original Ecopath model
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into an ET model and to build the trophic spectra of the cumulated catches and the trophic
spectra of the fishing loss for each fishing fleet.

We simulated the unexploited state of the ecosystem by setting fishing loss (¢) to 0 for all
fleets in the ET-diagnosis routine. The current condition and two alternative fishing
scenarios were compared to the unexploited state: no recreational fishing (¢=Y*°"IP,
where Y,”°" is the catch of commercial fisheries only, at trophic level 7) to test the effect of
an interdiction of this activity, and double artisanal and recreational fishing (¢.=2-Y./P.,
where Y, is the total catch at trophic level 1) to assess the impact that an increase in the
fishing effort could have in the ecosystem.

Finally, we plotted artisanal and recreational fisheries’ mixed impact on accessible
biomass, TL of the accessible biomass, catches of the artisanal fishery and mean TL of

the artisanal fishery’s catch.
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6.3 Results

6.3.1 Food web structure

The pedigree index of the model was 0.49. Biomass estimates were available for 60% of
the groups (including most of the higher trophic levels, and the primary producers) while
the remaining 40% (benthic compartments) were estimated by the model (Tab. 1).
Biomasses of fish, invertebrates and primary producers were respectively 2%, 15% and
83% of total biomass in the system (5126 tons - km? - year” including Posidonia

oceanica).

Tab.1 Parameters of the balanced Ecopath model. Parameters in bold were obtained through the mass-balance
calculations of the model. TL: Trophic level; B: biomass; ...

Y

Y small v Discards
Group name TL B P/B Q/B EE P/Q F Fixed purse Recreational Fixed
nets seine nets
1 Dolphins 4.95 0.03 0.07 13.49 0.00 0.01 - - - - -
2 Small tunas + 4.64 1.23 0.35 8.19 0.50 0.04 0.18 0.11 0.00 0.10 0.00
3 Amberjack & dentex + 4.31 6.00 0.47 3.58 0.65 0.13 0.27 0.14 0.45 1.06 0.00
4 Dusky grouper L 4.39 4.60 0.18 0.81 0.00 0.22 - - - - -
5 Dusky grouper M 4.26 1.26 0.47 1.66 0.13 0.28 0.06 0.08 0.00 0.00 0.00
6 Dusky grouper S 3.98 0.62 1.34 4.40 0.09 0.30 - - - - -
7 Large-scaled scorpionfishes + 3.79 2.50 0.54 4.62 0.68 0.12 0.21 0.19 0.00 0.32 0.00
8 Scorpionfishes&combers + 3.69 1.18 0.65 6.60 0.97 0.10 0.27 0.03 0.00 0.29 0.00
9 Stripped red mullets + 3.72 2.14 0.88 7.84 0.70 0.11 0.05 0.05 0.00 0.06 0.00
10  Horse mackerels + 3.76 8.09 0.97 7.57 0.90 0.13 0.03 0.00 0.18 0.03 0.00
11  Sand smelts + 3.53 15.11 0.83 10.41 0.43 0.08 0.06 0.00 0.62 0.24 0.00
12 Pagellus 3.45 0.31 0.67 6.96 0.79 0.10 0.41 0.03 0.00 0.10 0.00
13 Diplodus + 3.08 29.70 0.73 6.46 0.24 0.11 0.11 1.40 0.00 1.94 0.00
14  Gobies + 3.26 6.00 1.12 8.54 0.90 0.13 0.01 0.00 0.00 0.06 0.00
15 Wrasses + 3.23 2.49 0.96 9.56 0.75 0.10 0.03 0.02 0.00 0.05 0.00
16  Mullets 2.32 1.17 0.36 14.99 0.39 0.02 0.01 0.00 0.00 0.01 0.00
17  Salemas 2.35 3.17 0.95 5.30 0.25 0.18 - - - - -
18 Salemal 2.00 6.10 0.60 2.54 0.64 0.24 031 0.00 1.84 0.04 0.00
19  Decapods + 2.65 12.61 2.64 18.89 0.90 0.14 0.01 0.14 0.00 0.00 0.00
20  Cephalopods 3.61 3.43 2.34 7.80 0.70 0.30 0.13 0.05 0.00 0.40 0.00
21 Zooplankton L 3.02 3.12 22.71 60.47 0.95 0.38 - - - - -
22 Zooplankton S 2.10 7.52 35.44 109.43  0.95 0.32 - - - - -
23 Seaworms 231 40.16 2.58 15.27 0.95 0.17 - - - - -
24 Macrofauna + 2.16 49.71 4.10 4760 0.90 0.09 - - - - -
25  Echinoderms + 2.36 21.38 0.59 1.67 0.50 035 - - - - -
26  Suspensivores + 2.19 74.23 2.63 11.20 0.90 0.23 - - - - -
27  Gorgonians 2.23 500.80 0.20 0.53 0.02 0.38 - - - - -
28  Sea urchins 2.15 64.95 0.57 2.70 0.60 0.21 - - - - -
29  Meiofauna 2.00 19.84 10.00 3333 095 030 - - - - -
3674.0
30 Posidonia 1.00 0 0.55 - 0.24 - - - - - -
31 Seaweeds 1.00 557.00 4.43 - 0.14 - - - - - -
32 Phytoplankton 1.00 7.14 179.60 - 0.46 - - - - - -
33 Detritus 1.00 65.25 - - 0.28 - - - - - -
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The analysis of the energy fluxes and biomass repartition (Fig. 2) allowed to discern
among a main bentho-pelagic path, connecting primary producers and detritus to the
higher trophic levels in the food-web through the benthic compartments, and a pelagic
path connecting phytoplankton, zooplankton, planktonivorous fish and pelagics. The
biomass of first order producers was dominated by Posidonia oceanica and seaweeds,
which were the largest source of energy for Salemas and Sea urchins, the main herbivores
in the system. The detritus compartment exhibited strong energy connections with many
benthic invertebrate groups (Macrofauna+, Sea worms, Echinoderms+ and
Suspensivores). Gorgonians dominated the biomass of benthic invertebrates, but their
contribution to the energy fluxes of the food-web was limited, due to the low number of
groups feeding on them. Suspensivores+ held the second position in the biomass ranking
of benthic compartments, followed by Sea urchins, Macrofauna+, Sea worms and
Echinoderms+ (sea stars and sea cucumbers).

Cephalopods played an important role in connecting the pelagic and bentho-pelagic paths,
showing a high degree of connections both with benthic invertebrates, planktonivorous fish
and high trophic level predators. Fish biomass was high in the modelled system (91.6
tons-km?year™), which supported in particular very high biomasses of the Diplodus+
group (29 tons - km™ -year™') and also significant biomass of the high trophic level predator
groups Amberjack&dentex+ and Dusky grouper. Planktonivorous fish were also important
(15 tons km™ year 'for Sand smelts+ and 8 tons -km™? year'for Horse mackerels+), being
preys of many higher trophic level groups, thus connecting the pelagic pathway to the
bentho-pelagic one.

Finally, artisanal and recreational fisheries catches were respectively 53% and 47% of
total landings, estimated to be 10 tons - km™ - year™, corresponding to 9% of total fish and

fished invertebrates biomass.
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Fig. 2 Flow diagram of the modelled ecosystem. Size of the nodes is proportional to the biomass of the functional
groups. Lines represent the flux of energy among groups. Colours are proportional to the magnitude of the flux.

6.3.2 Species interactions and keystonness scores

The keystonness analysis (Fig. 3) showed that three groups play an especially important
role in the functioning of the food web: Amberjack&dentex+, Large scaled scorpionfishes+
and the Small dusky grouper, followed by Stripped red mullets+ and Cephalopods. The
analysis of the MTI signs for these groups allowed to unravel both their negative impacts
on the food web through direct predation, but also positive cascade effects that they
triggered on some species by releasing them from meso-predation (Fig.4).
Amberjack&dentex+ had the overall largest trophic impact, with a significant negative
impact on the Small dusky grouper, but also on Horse mackerels+, highlighting the
connection of this group with both the pelagic and bentho-pelagic pathways. The Small
dusky grouper and Large scale scorpionfish+ on their turn negatively impacted many

necto-benthic fish groups. Positive indirect effects of Amberjack&dentex+ and the Small
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dusky grouper, although slight, mainly concerned benthic invertebrates groups (Sea
urchins, Macrofauna+, Suspensivores+ and Decapods+), which were released from meso-
predation. A slight increase in Large scaled scorpionfish+ biomass led to larger indirect
positive effects than the two previous groups, mainly favouring Cephalopods+,
Decapods+, Large zooplankton, and Gobies+ (Fig.4)

Cephalopods+ also had a high KS score (Fig.3), showing the largest overall positive
impact on the food-web, both directly as preferred preys of the Medium and Large dusky
groupers, but also indirectly, positively affecting several invertebrates as Sea urchins,
Gorgonians, Suspensivores+, Macrofauna+, and Echinoderms+ (divers effects +) (Fig.4).
These indirect positive effects were mainly consequent to meso-predation release from
Decapods, Diplodus+, and Sand smelts+, all preys of Cephaopods+. Among negative
effects, indirect competition for preys with necto-benthic fish like Large scale scorpionfish+
and Scorpionfish and combers+ was unravelled (Fig.4).

Dolphins and small tunas+, although having higher trophic levels and smaller biomasses,
did not result as keystone predators likely because of the large import component in their

diets, that attenuated their trophic impact in the modelled area.
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Analysis of fishing loss rates (Fig. 5) showed that six groups encompass a high fishing

pressure, with annual catch higher than 35% of their natural production. Among these 6

groups, two were previously identified as keystone species: the Amberjack&dentex+ and

the Large scaled scorpionfishes+. In contrast, Pagellus, Salema L, Small tunas+ and

Scorpionfish&combers+ are strongly exploited, but seem to play a limited role in the

functioning of the food-web. Concerning the other groups, fishing pressure was lower, with

annual catch lower than 20%.
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Fig. 5 Fishing loss rate for each functional group. Fishing loss= Y/P

The sensitivity analysis performed on the MTI matrix revealed that MTI signs were robust
to a variation of +/-20% in the original net impact value: 85 % of the pairwise intersections
in the original MTI matrix had a sign equal to that of the original matrix with a confidence
percentage > 95% (70% of the pairwise intersections reached 100% confidence) (Tab. 1,

Annex).

6.3.3 Current catch and fishing loss rates by fishery

Trophic spectra of the cumulated fisheries catches showed overlap among the three
fisheries, in particular for trophic levels > 3.5 (Fig.6a). Recreational fishing catches
targeted trophic levels > 3 (mean TL catch = 3.56), while artisanal fixed nets catches
concentrated mainly around TL 3 (mean TL catch = 3.35). Purse seine fishing caught high
biomasses at TL 2 (Salemas), and also at TL > 3.5 (mean TL catch= 2.75). The overlap of
the three fisheries on high trophic levels resulted in the strongest fishing losses for trophic
levels higher than 4, due to the lower turnover rates of these predators (Fig. 6b). On the
contrary, high catches at TL 2 and 3 did not translate into strong fishing impact. When
confidence intervals were added according to the two alternative estimates provided by the
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MPA fishery experts, results kept consistent. When the analysis was run on the model
based on non-corrected logbook fishing data, fishing loss by recreational fishing was
consistently lower, due to an underestimation of total fishing catches (Fig. A1 Annex.).
However, the general trend of major impact from the three fisheries overlap on high trophic

levels was maintained.
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Fig. 6 Trophic spectra of the cumulated fishery’s catches (a) and trophic spectra of fishing loss (Y/P) (b)

When fisheries were considered as predators in the MTI analysis (Fig.7), they had both
direct negative impacts on the species they targeted, but also indirect negative impacts by
reducing the prey availability for some species (competition) and indirect positive impacts
due to release from predation. In particular, the recreational fishing fleet had the strongest
total impact on the food web. Species directly targeted by this fishery were the high trophic

level groups Small tunas+, Amberjack&dentex+ and Large scaled scorpionfish+. Release
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from predation from these high trophic level predators favoured some species such as the
Small and medium dusky grouper, Horse mackerels+, Wrasses+ and several benthic
invertebrates. Professional fishery with fixed nets negatively impacted the Medium dusky
grouper, partly due to direct fishing and partly to competition, since many species targeted
by fixed nets were also preys of the Medium dusky grouper. Sea urchins and most benthic
invertebrates (except Decapods+) were also favoured by an increase in this fishery.
Professional fishery with small purse seine had the lowest overall trophic impact, with a
large negative impact mainly on Salemas and Amberjack and dentex+ (targeting

barracudas), and a consequent positive impact on the Small dusky grouper and benthic

invertebrates.
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Fig. 7 Cumulative plot of the mixed trophic impact indices of the fishing fleets. Values on the positive axis represent
positive impacts of the fishery on the functional groups in the food-web, values on the negative axis represent
negative impacts. Impacts <0.05 were grouped together under diverse effects (both negative and positive).

6.3.4 Simulation of fisheries closures
Simulation of fishing scenarios (Fig. 8) showed that the system was far from its
unexploited condition for the higher trophic level groups (TL>4), whose biomass in the

unexploited state would be 44% higher than current biomass. When recreational fishing
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mortality was set to 0, the total biomass of high trophic level fish increased of 24%. When
fishing mortality was doubled for all fisheries high trophic levels were again the most
impacted. When logbook data were also considered, at the current state the system
resulted closer to the unexploited condition. This was again due to the underestimation of
recreational fishing catches, since when recreational fishing mortality was set to 0 results

were equal to the reference model (Fig. A2 Annex).
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Fig.8 Trophic spectra of relative biomass (dimensionless) by fishing scenario. Relative biomass was calculated by
dividing absolute biomass values of each scenario by the absolute biomass values of the unexploited state. Expert
uncertainty relates to the two alternative estimates of catches, according to experts knowledge (see text)

The analysis of fisheries interactions showed that artisanal fisheries quantitatively
impacted the biomass accessible to fisheries more than recreational fisheries (Fig.9a).
Indeed, setting respectively artisanal or recreational fisheries to zero, the accessible
biomass would increase about 22 tons - km? - year ' (+ 47%) and 12 tons - km? - year ™
(+ 25%), respectively.

On the other hand, recreational fishing had a stronger impact on the composition of the
fish assemblage, affecting the mean TL of the accessible biomass (Fig.9b). Forbidding
recreational fisheries would, in fact, lead to an increase in the mean TL from approximately
3.15 to 3.35, while a reduction in artisanal fisheries would not modify the mean TL of the
accessible biomass.
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Quantitative impact of recreational fishing on professional fishing catches resulted in a
potential increase of 1.2 tons - km? - year ' in the catches of the latter (+23 %) if the
former was set to 0 (Fig. 9c¢). Prohibiting recreational fishing moreover would increase the

mean TL of the professional catches from 2.95 to 3.15 (Fig.9d)
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system, b) the mean trophic level of the accessible biomass, c) the artisanal fishery catches and d) the mean trophic
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6.4 Discussion

6.4.1 Building a trophic model in the context of Mediterranean MPAs
Scientific ecological knowledge on Mediterranean MPAs, when available, is often
dispersed among several sources of information, ranging from local or foreign universities
or environmental agencies, to local/traditional ecological knowledge, historical archives,
and expert opinions. Integration of this wealth of information is essential for a holistic
understanding of protection effects on ecosystem functioning and thus a fully informed
management of MPAs. The trophic modelling approach adopted here is a useful tool to
accomplish such integration, allowing us to fit largely scattered data into a coherent picture
of ecosystem functioning for the Portofino MPA. In particular, a snapshot of the highly
productive area surrounding the southern promontory of the MPA was provided,
representing an average year between 2007 and 2014. This model provides a baseline
that can be easily updated in the years to come, when more geo-referenced data
regarding fishing effort and catch become available, together with updated monitoring data
on key species biomass.
Similarly to most ecosystem models, it was not possible to obtain local data for all
functional groups (Pedigree index = 0.46), but model-derived estimates were in
accordance with ecological knowledge of the area. Biomass ranking of benthic
invertebrates was confirmed by expert opinion (C. Cerrano pers comm.) with highest
biomasses of gorgonians, followed by suspensivores+, macrofauna+, sea worms and
echinoderms+ (sea stars and sea cucumbers). Trophic levels computed by the model fell
also within the range of results for the Mediterranean (Stergiou & Karpouzi 2001).
The analysis of the energy fluxes allowed to unravel a complex food-web despite the
relatively small area, with a main bentho-pelagic energy path exchanging energy with a
more pelagic path through some key groups like cephalopods, planktonivorous fish and
high trophic level predators. Comparison of relative biomass partitioning among primary
producers, benthic invertebrates and fish with another modelled Mediterranean MPA (Port
Cros, Valls et al 2012) allowed highlighting the peculiarities of Portofino. This area
supports high benthic community biomass (15% of total biomass) when compared to the
Port Cros MPA (3.5%), sustaining high biomass of fish at all trophic levels (2% of total
biomass, against 0.65% in Port Cros). The fish biomass observed was particularly high
especially for high trophic level predators (10 tons -+ km™ - year”) and sea breams (29
tons - km? - year") in comparison to the Port Cros MPA (9 and 3 tons - km? - year”
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respectively, Valls et al 2012). Sea breams biomass in the MPA was in fact shown to be
higher than the accepted threshold of 12 individuals per 125 m? necessary to maintain sea
urchins abundance low and avoid rocky reef ecosystem shifts towards barrens (Guidetti &
Sala 2007, Guidetti et al 2008). Indeed, extended sea-urchin barrens are absent in the
Portofino MPA (Sala et al. 2012). The identification of high trophic level predators
(Amberjack&dentex+ group and Dusky grouper) as keystone groups supports current
conservation strategies aiming at protecting these target fish within Mediterranean MPAs.
It is noteworthy that cephalopods have also shown a high keystonness index in the
Portofino MPA, similarly to the Port Cros model (Valls et al. 2012) and to a subsequent
sensitivity analysis performed on it, which highlighted the impact that uncertain input
biomass data for cephalopods can have on biomass estimates of other groups (Prato et al.
2014). Being both a preferred prey for many high trophic level predators, but also
predators acting on a wide range of trophic levels, cephalopods occupy an important
functional role in both coastal and pelagic ecosystems (Piatkowski et al. 2001, Coll et al.
2013). Large variations in cephalopods biomass can indeed lead to strong effects on the
marine food-webs, both through bottom up and top down impacts. In the Portofino MPA
they are subject to some artisanal and recreational fishing pressure, which is likely
underestimated due to the presence of illegal fishing in the MPA. This is a common issue
in most Mediterranean coastal areas, but is generally difficult to address. If the exploitation
state of cephalopods is not controlled, their biomass could become a limiting food item for
their predators, especially for the protected Dusky grouper. Cephalopods should thus be

regarded as an important monitoring target in the context of Mediterranean MPAs.

6.4.2 Interacting fishing impacts on the food-web

This study was the first attempt to assess the impact of recreational fisheries on a
Mediterranean MPA food-web, and its interaction with the artisanal fishery, starting from
available although limited local logbook data. Estimates of artisanal fishing catches within
the MPA zones surrounding the southern promontory front (3.35 tons - km™ - year™) were
much higher than catches in the Port Cros MPA (0.3 tons - km™ - year') and Bonifacio
Straits Natural Reserve (0.09 tons - km™ - year™) for which similar Ecopath models had
been built (Valls et al 2012, Albouy et al 2010). Estimates of recreational fishing (3.56 tons
- km™ - year') were also markedly higher when compared to Bonifacio (0.1 tons - km™ -
year"), although in Bonifacio these were indirectly derived by applying a percentage to

professional fishing catches (Albouy et al 2010). Total estimates were instead similar to
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those from the Cote Bleu Marine Park (SW France), comparable to Portofino in terms of
number of fishing boats and metiers, with 4.6 tons - km™ - year” landed by coastal
artisanal fisheries operating with fixed nets, and approximately 3.6 tons - km? - year‘1of
recreational fishing catches (from boat and shore) (Leleu et al. 2014, Cote bleu Scientific
Report 2013-2014). The catches overlap among artisanal and recreational fisheries in the
Portofino MPA led to strong fishing losses on high trophic level predators, due to the lower
turnover rates of these groups. Although the Portofino MPA was demonstrated to be
effective in sustaining a recovery of fish biomass within its borders (Guidetti et al. 2008),
as also shown by the high biomass levels within it, fishing losses on high trophic level
predators are still high within the MPA. Recreational fishing, in particular, contributed for
approximately half of these fishing losses, leading to the largest impact on the whole food
web, as shown by the mixed trophic impact analysis. Fisheries primarily targeting high
trophic level predators often lead to such wide impacts on the ecosystem, as it has been
shown to happen in the whole Ligurian sea (Britten et al. 2014). An analysis of 25 years of
landings (1950-1974) from the tuna trap (“fonnarella”) situated in the zone C of the
Portofino MPA, just outside our modelled area, revealed the occurrence of a strong
depletion of top predators, including sharks, tunas and other large piscivores associated
with this coastal area, which were gradually replaced by lower trophic levels (Britten et al.
2014). Such trophic downgrading was parallel to an intensification of fishing effort and
ultimately led to a decrease in the stability of the fish community due to a release from top-
down control. The community became dominated by intermediate trophic levels with
variable life history (mainly herbivores, cephalopods and planktonivores), subject to wide
oscillations in time (Britten et al. 2014). Here, the analysis of the mixed trophic impact of
the recreational fishery showed that the similar intermediate trophic level groups also

benefited from a slight increase in its effort.

6.4.3 Management applications of trophic modelling

The presented modelling approach can provide some useful outcomes for the
management of MPAs. First, it allows identifying species that play important keystone
roles in the food-web, but are at the same time subject to strong fishing impact. These
species (included in the Amberjack&dentex+ and Large Scaled Scorpionfishes+ groups for
the Portofino case study) can be considered as “sentinels” of the condition of the food-web
and their monitoring should therefore be regarded as a priority within MPAs. Monitoring

should take place both by assessing their biomass state in the ecosystem, but also
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evaluating their exploitation status through the survey of artisanal and recreational fishing
catches. These species could also be a reference for the definition of management actions
(for instance, calculating the reduction of fishing mortality needed to attain predefined
conservation objectives) and for the assessment of their efficiency.

The model also revealed that regarding high trophic level predators, the ecosystem is
likely far away from its carrying capacity, assumed to be equal to our simulated condition
of no fishing. An eventual interdiction of recreational fishing would lead to a significant
increase in the biomass of this group (TL>4), up to 24%. A similar analysis performed on
the Port Cros MPA showed that the ecosystem was very near to its simulated unexploited
state (Valls et al. 2012). The habitat and ecological differences among the two areas, but
also the older age of the Port Cros MPA (more than 50 years), and the lower fishing
pressure within this area are probably influencing this difference. MPA carrying capacity
for high trophic level predators for instance generally needs between 13 and 30 years
depending on the species (Garcia-Rubies et al. 2013). According to our results, the
potential carrying capacity for high trophic level predators in the Portofino MPA is likely to
be high, but the current level of fishing within the MPA borders should be reduced in order
to pursue the MPAs conservation objectives.

Finally, the model allowed to inform about the impact of recreational fishing on artisanal
fisheries catches. The competition for target fish among recreational and artisanal fishing
is a growing issue in many Mediterranean coastal areas, but few MPAs assess such
impact. In the Cote Bleu Marine Park for example the long term assessment of both
fisheries highlighted a strong competition of resources, where over 36 species highly
targeted by artisanal fishermen, 25 were also a spearfishing target and 17 were targeted
by recreational fishing from boat. Moreover, recreational fishing was less selective,
targeting both the prey of species normally targeted by artisanal fishermen and also the
large carnivores (Leleu et al 2014, Charbonnel et al. 2014). Such trend was also
highlighted in our study, and is likely to be more intense given the probable
underestimation of recreational fishing catches. lllegal spearfishing is in fact likely
occurring in the MPA, and monitoring recreational fishermen is further complicated by the
common custom of providing lower catches estimates to the MPA board, as revealed by
the mismatch among logbooks and local expert’s estimates in our study.

Artisanal fishery is a conservation target for many Mediterranean MPAs, which often
promote a sustainable socio-economic development and the conservation of traditional

activities, when carried on in a sustainable way, and of local identities/cultures (Di Franco
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et al. 2014). Our results suggested that the artisanal fishery alone would have moderate
impact on the food web, reducing by less than 15% the biomass of top predators (TL>4.0),
with almost no effect on the total biomass of lower trophic levels. Limiting recreational
fishing effort could therefore allow the MPA to pursue both its conservation and socio-
economic development targets, by i) reducing the impact on high trophic level predators
and thus benefiting the whole ecosystem and ii) increasing the availability of catches at
higher trophic levels for artisanal fishing. This type of catch is generally more valuable on
the market, thus providing economic benefits to the naturally-declining artisanal fishing
activity.

Lastly, integrating these results to other impact assessments on the Portofino MPA
(Markantonatou et al. 2014), which highlighted the high spatial overlap among artisanal
and recreational fishing activities on the coralligenous habitat, allows to provide a holistic

set of information that could help driving management actions within the MPA.

6.5 Conclusions

The trophic modelling approach with Ecopath and Ecotroph provided useful insights on the
food-web structure associated with the Portofino MPA. Amberjack&dentex+ and Large-
scaled scorpionfishes+ were identified as sentinel groups, cumulating high keystonness
and a currently high fishing impact. The interacting impacts of artisanal and recreational
fishing on the food-web were also unravelled. Despite some limits in input data availability,
application of pre-balancing rules (Link 2010), coupled with the novel sensitivity analysis
on the mixed trophic impact matrix (Lassalle et al. 2014) and the comparisons of 4
different models based on alternative catch estimates, provided consistent trends in the
results. The potential of the approach is thus high, not only to assess large scale
ecosystem impacts such as those of industrial fisheries and climate change (Fouzai et al.
2012, Albouy et al. 2014, Coll et al. 2015) but also at a more local scale to address crucial
issues such as those of users conflicts, common to most coastal ecosystems and MPAs.
Nonetheless, it is essential that coastal Mediterranean MPAs develop long term monitoring
programs on key species and on extractive professional and recreational activities. Only
by increasing data availability and integration it will be possible to develop more robust
food-web models and enhance their potential as management tools, by integrating
dynamic simulations and bridging them with spatial modelling approaches (Steenbeek et

al. 2013, Levin et al. 2014).
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6.7 Annex

Tab.A1 Origin of input parameters for each functional group. Biomass and catches are provided in tons -

km?- year”

Fixed nets catches: since the mesh size of trammel nets differed depending on the main target species (large mesh
size of 50-60 mm targeting lobster and small mesh size of 20-30 mm targeting mullets) trammel nets catches for both
mesh sizes were treated separately. Same procedure was applied for the bycatch data available from the logbooks.

Purse seine catch (*): Species caught by purse seine fishing were known from the logbooks, while caught kg were
derived from the equation Y= F/B assuming a fishing mortality (F) of 0.2. These estimates were then multiplied for the
total number of fishing days/ year

° Functional group Value References Observations
1 Dolphins
B 0.03 Alessi unpublished data, Alessi et al. Abundance of dolphins from acoustic
2014 data (Alessi et al. 2014) and visual
Gnone et al. 2011 surveys around the area (Alessi
unpublished data). Data were related
to the surface occupied by the
eastern subpopulation of T.truncatus
in the Pelagos sanctuary (Gnone et al:
2011). Density was transformed to
biomass with the mean body weight
of T. truncatus (Fiori unpublished
data)
P/B 0.07 Coll et al. 2006
Q/B 13.49 Coll et al. 2006
Diet Blanco et al. 2001
2 Small tunas +
B Estimated by Ecopath
P/B 0.35 Coll et al. 2006
Q/B 8.19 Empirical equation from Palomares &
Pauly 1998
Diet Stergiou & Karpouzi 2001, Falautano et
al. 2007, Mostarda et al. 2007
Y 0.10,0.15 Recreational fishing, artisanal fixed nets Logbooks + interviews + staff
correction (see text for details)
3 Amberjack & dentex +
B 6.00 MPA monitoring data 2010 and 2013- Bergeggi MPA (nearby similar
2014 protected and monitored ecosystem)
was used as an additional sampling
site to gather data of rare or
migratory species not observed in the
available monitoring data of
Portofino (S.viridensis, S.dumerili,
C.conger),although known to inhabit
the area due to frequent
sightings/fisheries catches.
P/B 0.36 Z=F+ M, M= Empirical equation from
Gislason et al. 2008, assuming F=0.2 for
lampara
Q/B 3.58 Empirical equation from Palomares &
Pauly 1998
Diet Badalamenti et al. 1995, Morales-Nin &

Moranta 1997, Barreiros et al. 2002,
Matic-Skoko et al. 2010, Rogdakis et al.
2010, Anastasopoulou et al. 2013
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Functional group

Value

References

Observations

Y

Dusky grouper
B
P/B

Q/B

Diet

Large-scaled
scorpionfishes +
B

P/B

Q/B
Diet

Scorpionfishes & combers
+
B

P/B

Q/B
Diet

Stripped red mullets +
B
P/B

Q/B
Diet
Y

Horse mackerels +
B
P/B

Q/B
Diet

Sand smelts +
B

1.06,0.14,0.45
1

6.45
0.17

2.56

0.08

2.50
0.49

4.62

0.33,0.19

1.17
0.47

6.60

0.29,0.03

0.88

7.84

0.06,0.05

0.97

7.57

0.03,0.0006,0.
18

15.11

Recreational fishing, artisanal fixed nets,
artisanal purse seine

MPA monitoring 2010 and 2013-2014*

Z=F+ M, M= Empirical equation from
Gislason et al 2008

Empirical equation from Palomares &
Pauly 1998
Valls et al. 2012

Artisanal fixed nets

MPA monitoring 2010 and 2013-2014*

Z=F+ M, M= Empirical equation from
Gislason et al 2008

Palomares & Pauly, 1998

Bradai & Bouain 1990, Karpouzi &
Stergiou 2003, Cresson et al. 2014
Recreational fishing, artisanal fixed nets

MPA monitoring 2010 and 2013-2014*

Z=F+ M, M= Empirical equation from
Gislason et al 2008

Palomares & Pauly, 1998

Stergiou & Karpouzi 2001, Relini et al.
2002
Recreational fishing, artisanal fixed nets

Estimated by Ecopath

Z=F+ M, M= Empirical equation from
Gislason et al 2008 , assuming F for the
group = F Mullus surmuletus
Palomares & Pauly, 1998

Stergiou & Karpouzi 2002

Recreational fishing, artisanal fixed nets

Estimated by Ecopath

Z=F+ M, M= Empirical equation from
Gislason et al 2008

Palomares & Pauly, 1998

Tsikliras et al. 2005, Stergiou & Karpouzi,
2002

Recreational fishing, artisanal fixed
nets,artisanal purse seine

MPA monitoring 2010 and 2013-2014*

Logbooks + interviews + staff
correction for fixed nets, F=0.2 + staff
correction for purse seine * (see text
for details)

Logbooks + interviews + staff
correction (see text for details)

Logbooks + interviews + staff
correction (see text for details)

Logbooks + interviews + staff
correction (see text for details)

Logbooks + interviews + staff
correction (see text for details)

Logbooks + interviews + staff
correction for fixed nets ((see text for
details).F=0.2 + staff correction for
purse seine *
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° Functional group Value References Observations
P/B 0.79 Z=F+ M, M= Empirical equation from
Gislason et al. 2008 , assuming F=0.2 for
purse seine
Q/B 10.41 Palomares & Pauly, 1998
Diet Pinnegar & Polunin 2000, Stergiou &
Karpouzi 2001, Cresson et al. 2014
Y 0.24,0.002,0.6 Recreational fishing, artisanal fixed nets, Logbooks + interviews + staff
2 artisanal purse seine correction for fixed nets (see text for
details). F=0.2 + staff correction for
purse seine*
10 Pagellus
B 0.28 MPA monitoring 2010 and 2013-2014* Biomass of the group was obtained
multiplying the biomass of Pagellus
erythrinus x 3 to account for Pagellus
bogaraveo and Pagellus acarne,
which are fished in the area, but were
not detected during visual census
P/B 0.88 Z=F+ M, M= Empirical equation from
Gislason et al 2008
Q/B 6.96 Palomares & Pauly, 1998
Diet Stergiou & Karpouzi, 2002
Y 0.1,0.03 Recreational fishing, artisanal fixed nets Logbooks + interviews + staff
correction (see text for details)
11 Diplodus +
B 29.70 MPA monitoring 2010 and 2013-2014*
P/B 0.70 Z=F+ M, M= Empirical equation from
Gislason et al 2008
Q/B 6.46 Palomares & Pauly, 1998
Diet Sala 1997, Pita et al. 2002
Y 1.94,1.4 Recreational fishing, artisanal fixed nets Logbooks + interviews + staff
correction (see text for details)
12 Gobies +
B 0.14 Estimated by Ecopath Understimated by visual census
P/B 1.19 Z=F+ M, M= Empirical equation from
Gislason et al 2008
Q/B 8.54 Palomares & Pauly, 1998
Diet Pita et al. 2002, Karpouzi & Stergiou
2003, Velasco et al. 2010
Y 0.06 Recreational fishing Logbooks + interviews + staff
correction (see text for details)
13 Wrasses +
B 2.49 MPA monitoring 2010 and 2013-2014*
P/B 0.94 Z=F+ M, M= Empirical equation from
Gislason et al 2008
Q/B 9.56 Palomares & Pauly, 1998
Diet Cresson et al. 2014, Stergiou & Karpouzi
2002, Velasco et al. 2010
Y 0.06,0.02 Recreational fishing, artisanal fixed nets Logbooks + interviews + staff
correction (see text for details)
14 Mullets
B 1.06 MPA monitoring 2010 and 2013-2014*
P/B 0.45 Z=F+ M, M= Empirical equation from

Gislason et al 2008

173




° Functional group Value References Observations
Q/B 14.99 Palomares & Pauly, 1998
Diet Valls et al., 2012
Y 0.01 Recreational fishing Logbooks + interviews + staff
correction (see text for details)
15 Salema
B 9.20
P/B 0.58 Z=F+ M, M= Empirical equation from
Gislason et al 2008 , assuming F=0.2 for
Lamparalampara
Q/B 23.90 Palomares & Pauly, 1998
Diet Verlaque 1990, Dobroslavi¢ et al. 2013
Y 0.04,1.84 Recreational fishing, artisanal fixed nets Logbooks + interviews + staff
correction (see text for details)
16 Decapods +
B 0.12 estimated by Ecopath Local estimate available only for P.
elephans
P/B 2.64 Coll et al. 2006, Pinnegar 2000, Valls et Average of literature values
al. 2012
Q/B 18.89 Pinnegar 2000,
Diet Valls et al. 2012
Y 0.14 Artisanal fixed nets Logbooks + interviews + staff
correction (see text for details)
17 Cephalopods
B 3.43 Betti 2013 Biomass O. vulgaris from Betti 2013,
biomass T. sagittatus from B=Y/F,
assuming F T.sagittatus = F O.vulgaris
P/B 2.34 Valls et al. 2012
Q/B 5.18 Estimated by Ecopath Pinnegar 2000
Diet Valls et al. 2012
Y 0.4,0.05 Recreational fishing, artisanal fixed nets Logbooks + interviews + staff
correction (see text for details)
18 Zooplankton - large
B Estimated by Ecopath
P/B 22.71 Coll et al. 2006, Pinnegar 2000, Valls et Average of literature values
al. 2012
Q/B 60.47 Coll et al. 2006, Pinnegar 2000, Valls et Average of literature values
al. 2012
Diet Valls et al. 2012
19 Zooplankton - small
B Estimated by Ecopath
P/B 35.44 Coll et al. 2006, Pinnegar 2000, Valls et Average of literature values
al. 2012
Q/B 109.43 Coll et al. 2006, Pinnegar 2000, Valls et Average of literature values
al. 2012
Diet Valls et al. 2012
20 Sea worms
B 3.50 Estimated by Ecopath Data from local studies not complete
/ underestimated
P/B 2.58 Valls et al. 2012, Pinnegar 2000 Average of literature values
Q/B 15.27 Valls et al. 2012, Pinnegar 2000 Average of literature values
Diet Valls et al. 2012
21 Macrofauna +
B 24.62 Estimated by Ecopath Data from local studies not complete

/ underestimated
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° Functional group Value References Observations
P/B 4.10 Coll et al. 2006, Pinnegar 2000, Valls et Average of data
al. 2012
Q/B 47.60 Coll et al. 2006, Pinnegar 2000, Valls et
al. 2012
Diet Valls et al. 2012
22 Echinoderms +
B Estimated by Ecopath
P/B 0.59 Coll et al. 2006, Pinnegar 2000, Valls et Average of literature values
al. 2012
Q/B 2.70 Pinnegar 2000
Diet Valls et al. 2012
23 Suspensivores +
B 4.45 Estimated by Ecopath Data from local studies not complete
/ underestimated
P/B 2.63 Coll et al. 2006, Pinnegar 2000, Valls et Average of literature values
al. 2012
Q/B 11.20 Pinnegar 2000, Valls et al. 2012 Estimated by the model for a P/Q =
0,3
Diet Valls et al. 2012
24 Gorgonians
B 500.80 Cerrano et al. 2005, Bavestrello et al.
2014
P/B 0.20 Mistri & Ceccherelli 1994, Weinbauer &
Velimirov 1995
Q/B 0.53 Valls et al. 2012
Diet Valls et al. 2012
25 Sea urchins
B 64.95 Chiantore et al. 2008
P/B 0.57 Coll et al. 2006, Pinnegar 2000, Valls et Average of literature values
al. 2012
Q/B 2.77 Pinnegar 2000
Diet Valls et al. 2012
26 Meiofauna
B Estimated by Ecopath
P/B 10.00 Danovaro et al. 2002
Q/B Estimated by Ecopath for a P/Q of 0.3
Diet Valls et al. 2012
27 Posidonia
B 3674.00 Montefalcone et al. 2015 Leaf,frond,rhyzome,roots. Conversion
factors AFDW = 80% DW from
(Westlake 1964), WW = 5.7 x DW
from Valls et al. 2012
P/B 0.55 Francour 1990
28 Seaweeds
B 557.00 Mangialajo et al. 2008, Montefalcone et Biomass of macrophytes + biomass of
al. 2015 algal epiphytes on P.oceanica leafs
P/B 4.43 Valls et al. 2012
29 Phytoplankton
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Functional group

Value

References

Observations

30

B

P/B

Detritus
B

7.14

179.50

65.25

Marine ecosystem regional monitoring
network, Liguria Region

Lazzara et al. 2010

Empirical equation from Christensen &
Pauly 1993

Monitoring of Chla from 2007 to 2012
at 15 and 50 m depth. Conversion
factors used: Chla/m®>C g/m3 from
De Jong 1991, C g/m3>WW g/m3
from (Shannon & Jarre-Teichmann
1999) Transformation from g/m’ to
g/m2 for an average depth of 30 m,
assuming a uniform distribution of
Chla in the water column (Palomares
& Pauly 2004)

PP=90 gC/m2 Lazzara et al. converted
to WW from Shannon & Jarre-
Teichmann 1999.

Using the primary production
estimate from Lazzara et al. 2010 for
the Ligurian sea
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6.7.1 Model balancing
The model was balanced by acting mainly on diets, since these derived from studies in

other Mediterranean areas, and were often not sufficiently detailed. Biomass values were
modified only for the most uncertain cases.

Initial ecotrophic Efficiencies of fish groups were > 1 for Scorpionfish and combers+,
Pagellus, Gobids+ and Mullets. Predation on these groups was reduced by shifting small
percentages of the diet of Amberjack + and Large-scale scorpionfishes+ to Wrasses+,
Sand smelts+, Gobids+ and cephalopods.

Biomass of Gobids+ was too low to sustain predation, probably because underwater visual
census underestimates these cryptic fish (Kovacic et al. 2012), and was thus let to model
estimate by setting EE=0.9.

Similar reasoning was applied to Mullets and Pagellus, who are likely underestimated by
visual census, thus their biomass was increased of 10% (within the pedigree range).

Initial biomass estimates for invertebrates (Decapods+, Sea worms and Macrofauna+)
were too low to sustain predation. The field biomass available for Decapods+ related only
to P. elephans, while a wider range of species are included in this group, upon which many
predators feed. Sea worms and Macrofauna+ estimates derived from local field studies
(Thrush et al 2011, Misic et al. 2011) that had assessed the abundance of invertebrates
only in some specific spots of the MPA for specific study purposes. These estimates were
probably not representative of the abundance in the whole model area, thus we preferred
to estimate the biomass of these groups by setting the value of Ecotrophic efficiency.

Sea urchins did not cope with predation from the highly abundant Diplodus + group,
although biomass estimates for both were considered reliable. We thus increased the P/B
ratio of sea urchins which was very low when compared to other literature values and

adopted an average of these.
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6.7.2 Sensitivity analysis

6.7.3 Tab. A2 MTI sensitivity analysis. Bright green cells: effects with high confidence percentage (>95%); medium green cells: [95-75[; pink
cells: [75-50[; red cells: <50% (this means the average sign from the sensitivity analysis is opposed to the one of the original MTI matrix).

Large-scaled scorpionfishes +
Scorpionfishe s & combers +

Zooplankton - small

Stripped red mullets +
Zooplankton - large

Dusky grouper - large
Du sky grouper - medium
Dusky grouper - small
Horse mackerels +
Sand smelts +
Diplodus +

Wrasses +

Salema - juveniles
Salema -adults
Decapods +
Macrofauna +
Echinoderms +
Suspensvores +
Gorgonians

Sea urchins
Phytoplankton

Small tunas +

Dolphins

Small tunas +
Amberjack & dentex +
Dusky grouper - large
Dusky grouper - medium
Dusky grouper - small
Large-scaled scorpionfishes +
Scorpionfishes & combers +
Stripped red mullets +
Horse mackerels +
Sand smelts +
Pagellus

Diplodus +

Gobies +

Wrasses +

Mullets

Salema - juveniles
Salema - adults
Decapods +
Cephalopods
Zooplankton - large
Zooplankton - small
Sea worms
Macrofauna +
Echinoderms +
Suspensivores +
Gorgonians

Sea urchins
Meiofauna

Posidonia

Seaweeds
Phytoplankton
Detritus
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Fig. A1 Trophic spectra of the fishing loss including logbook data not corrected by MPA staff experts.
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Fig. A2 Trophic spectra of the relative biomass by fishing scenarios, including logbook data not corrected by

MPA staff experts.
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7 Building a standard trophic model for a data-poor marine
reserve: cost-benefit analysis.

7.1 Abstract
Mediterranean coastal ecosystems support a great diversity of habitats, species and
communities, being a major challenge for an ecosystem management approach. In
particular, effective management of Marine Protected Areas should account for the
complexity of the food-webs they host to properly evaluate priority actions. The
application of food-web modelling through the Ecopath with Ecosim software (EwE)
may allow to unravel such a complexity and could thus help to better pursue the
conservation and management objectives of Mediterranean MPAs. Unfortunately,
whilst widely applied at larger ecosystem scales where the presence of industrial
fisheries allows for large data availability covered by global databases, EWE has not
yet gained full attention as a possible tool for the management of smaller and highly
diverse coastal areas. At this small scale fine resolution local data is needed in order
to develop useful models for management, but is costly to obtain for all functional
groups. Here we evaluate costs associated with the development of a standard
Ecopath model for a recently established coastal fishery reserve, where no
quantitative biological data is available (Cap Roux, NW Mediterranean sea). Field
campaigns were designed to obtain local data in priority for a selection of groups for
which imprecise biomass input can widely affect model outputs (Prato et al. 2014).
Trophic interactions were unravelled and keystone functional groups such as high
trophic level predators and cephalopods were identified, highlighting the need for
monitoring these groups. Costs associated with all steps of model building, from data
collection to model balancing, were provided and evaluated in relation to the
achieved model quality. The least cost-efficient surveys were identified and the
benefits of integrating regular monitoring programs with food-web models

development were discussed.
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7.2 Introduction

Marine protected areas (MPAs) have spread worldwide in response to the increasing
calls for an ecosystem based fisheries management (EBFM), as an alternative or
additional measure to policies focused on single species (Browman et al 2005,
Gaines et al 2010). Up to date the performance of MPAs in achieving their
conservation and fisheries management objectives has been generally assessed
through empirical studies analysing the direct effects of protection, such as the
response of single species or groups of species (Lester et al 2009, Guidetti & Sala
2007) or the spillover effect for adjacent fisheries (Murawski et al al 2005, Goni et al
2008, Colléter et al. 2014). The complex linkages and interactions among species
instead, can hardly be unravelled through observational studies, but are a key
component of the EBFM and essential to fully comprehend the mechanisms driving
species response to protection (Kellner et al. 2010).

The limits of empirical studies concerning these issues can be overcome with
ecosystem modelling, a tool that has the high potential to assess both the
conservation performance of MPAs at the ecosystem scale, but also their outcomes
in fisheries management (Pelletier et al. 2005). In this context, the “Ecopath with
Ecosim” (EwE, Christensen & Walters 2004) modelling approach is increasingly
gaining interest as a management-advice tool, in both areas of fisheries management
and conservation, and has been widely applied worldwide thanks to its capability of
integrating ecological, economic and social aspects and analysing trade-offs, both
temporally and spatially (Christensen et al. 2009). Yet, the development of EwE
models, like all ecosystem models, is burdened by the amount of data needed and
the uncertainty associated with it (Dame and Christian 2005, Morisette 2007).
Sensitivity analysis on model outputs are thus increasingly becoming part of the
model building routine (Link et al. 2010, Lassalle et al. 2014, Steenbeek 2015).
Efforts have also been implemented to provide standard model structures facilitating
the construction of EWE models (Christensen et al 2009). Standard model structures
have for instance been used to model Large Marine Ecosystems (Piroddi et al 2015),
based on data available in global databases (Christensen et al. 2009, Piroddi et al.
2015). Nonetheless, to be considered as tools to advise management in MPAs,
models must achieve a trade-off between parsimony and complexity, and,
essentially, must be grounded on local fine-resolution data (Pelletier et al. 2005,

Prato et al. 2014). If more realistic models are developed, the long-lasting gap

184



between empirical studies and modelling could be overcome and the two approaches
would more often be integrated, allowing more representative and thorough
assessments of MPA effects (Pelletier et al. 2005).

The few existing Ecopath models built for Mediterranean MPAs largely differ in model
complexity. In Prato et al. 2014 we proposed a simplified and standardised model
structure to be applied to Mediterranean coastal MPAs and we identified the
functional groups for which accurate local biomass data are needed in priority to
develop a reliable model (high trophic level predators, planktonivorous fish,
decapods, cephalopods, macrofauna and abundant primary producers). Here we
take a step forward, and analyse the feasibility and costs of building a trophic model
grounded on newly collected local data, based on the simplified and standardised
structure proposed in Prato et al. 2014. We selected the case study of the Cap Roux
fishery reserve (NW Mediterranean, France) representative of recently established
Mediterranean MPAs where few if none quantitative biological data are available, and
designed a monitoring program targeted specifically to collect biomass data for the
above mentioned groups. We then evaluated the costs associated with all steps of
model building, from data collection to model balancing, and discussed model costs
in relation to the achieved model quality. Providing this effort and cost analysis, we
aim to assess if EWE can be realistically considered as a management tool for
Mediterranean MPAs.

7.3 Methods

7.3.1 Study area

The Cap Roux fishery reserve (Fig. 1) comprises 450 ha and extends from the shore
out to the 80 m isobath. The area has been protected from all kinds of extractive
activities (both commercial and recreational) since December 2003, but daily
enforcement surveys were implemented in 2008 in summer time. As part of of the
Natura 2000 site of the Esterel, the Cap Roux reserve includes priority habitats for
conservation such as extensive Posidonia oceanica meadows and coralligenous
formations (Bonhomme et al. 2010). The modelled area (145 ha, Fig.1) represents
the subtidal portion of the reserve including the following habitats: soft bottoms (7%),
Posidonia oceanica (75%), corallogenous bioconcretions (10%), rocky infralittoral (6

%) and coralligenous (2 %). Coastal detritic habitat, extending from approximatively
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40 m depth, was excluded from the model. The model was built to represent the
average summer condition of the Cap Roux reserve in 2014 (July-September).

1 Cap Roux
fishery
reserve

AN 263237 N
00655 24201

Habitat Legend
B Coralligenous
[ ]Hard bottom
[l Bioconcretions

[ Posidonia oceanica

[ | Soft bottom
|:] Coastal detritic

Sampling sites legend
CB: Bioconcretions RB: Rocky Bank
HB: Hard Bottom S: Soft Bottom

P: Posidonia oceanica

Fig.1 Habitat map and sampling sites of the modelled area (dashed area in the central map) within
the Cap Roux fishery reserve (SW France).. Habitat map modified from Bonhomme et al. 2010.
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7.3.2 Field sampling

Tab.1 Sampling sites for each habitat and method. Refer to Fig.1 for location of sampling sites.N = number of

replicates

Transect 25 x5 m

Transect25x 1 m

Circlesr=5m

Quadrats 1x1 m

Coastal Rocky . . Posidonia Soft
Bioconcretions . Target
Hard bottom bank (12 m) oceanica bottom taxa
(5m) (5-15m) (12 m) (5m)
Sites N Sites N Sites N Sites N Sites N
HB1 4 RB1 8 CB1 4 P1 4
Fish
HB2 4 RB2 8 CB2 4 P2 4
HB3 4 P3 4
HB1 4 RB1 8 CB1 4
Cephalopods
Decapods
HB2 4 RB2 8 CB2 4 Sea stars
HB3 4
HB1 6 RB1 6 CB1 3
Cephalopods
Decapods
HB2 6 RB2 6 CB2 3 Sea stars
HB3 6
HB1 20 RB1 20 P1 10
Sea urchins
Holothurians
HB2 20 RB2 20 P2 10 Ophiuroids
HB3 20 P3 10
HB1 3 RB1 6 P1 3 S1 3
Macrofauna
HB2 3 P2 3 S2 3
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Location of sampling sites was determined using a stratified random sampling
approach where sites were assigned randomly to each of 3 major habitat types
(Coastal hard bottoms, Posidonia oceanica, coralligenous bioconcretions) plus two
rocky banks (characterised by rocky and coralligenous habitat). Habitats were
distributed along a depth gradient from the coast to 30 meters depth. Three sites
were randomly selected within coastal hard bottoms at 5 meters depth (HB 1-3),
three sites within P. oceanica beds at 15 meter depth (P 1-3), and two sites within the
coralligenous bioconcretions at 15 m depth (CB 1-2). Finally, two sites were selected
at each rocky bank, respectively between 5 and 10 meters and between 15 and 30
meters depth (RB 1-2) (Fig.1, Tab.1).

Field data were collected for fish, echinoderms (including sea urchins, holothurians
sea stars and ophiuroids), decapods, octopus and macrofauna. Tab. 1 synthetises
the sampling scheme for each functional group.

Fish were surveyed monthly (July, August and September 2014), while invertebrate
surveys were conducted only in July and September. Fish and echinoderms
(excluding sea stars) surveys were carried out at all habitats and sites. Surveys for
sea stars, decapods and cephalopods were not carried out in P; oceanica habitat,
given the low abundances of such organisms in this habitat (pers. obs. P. Francour)
and accounting for the too long time needed to search through dense P. oceanica
meadows. Macrofauna was sampled in two sites for each habitat, excluding
coralligenous bioconcretions to avoid damage of this fragile habitat. Two sites at soft
bottoms (S 1-2, Fig.1) were also sampled, since macrofauna was expected to be

abundant in such habitat.

Fish abundance, species composition and size (recorded using 2 cm size classes)
were recorded along 4 replicate transects 25 x 5 meters long.

Sea urchins, holothurians and ophiuroids were identified, counted and measured
within 1 m? quadrats. Twenty replicates were performed at coastal hard bottom sites
to account for the heterogeneity of the substrate (rocks and pebbles), while 10
replicates were sampled in P. oceanica and rocky banks sites. Sea urchins and
holothurians were recognised to the species level and measured with a calliper to
nearest mm. Recorded measures were respectively the largest radius of the disk and
the contracted body length. Ophiuroids disk was estimated to the nearest cm due to

the difficulty at catching the organism.
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Two methods were used to record mobile mega-invertebrates (sea stars, octopus
and decapods) (Tab.1). The first method consisted in 25x1 meter transect (4
replicates/site), which were coupled with the fish transects, where a diver searched
the substrate behind the fish counts operator. Since we could not detect any
decapods or octopuses with transects, we then designed a method characterised by
replicate circles of 5 m radius, allowing to easily survey a wider surface for each
replicate and thus better accounting for the mobility and distribution of these
organisms. The method was characterised by replicate circles of 5 m radius, where
two operators searched the substrate while swimming around an iron pole. Each
operator held respectively the extremity and the mid-point of a 5 m rope, which was
fixed to the iron pole with a rotating ring. In such way the operators could define the
surface to be sampled while holding tight the rope and swimming around the pole
(Tab.1). Three replicate circles were completed at each depth in rocky bank (6 in
total per each rocky bank) and at each coralligenous bioconcretion site, while 6
replicates were carried out on coastal hard bottoms to account for the heterogeneity
of the substrate (3 on rock and 3 on pebbles). Sea stars were measured for the
maximum arm length from the tip of the longest arm to the centre of the disk; for
decapods we recorded carapace length and for cephalopods we visually estimated

cephalothorax length.

To survey macrofauna (> 1mm), three replicates of 40 cm diameter were sampled at
each site with an air lift pump fixed at one extremity to interchangeable nylon nets of
1 mm mesh size (Tab.1). We did not select smaller mesh sizes since these would
significantly increase sorting time (Jameson 1995, Ferraro et al 2011) while not
significantly affecting biomass estimates (Bachelet 1990, Covazzi-Harriague 2006).
Samples were then sieved through 0.50 mm sieves and preserved under 6% formalin
and seawater solution. At sand and P. oceanica sites we used an inox steel cylinder
to define our sampling area. The cylinder (40 m diameter) was equipped with handles
on the upper side and a sharp cut edge on the bottom side, specifically realised to
facilitate insertion in the substrate. Two divers were needed at each operation : one
diver pressed the cylinder in the sediment up to ca 30 cm depth and the other diver
activated the air lift pump during 2 minutes (Vassapollo et al 2009, Michel et al 2010),
moving the tube in circles within the walls of the cylinder for sand samples, and
vertically for P. oceanica samples. To sample in rocky habitat, a hard plastic cylinder

(40 cm diameter) with handles was used. An extra tissue strip was fixed all around
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the base of the cylinder (like a skirt) with galvanized chain at its perimeter, so that the
base could be moulded to the substrate, thus preventing organisms to escape from
underneath. While one diver moved the air lift tube, the other one held the cylinder on
the bottom while scraping algae from the substrate, which were thus directly aspired
by the air lift pump. This technique was preferred to previous scraping and collection
of algae since many vagile macroinvertebrates could fly away during the scraping

process.

7.3.3 Ecopath model structure

The species-based Ecopath model was used in this study.

Ecopath is a mass-balanced model based on the assumption that the production of
one functional group is equal to the sum of all predation, non-predatory losses,
exports, biomass accumulations and catches, as expressed by the following

equation:

P/B; x B; = B; x P/B; x (1 - EEi) + ZN,- (Q/B)” x Bi x DCji +Y;+ NM, + Ba; (1)
Qi=P; + R; + UA, (2)

Where N the number of functional groups in the model, B is the biomass, P/Bi is the
production rate, Q/B is the consumption rate, DCji is the fraction of prey i included in
the diet of predator j, NMi is the net migration of prey I, BAi is the biomass
accumulation of prey |, Yi is the catch of prey i and EEi is the ecotrophic efficiency of
prey i, that is the proportion of production used in the system. The model represents
the average summer condition of the Cap roux fishery reserve ecosystem in 2014.
The simplified model structure developed by Prato et al. (2014) for the Port Cros
MPA was used in our study. Seabirds and rays were not included in the model, since
their biomasses are likely to be very low in the model area. We thus preferred to
exclude them instead of estimating their biomasses through the mass-balance

calculations.

Input parameters

Fish wet weight was estimated from size data by means of length—weight
relationships from the available literature, selecting coefficients referring to
Mediterranean samples whenever possible (from www.fishbase.org). Echinoderms

wet weight was also estimated using available length-weight relationships from the
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literature and, where needed, dry weight-wet weight conversion factors from Brey et
al 2010 were used (Annex, Tab. 1). Macrofauna samples were sorted and identified
to the genus level when possible. Ash free dry weight was obtained by drying
organisms at 60°C and incinerating them at 450°C. Ash free dry weight was
converted to wet weight using conversion factors from Brey et al.2 010. Algae wet
weight was measured after blotting for water in excess. Per each species, the
calculation of biomass in the model area accounted for the surface of its habitat types

inside the model area.

Biomass of Posidonia oceanica (leaves, frond, rhizome and root) was calculated
using the average biomass (g/m?) of a Mediterranean Posidonia oceanica meadow
(Montefalcone et al. 2015) extrapolated for habitat surface at Cap Roux (Bonhomme
et al. 2010). Biomass of phytoplankton was estimated from the value of primary
productivity in the Ligurian sea (Lazzara et al 2010) divided by the P/B rate of
phytoplankton used in Valls et al. 2012 for the Port Cros ecopath model. Biomass of
detritus was estimated through an empirical relationship (Christensen & Pauly 1993).
For consumers that were not quantified on the field (since we prioritised data
collection for sensible groups for which imprecise input biomass values can affect
model outputs) (Prato et al. 2014), biomass was estimated through the mass-balance

calculations of the model.

Production to biomass ratio (P/B) of fish corresponds to the total mortality rate Z
(Allen 1971), the sum of natural (M) and fishing (F) mortality rates. F was assumed to
be null, while M was calculated with an empirical equation (Gislason et al. 2008).
Fish consumption per unit biomass Q/B was calculated with the empirical equation
from Palomares & Pauly 1998, while for invertebrates’ production and consumption
rates we used the average of the best literature values available for similar coastal
Mediterranean ecosystems (Pinnegar et al. 2000, Albouy et al. 2010, Valls et al.
2012).

Diet composition of fish and invertebrates were based on available Mediterranean
literature and, for aggregation into functional groups, were weighted for the local
biomass and consumption rates of each species. All input parameters and empirical

equations used are listed in Tab.2 in the Annex.
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7.3.4 Keystone groups analysis
The mixed trophic impact routine (MTI) of Ecopath assesses the relative impact of a

slight increase in abundance of any group on the biomass of other groups on the
food-web (Christensen et al 2005). Keystone species are defined as the species
having the highest and widest impact on the food web despite a low biomass. They
were identified by applying the new keystonness index developed by Valls et al 2015.
The index is characterized by an impact component (IC, defining the trophic impact
of a group on the other groups) and a biomass component (BC) , according to the

following equation:
KS= Ln(IC x BC) (2)
Where IC is defined from Libralato et al 2006 as:
€ =V Z s mi® (3)

Parameter &€; represents the overall effect of group i on all the other groups in the
food web (without including the effect of the group on itself) and is expressed as the
sum of the squared values of m; (the MTI score) of group i, paired with each of the
other living group j in the food web. The mixed-trophic impact of group | on itself (mii)
is excluded, as well as the mixed-trophic impact on dead groups such as detritus
(Libralato et al.2006).

The biomass component is defined as the rank of the group’s biomass in descending

order:
BC = drank(Bi) (4)

We calculated the KS index for each group in the model (excluding fisheries) and

plotted the groups according to their KS index and biomass, scaled by trophic level.

7.3.5 Data quality and MTI sensitivity analysis
Data quality was assessed applying the food web diagnostics proposed by Link 2010

and Lassalle et al 2014. The Pedigree routine to summarise the uncertainty around

the input data, based on a set of qualitative choices relative to the origin of biomass,
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P/B, Q/B, catch and diet input for each functional group. The range of uncertainty of
biomass data, for example, varies from £ 10% (locally sampled high precision data,
low uncertainty,) to £ 80% (model estimate, high uncertainty) (Morissette 2007). An
overall pedigree of the model is then calculated as the average of the individual
pedigree values (Pauly et al. 2000). According to Lassalle et al. 2014, a Pedigree
index > 0.4 testifies sufficient quality to pursue with model analysis.

Robustness of MTI results was tested through a sensitivity analysis (Lassalle et al
2014). We rebuilt the original net impact matrix where qij is the net impact of i on j
and is given by the difference between positive effects (quantified by the fraction of
prey i in the diet of predator j), and negative effects fij (evaluated as the fraction of
total consumption of j used by predator i). Then, in the analysis routine, 5000 Q
matrices are created by drawing qij values from independent uniform distributions
defined by original gijt 20% (Richardson et al. 2006). The mij values for each
pairwise intersection of the Q matrices are then calculated, their signs recorded and
the percentage of mij values with the same sign as in the original MTI matrix (SMTI)
is estimated. Results were summarized into one matrix recording the sign of the
original mij values and the SMTI percentages that are categorized into four
classes:[0; 50], ]50; 75], 175; 95] and 195; 100].

7.3.6 Cost analysis

Effort devoted to the construction of the model was quantified as total hours of field
work, total hours of lab. work for macrofaunal sample treatment (sorting and
identification) and total hours of computer work for data analysis and model building.
Costs for field work were quantified assuming a flat rate of 500 € per dive for a
scientific underwater operator (including fees, field trip, and diving material
amortization). Analysis of macrofaunal samples was carried out by a specialised
laboratory, thus we reported the total cost invested for such service, selected after a
market analysis. Cost of computer work was quantified on the basis of 35 € / hour,
calculated from the average 2014 annual salary of a researcher enrolled at the
French national centre for scientific research (
CNRS, www.cnrs.fr).

Field and lab costs were also analysed separately for each ecological group,
reporting number of campaigns to survey each group within the warm season, total
number of samples (replicates) performed, total hours of field and lab work and total

cost.
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Finally, the minimum unit of effort was provided in terms of hours/replicate in the field
for each ecological group sampled. Cost for equipment amortization was also
considered, including amortization for boat maintainance and diving equipment and
data recording equipment (including reels 25m long, pvc quadrats, plastic callipers,
underwater writing slates and papers, pencils, and macrofauna and algae sampling
equipment: inox steel cylinder, plastic cylinder with embedded chain, airlift sampler

device, nylon collecting bags, scalpel).

7.4 Results

A total of 35 fish species were recorded and grouped in 11 functional groups
following the standard model structure proposed in Prato et a. 2014 (Tab.2a). Two
sea urchin species, three holothurian species and two sea star species were also
identified. Ophiuroids were not identified to the species level. Holothurians, stars and
ophiuroids were aggregated into one functional group (echinoderms+), while sea
urchins in another (sea urchins+), again following Prato et al. 2014. Sampling with
the air lift device allowed to identify 12 invertebrate taxa aggregated in two separate
functional groups (polychaetes and macrofauna + , Tab. 2b), 11 dominant seaweed
taxa (aggregated in 1 functional group). Overall, the model was made of 18 functional
groups, for 78 % of which we could use biomass estimates collected in the field (10
groups of fish, echinoderms, sea urchins, macrofauna and algae). Tab.2b shows the
list of the recorded taxa and their aggregation into the 18 functional groups for model
building. We were not able to obtain estimates of biomass for decapods and
cephalopods, since field surveys allowed to record only very few individuals of

Palinurus elephas and Octopus vulgaris.
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Tab.2a List and composition of the fish functional groups for which biomass

data was collected in the field, and sampling method used.

Functional group

Species

Method

Amberjack & dentex +
Amberjack & dentex +
Gobids +

Gobids +

Gobids +

Diplodus +

Diplodus +

Diplodus +

Diplodus +

Diplodus +

Dusky grouper +

Large-scaled scorpionfishes +
Large-scaled scorpionfishes +

Large-scaled scorpionfishes +

Mullets

Salema +

Sand smelts +

Sand smelts +

Sand smelts +

Sand smelts +

Sand smelts +
Scorpionfishes & combers +
Scorpionfishes & combers +
Scorpionfishes & combers +
Stripped red mullets +
Wrasses +

Wrasses +

Wrasses +

Wrasses +

Wrasses +

Wrasses +

Wrasses +

Wrasses +

Wrasses +

Wrasses +

Dentex dentex
Muraena Helena
Apogon imberbis
Diplodus annularis
Parablennius rouxi
Diplodus puntazzo
Diplodus sargus
Diplodus vulgaris
Sparus aurata
Spondyliosoma cantharus
Epinephelus marginatus
Labrus merula

Labrus viridis

Sciaena umbra
Mugilidae

Sarpa salpa

Anthias anthias

Boops boops

Chromis chromis
Oblada melanura
Spicara spp.

Scorpaena spp.
Serranus cabrilla
Serranus scriba

Mullus surmuletus

Coris julis

Symphodus cinereus
Symphodus doderleini
Symphodus mediterraneus
Symphodus melanocercus
Symphodus ocellatus
Symphodus roissali
Symphodus rostratus
Symphodus tinca
Thalassoma pavo

fish transects
fish transects
fish transects
fish transects
fish transects
fish transects
fish transects
fish transects
fish transects
fish transects
fish transects
fish transects
fish transects
fish transects
fish transects
fish transects
fish transects
fish transects
fish transects
fish transects
fish transects
fish transects
fish transects
fish transects
fish transects
fish transects
fish transects
fish transects
fish transects
fish transects
fish transects
fish transects
fish transects
fish transects

fish transects
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Tab.2b List and composition of the invertebrate and primary producers
functional groups for which biomass data was collected in the field, and
sampling method used.

Functional group  Species Method

Decapods + Palinurus elephas invertebrate transects and circles
Cephalopods Octopus vulgaris invertebrate transects and circles
Echinoderms + Echinaster sepositus invertebrate transects and circles
Echinoderms + Marthasterias glacialis invertebrate transects and circles
Echinoderms + Holothuria forskali quadrats

Echinoderms + Holothuria poli quadrats

Echinoderms + Holothuria tubulosa quadrats

Sea urchins Arbacia lixula quadrats

Sea urchins Paracentrotus lividus quadrats

Macrofauna+ Ophiura quadrats

Macrofauna+ Arthropoda air lift pump

Macrofauna+ Briozoa air lift pump

Macrofauna+ Chordata air lift pump

Macrofauna+ Cnidaria air lift pump

Macrofauna+ Echinodermata air lift pump

Macrofauna+ Mollusca air lift pump

Macrofauna+ Porifera air lift pump

Polychaetes Anellida air lift pump

Polychaetes Nermertea air lift pump

Polychaetes Plathyelminthe air lift pump

Polychaetes Sipuncula air lift pump

Sea weeds Cladostephus spongiosus  air lift pump

Sea weeds Corallinacea air lift pump

Sea weeds Cystoisera compressa air lift pump

Sea weeds Cystoseira brachycarpa air lift pump

Sea weeds Dictyota spp. air lift pump

Sea weeds Halopteris filicina air lift pump

Sea weeds Jania spp. air lift pump

Sea weeds Padina pavonica air lift pump

Sea weeds Peyssonnelia sp. air lift pump

Sea weeds Stypocaulon scoparia air lift pump

Sea weeds Lithothamnion sp air lift pump

7.4.1 Model balancing

Ecotrophic efficiency was >1 for six fish groups ( Amberjack&dentex +, Scorpionfish
and combers +, Striped red mullets +, Gobies and Mullets) and two invertebrate
groups (Polychaetes and Macrofauna+).

Predation mortality on Amberjack and dentex + from Dusky grouper medium was
reduced shifting 4% of grouper’s diet from the mentioned group to other preys
through proportional rescaling. Cannibalism on Scorpionfish and combers+ was

reduced by shifting their diet to Wrasses +, a known prey of this group (Thiriet et al
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2014). The proportion of diet of Dusky grouper small on Striped red mullets+ was
reduced of 3% and diet was rescaled proportionally. Transect visual census is not
appropriate to detect small cryptic species, and in fact gobies biomass was too low to
sustain predation. It was thus calculated through the model's mass-balance
equations. Mullets were subject to a strong predation mortality from cephalopods,

which was reduced by rescaling a 5% of cephalopod’s diet to their other preys.

Sea worms input biomass estimated on the field (1.6 tons/km?) was far too low to
sustain predation. Biomass was very low compared to other similar ecosystem
models (Albouy et al 2010, Valls et al 2012, Prato et al. in prep) and likely strongly
underestimated, since our field sampling did not occur on coralligenous concretions.
This habitat is likely hosting high abundance of sea worms, but is also very fragile,
thus it would have been damaged by the air lift pump sampling. We thus estimated

sea worms biomass through the mass balance calculations of the model.

Macrofauna input biomass was low to sustain predation from Decapods+. Our input
biomass value was probably underestimated since we did not sample in
coralligenous concretions, thus we increased input biomass by 40% according to the
standard pedigree range provided for low precision-local sampling data (Morisette
2007). Then, by reducing Decapods diet on macrofauna by 20%, we reached a

reasonable biomass estimate that satisfied the mass-balance requisite.

7.4.2 Ecopath model

The balanced model had a pedigree of 4.1 and respected all pre-balancing rules
(Link et al 2010, Lassalle et al. 2014). Final model parameters are provided in Tab.3.
Biomasses of fish, invertebrates and primary producers were respectively 0.07%,
0.64% and 99% of total biomass in the system ( tons - km? - year' including
Posidonia oceanica). Analysis of fluxes showed that the food-web was mainly
organised around a bentho-pelagic pathway, with limited exchanges with the pelagic
domain (Fig. 2). Biomass of first order producers was dominated by Posidonia
oceanica and seaweeds, which were the largest source of energy for Salemas and
Sea urchins, the main herbivores in the system (Fig. 2). Strong energy fluxes
connected the detritus compartment with many benthic invertebrate groups
(Meiofauna, Suspensivores+ and Echinoderms+) and Mullets. Main fluxes
connecting the benthic and fish groups were those between Macrofauna+ and
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Wrasses+, Suspensivores and Diplodus+ and Decapods with
Scorpionfish&combers+. Decapods were also an important source of energy for
many intermediate and higher trophic levels (3.5-4). Cephalopods exhibited strongest
connection with high trophic level predators (large and medium dusky grouper and
Amberjack&dentex+), whose biomass was not very high (0.88 tons - km? - year™ in
total).

Tab.3 Outputs of the balanced model. Parameters in bold were estimated through the model’s mass-
balance calculations

Group name TL B P/B Q/B EE P/Q
1 Amberjack & dentex + 4.27 0.14 0.20 3.78 1.00 0.05
2 Dusky grouper - large 4.38 0.60 0.12 1.13 0.00 0.11
3 Dusky grouper - medium 4.20 0.32 0.36 1.48 0.00 0.24
4 Dusky grouper - small 3.93 0.29 1.34 3.12 0.06 0.43
5 Large-scaled scorpionfishes + 3.51 0.83 0.48 6.24 0.15 0.08
6 Scorpionfishes & combers + 3.64 0.57 0.42 8.12 0.80 0.05
7 Stripped red mullets + 3.68 0.20 0.42 8.95 0.84 0.05
8 Sand smelts + 3.75 3.57 0.54 11.33 0.31 0.05
9 Diplodus + 3.15 3.46 0.61 10.24 0.11 0.06
10 Gobies + 3.27 1.96 1.25 9.94 0.90 0.13
11 Wrasses + 3.22 2.68 0.85 10.21 0.16 0.08
12 Mullets 2.32 0.17 0.35 18.24 0.49 0.02
13 Salema - juveniles 2.35 0.54 0.81 6.06 0.41 0.13
14 Salema - adults 2.00 4.40 0.25 2.54 0.05 0.10
15 Decapods + 2.53 9.84 2.64 18.89 0.90 0.14
16 Cephalopods 3.62 0.83 2.34 5.18 0.90 0.45
17 Zooplankton - large 3.04 1.94 22.71 60.47 0.95 0.38
18 Zooplankton - small 2.10 7.29 35.44 109.43 0.95 0.32
19 Sea worms 2.32 9.55 3.36 15.27 0.90 0.22
20 Macrofauna + 2.18 24.50 4.10 47.60 0.97 0.09
21 Echinoderms + 2.36 8.54 0.59 2.70 0.67 0.22
22 Suspensivores + 2.19 25.33 2.63 11.20 0.80 0.23
23 Gorgonians 2.23 35.09 0.20 0.53 0.05 0.38
24 Sea urchins 2.15 40.00 0.57 2.77 0.19 0.21
25 Meiofauna 2.00 21.91 10.00 33.33 0.95 0.30
26 Posidonia 1.00 27391.56 0.55 0.00 0.04
27 Seaweeds 1.00 586.51 4.43 0.00 0.11
28 Phytoplankton 1.00 11.45 112.60 0.00 0.62
29 Detritus 1.00 86.35 0.08
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Fig.2 Flow diagram of the modelled ecosystem. Size of the nodes is proportional to the biomass of the
functional groups. Lines represent the flux of energy among groups. Colours are proportional to the magnitude
of the flux.

7.4.3 Keystone groups and mixed trophic impact

Keystone species analysis (Fig.3) highlighted high trophic level predators pertaining
to the group Amberjack&dentex+, and the small and large dusky groupers with
highest keystonnes index, followed by Cephalopods and Diplodus+, while primary
producers groups characterised by large biomasses ranked lowest. MTI analysis
showed that top down effects prevail in the Cap Roux reserve, with consequent
trophic cascades. Predation of the Amberjack&dentex+ group on the small Dusky
grouper and on the Large scale scorpionfish + group, positively affects many
intermediate trophic levels (i.e Scorpionfishes and combers, Salema juveniles,
Gobies+, Diplodus + ) through release from predation. On the other hand, the
Amberjack&dentex+ group is consumed by the large Dusky grouper, which indirectly
favours the small Dusky grouper. Cephalopods (similarly to decapods) have positive
impacts on all size classes of the Dusky grouper, contributing importantly to their diet,

while they compete with the Amberjack&dentex+ group for predation on sand smelts.
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Furthermore, they negatively impact many groups through direct predation and/or
competition, such as Decapods +, Macrofauna +, Gobies + and Sand smelts +. A
competition effect also arises with Diplodus +, due to the overlap among their diets
on the macroafaunal component. Finally, the model allows to identify the typical
Mediterranean trophic cascade, since a slight increase in the biomass of Diplodus +
negatively impacts sea urchins, indirectly allowing for an increase in seaweeds
biomass.

The sensitivity analysis on the results of the mixed trophic impact routine showed that
60 % of the pairwise intersections in the original MTI matrix had a sign with a
confidence percentage of 100% (Annex, Tab.3). For 83 % of the combinations the
confidence interval was superior to 95% and only 10 pairwise combinations (1%) had

a confidence interval < 50%. None of these involved the identified keystone groups.
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Fig.3 Ordination of functional groups according to their keystone index and trophic level. The diameter of the
circles is proportional to the biomass of the group.

7.4.4 Effort and cost analysis

In order to collect the needed data for building a trophic model of the Cap Roux
fishery reserve representing the warm season, 51 diving hours were completed
corresponding to a cost of 25500 € and four operators were employed, including one
skipper (Tab.4). Treatment and identification of macrofaunal samples required an
effort of approx. 1500 hours at an expense of 16000 € . Data analysis and model

building were carried out in 120 hours, correspondin to a cost 4200 €. Overall,
200



including 2000 € for equipment amortization and if scientific underwater operators
must be contracted for field data collection, on the basis of our salary assumption

45700 € would need to be invested to build a model for the Cap Roux reserve.

Tab.4 Total effort and cost covering the whole process of model building. Effort was
quantified as hours/process, and staff employed. Prices were calculated assuming a flat
rate of 500 € per dive for a scientific underwater operator (approx. 60 min/dive and
including material amortization) and 35 € per hour of computer work for a researcher
(based on 2014 annual salary for a CNRS researcher)

Hours Cost (€) Staff
Field work 51 25500 2-3 scientific divers, 1 skipper
Macrofauna + algae sorting,identification 1500 16000 2 biologists
Data analysis + model building 120 4200 1 biologist
Equipment amortization 2000
Total cost 47700

The least cost-efficient field surveys in terms of cost per total replicates were surveys
for mega-invertebrates and macrofauna (respectively 6500 € / 78 replicates and 5000
€ / 50 replicates, against 8000 €/ 150 fish transects and 6000 € / 260 echinoderm
quadrats) (Tab. 5). When the cost for lab. work was added, the most expensive
process was data collection for macrofauna and algae, reaching an overall
investment of 21000 € for data collection, sample sorting and taxa identification (Tab.
5).

Tab.5 Total data collection cost for each ecological group. Lab cost for fish and invertebrates inlcudes
data digitalisation and standardisation.

Total cost / group Campaigns Replicates  Field hours Field cost (€) Lab cost(€) Total cost (€)
Fish 3 150 16 8000 560 8560
Mega-invertebrates 2 78 13 6500 560 7060
Echinoderms 2 260 12 6000 280 6280
Macrofauna + algae 2 50 10 5000 16000 21000

Efficiency of fish and echinoderms surveys was related to the short time needed to
survey one replicate (6 min / transect, 3 min / quadrat) (Tab. 6). Both could be
performed by one operator. Sampling with circles for sea stars, decapods and
cephalopods required longer time per replicate, since it allowed to sample a larger
surface (78.5 m?/replicate circle against 25 m?/replicate transect). One operator was
needed per transect replicate, while two operators were needed for each circle
replicate (Tab. 6).To sample macrofauna and algae four operators were needed: two

underwater operators collected the sample, and two operators on-board (other than

201



the skipper) transferred the samples from the nets to plastic bags. Macrofauna
analysis (sorting, identification and weighting) was carried out by specialists with an

effort of 30 hours/sample at a cost of 320 €/sample.

Tab.6 Effort for each sampling method quantified as hours/replicate

Field Fish Mega-invertebrates Echinoderms Macrofauna + algae
Transects Circles  Transects Quadrats Suction sampling SorI:ng,
Posidonia 0.10 - - 0.10 0.22 30
Rock/pebble 0.10 0.15 0.13 0.05 0.20 30
Coralligenous concretion 0.10 0.23 0.17
Sand - - - - 0.15 30
Staff/replicate 1 2 1 1 2 divers, 2 on boat 2

7.5 Discussion

The Ecopath model of the Cap Roux fishery reserve represented a snapshot of this
ecosystem during the warm season of 2014, and was built on the basis of biomass
data collected in the field specifically for this purpose. To our knowledge this is the
first attempt to quantify the costs involved in the process of Ecopath modelling, from
data collection in the field to model construction. Values provided are not absolute,
but are an example for the Cap roux ecosystem in the warm season.

The overall quality of the model assessed through the pedigree index (Christensen
and Walters 2004) was in the range considered satisfactory for model outputs
analysis (Pedigree 0.4-0.6, Lassalle et al 2014), although at its lower limit. The
sensitivity analysis of the MTI outputs showed that results concerning the trophic
interactions of keystone groups are robust to variations in input data and can be
interpreted with fair confidence. The total cost of building this model was 47700 €,
leading to exploitable biomass data for 78% of the functional groups.

Several considerations must be taken into account to properly evaluate this amount.
First of all total cost was calculated assuming a flat rate of 500 € x dive for a scientific
underwater operator, enrolled specifically for the purpose of data collection for
modelling. This kind of data, however, shall not serve only for modelling, and should
be collected during standard monitoring programs by the MPA staff.

Moreover, when comparing costs invested for data collection and quality of the data
obtained, sampling for macrofauna, decapods and cephalopods were the least cost
effective processes, each for different reasons. Sampling for decapods and
cephalopods with both tested visual census methods was not successful, since very

few individuals were recorded. This was possibly due to insufficient sampling effort or
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for the paucity of these species in the studied area, in agreement with declarations of
fishermen from the surrounding area (Lepetit 2014). Non-destructive surveys for
decapods and cephalopods biomass are rare in the literature. In most modelling
studies for Mediterranean coastal areas indeed, the biomass for these groups is
generally estimated through model mass-balance calculations or is derived from
other areas of the Mediterraenan (Valls et al 2012, Albouy et al. 2010, Pinnegar et al
2000, Diaz et al. 2008).

Sampling for macrofaunal and polychaetes biomass data required a total expense of
21 000 €, 16 000 € of which were needed only for sample sorting and identification.
The biomass value obtained with this sampling effort was too low to balance the
model without some modifications. While for the macrofauna group model balance
could be reached increasing input biomass within the pedigree range, biomass of
polychaetes (1.60 tons-km?year™) was far too low and had to be estimated by the
mass-balance calculations of the model. In other models from coastal Mediterranean
(Valls et al 2012, Albouy et al 2010, Pinnegar et al 2000), macrofauna and
polychaetes biomass are much higher than our input values (respectively 60-100
tons - km? - year ' for macrofauna and 30-60 tons - km? - year ' for polychaetes in
other models, compared to our 18 and 1.6 tons - km? - year ') but similarly to
decapods and cephalopods these values were either obtained through model
estimation or derived from studies in other Mediterranean areas. Local values for
these groups were never available in any model we considered.

The question thus arises whether uncertainty resides in the input biomass value for
macrofauna and polychaetes, or in the structure of the model itself, such as the
number and composition of functional groups or the input parameters (i.e diet
composition) of other groups preying upon macrofauna and polychaetes. For
instance, biomass of macrofauna and polychaetes was possibly underestimated in
our study for reasons such as insufficient sampling effort, lack of sampling on the
probably rich coralligenous bioconcretions and lack of sampling for infaunal
polychaetes on rocky reefs. Another bias could be related to the spatial extension of
our model, which did not include deeper areas dominated by coastal detritic habitat,
also part of the Cap Roux reserve (30-40 m until 80 m isobath). Fish from the
shallower zone might rely on macrofauna from the deeper coastal detritic habitat for
a non-negligible portion of their diet. Although it would be interesting to investigate
the trophic functioning of such deeper zone and its exchanges with the shallower

habitats, its study is hampered by the complexity and costs of sampling at depths
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exceeding diving limits. Experimental trawling would be useful in this view, but is not
advisable in a protected area. For all these reasons we decided to exclude coastal
detritic from the model.

However, the cost implied in increasing sampling effort for macrofauna, both at
shallower and deeper areas, would be substantial, and it would thus be more
advantageous to invest for increased quality of input data for higher trophic levels
feeding on it, including decapods and cephalopods, that are of more direct relevance
for MPA management. Moreover, the development of models with standard structure,
thus same number and similar composition of functional groups and similar input diet
values (Christensen et al 2009) (that are anyway often obtained from the
Mediterranean literature) might allow to isolate this potential source of error when
model comparisons are performed, either among different seasons or years for the
same area or among different coastal Mediterranean areas.

If these cost-benefit issues are considered and macrofauna is not sampled, total
costs for model building lower to approximatively 26 700 €. 8000 € of these would be
devolved to fish monitoring, but generally this activity is already part of standard
monitoring programs in Mediterranean MPAs. An additional 6500 € (24% of total
cost) should then be invested in monitoring decapods and cephalopods. Considering
the ecological importance of both decapods and cephalopods, as well as their
commercial interest for both artisanal and recreational fishing, it would be worth to
establish appropriate monitoring surveys which would allow more comprehensive
assessment of the effects of protection, while providing valuable data for modelling.
Finally 6000 € should be invested into echinoderms monitoring, which, too, is often
already carried on in Mediterranean MPAs, in particular to assess the biomass of sea
urchins (key actors in the trophic cascade sea breams — sea urchins — seaweeds
characteristic of the Mediterranean) (Sala et al 1998, Guidetti & Sala 2007).

Overall, if collection of biomass data of some key groups like fish (especially high
trophic level predators), cephalopods and decapods is integrated to regular
monitoring activities implemented by qualified MPA staff, model building costs can be
reduced to only computer work (4200 €).Once a first model is built moreover, much
less effort is needed to update it in time, providing outputs useful for informing
management decisions (Christensen and Pauly 1993, Dame & Christian 2005, Coll et
al 2010). In our case study for example, the investment in model building allowed to
identify the keystone groups of the studied area, such as high trophic level predators

(including the dusky grouper, Epinephelus marginatus) and cephalopods (i.e. mainly
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Octopus vulgaris) and to unravel the trophic interactions among these, with
interesting possible management applications.

The dusky grouper for instance is a species protected by moratorium in France and
also a flag species in Mediterranean MPAs, being a strong attraction for diving
tourism (Bassu et al 2007). The Ecopath model showed that its biomass is positively
affected by that of cephalopods, which on the other hand are an important target of
both artisanal and recreational fishing within Mediterranean MPAs. In the Cap roux
reserve they are likely subject to a considerable amount of illegal fishing, due to the
absence of regular surveillance in the area (estimates for these illegal catches were
ot available), as it is often the case in the Mediterranean. Implementing management
measures such as intensified surveillance or reduction of artisanal and/or
recreational fishing catches for cephalopods would have the double effect of
protecting a functional group of recognised ecological importance (Piatkowski et al

2001,Coll et al 2013), with additional beneficial effects for the groupers population.

Building an EwE model thus offers a standardised framework both to define
monitoring programs as well as to organise the so-collected ecological information
into a coherent picture of ecosystem functioning. As we have seen moreover,
highlighting the uncertainties of a model is important to correctly interpret model
results, but should not discourage their construction (Dame & Christian 2011).
Investing in the construction of a first model would provide an MPA with an
ecosystem-based management tool which can be easily updated in time, and which
can deliver useful information, such as the identification of priority species to be
targeted by management actions, or the evaluation of fisheries impact on the
ecosystem and on key species (Prato et al. in prep), and the quantification of spill
over from the MPA (Colléter et al 2014). The more the availability of data in
Mediterranean MPAs increases, the more applications can be envisaged, up to
spatial and temporal simulations of the effects of management actions on the food-
web (Dame & Christian 2011, Coll et al 2015).
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7.7 Annex

Tab.1 Parameters used for the length-weight conversions of echinoderms, according to the power function
WW =a LA°, where WW is the wet weight expressed in grams or mg depending on the size unit of measure. For
Echinaster sepositus dry weight (DW) was converted to WW with a conversion factor = 0.283 (Brey et al. 2010)

Power function

parameters
Size Biomass

Species unit Size measure a b unit References
Holothuria polii ~ Cm contracted length 0.48 1.66 gWW i;:rg:our
Holothuria Cm contracted length 0.05 2.53 g WW Francour
tubulosa 1990

- . . . . Pais et al.
Arbacia lixula Mm maximum diameter without spines 0.00 2.53 g WW 2007
Ffa.racentrotus Mm maximum diameter without spines 0.00 2.48 g WW Pais et al.
lividus 2007
Spharecl')_lnus Mm maximum diameter without spines 0.00 2.75 gWW Dance 1987
granularis

i length of the longest arm from the '
Marfhtlxsterms cm g . g 0.31 2.74 mg WW O' Gormann
glacialis centre of the disk 2009
i length of the longest arm from the iebli

Echmqster cm g . g 0.05 2.29 g DW Schiebling
sepositus centre of the disk 1981
Ophiouroids Cm disk diameter 0.00 241 g WW ;8;’(')”50”
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Tab. 2 Origin of input parameters for each functional group

N°  Funtional group Value References Observations
1 Amberjack & dentex +
B 0.14 Underwater visual census in the study area
Z = M when fishing mortality is null. M=
P/B 0.20 Empirical equation from Gislason et al
2008
Empirical equation from Palomares &
s 3.78 PauF:y 1998q
Badalamenti et al. 1995,Morales-Nin &
Diet Moranta, 1997, Barreiros et al. 2002,
Anastasopoulou et al. 2013, Matic-Skoko
etal., 2010, Rogdakis et al 2010
2 Dusky grouper
B 1.21 Underwater visual census in the study area
Z = M when fishing mortality is null. M=
P/B 0.16 Empirical equation from Gislason et al
2008
/B 3.2 Empirical equation from Palomares &
Pauly 1998
Diet Valls et al., 2012
3 Large-scaled scorpionfishes +
B 0.83 Underwater visual census in the study area
Z = M when fishing mortality is null. M=
P/B 0.48 Empirical equation from Gislason et al
2008
Q/B 6.24 Palomares & Pauly, 1998
Diet Stergiou & Karpouzi 2002, Cresson et al.
2014
4 Scorpionfishes & combers +
B 0.57 Underwater visual census in the study area
Z = M when fishing mortality is null. M=
P/B 0.42 Empirical equation from Gislason et al
2008
Q/B 8.12 Palomares & Pauly, 1998
Diet Relini et al 2002, Stergiou & Karpouzy 2002
5 Stripped red mullets +
B 0.20 Underwater visual census in the study area
Z = M when fishing mortality is null. M=
P/B 0.42 Empirical equation from Gislason et al
2008
Q/B 8.95 Palomares & Pauly, 1998
Diet Stergiou & Karpouzi 2002
6 Sand smelts +
B 3.57 Underwater visual census in the study area
Z = M when fishing mortality is null. M=
P/B 0.54 Empirical equation from Gislason et al
2008
Q/B 11.33 Palomares & Pauly, 1998
Diet Pinnegar 2000, Stergiou & Karpouzi 2002,
Cresson et al. 2014,
7 Diplodus +
B 3.46 Underwater visual census in the study area
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N°  Funtional group Value References Observations
Z = M when fishing mortality is null. M=
P/B 0.61 Empirical equation from Gislason et al
2008
Q/B 10.24 Palomares & Pauly, 1998
Diet Sala 1997, Pita et al. 2002
8 Gobies +
B 1.96 Estimated by Ecopath Understimated by visual
census
Z = M when fishing mortality is null. M=
P/B 1.25 Empirical equation from Gislason et al
2008
Q/B 9.94 Palomares & Pauly, 1998
Diet Pita et al.2002, Velasco et al. 2010,
Stergiou & Karpouzi, 2002
9 Wrasses +
B 2.68 Underwater visual census in the study area
Z = M when fishing mortality is null. M=
P/B 0.85 Empirical equation from Gislason et al
2008
Q/B 10.21 Palomares & Pauly, 1998
Diet Stergiou & Karpouzi 2002, Velasco et al.
2010, Cresson et al. 2014
10 Mullets
B 0.17 Underwater visual census in the study area
Z = M when fishing mortality is null. M=
P/B 0.35 Empirical equation from Gislason et al
2008
Q/B 18.24 Palomares & Pauly, 1998
Diet Valls et al., 2012
11 Salema
B 499 Underwater visual census in the study area
Z = M when fishing mortality is null. M=
P/B 0.38 Empirical equation from Gislason et al
2008
Q/B 29.00 Palomares & Pauly, 1998
Diet Dobroslavic et al. 2013, Verlaque, 1990
12  Decapods +
B estimated by Ecopath
p/B 264 Coll et al 2006, Pinnegar, 2000, Valls et al.,  Average of literature
2012 values
Q/B 18.89 Pinnegar 200,
Diet Valls et al. 2012
13  Cephalopods
B estimated by Ecopath
P/B 2.34 Valls et al 2012
Q/B Estimated by Ecopath setting P/Q= 0.3
Diet Valls et al. 2012
14  Zooplankton - large
B Estimated by Ecopath
p/B 271 Coll et al 2006, Pinnegar, 2000, Valls et al.,  Average of literature

2012 values
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N°  Funtional group Value References Observations
Coll et al 2006, Pinnegar, 2000, Valls et al.,  Average of literature
Q/B 60.47
2012 values
Diet Valls et al. 2012
15  Zooplankton - small
B Estimated by Ecopath
Coll et al 2006, Pinnegar, 2000, Valls et al.,  Average of literature
P/B 35.44
2012 values
Coll et al 2006, Pinnegar, 2000, Valls et al.,  Average of literature
Q/B 109.43
2012 values
Diet Valls et al. 2012
16 Sea worms
B 1.63 Estimated by Ecopath
. Average of literature
P/B 2.58 Valls et al 2012, Pinnegar 2000
values
. Average of literature
Q/B 15.27 Valls et al 2012, Pinnegar 2001
values
Diet Valls et al. 2012
17  Macrofauna +
B 17.53 Sampling in the study area
Coll et al. 2006, Pinnegar 2000, Valls et al. Average of literature
P/B 4.10
2012 values
Coll et al. 2006, Pinnegar 2000, Valls et al.
Q/B 47.60
2013
Diet Valls et al. 2012
18 Echinoderms +
B 8.54 Underwater visual census in the study area
Coll et al. 2006, Pinnegar 2000, Valls et al. Average of literature
P/B 0.59
2012 values
Q/B 2.70 Pinnegar 2000
Diet Valls et al. 2012
19  Suspensivores +
B Estimated by Ecopath
p/B 263 Coll et al. 2006, Pinnegar 2000, Valls et al. Average of literature
’ 2012 values
. Estimated by the model
Q/B Pinnegar 2000, Valls et al. 2012
for aP/Q=0,3
Diet Valls et al., 2012
23  Gorgonians
B Estimated by Ecopath
Mistri & Ceccarelli 1993, Weinbauer &
P/B 0.20 L
Velimirov 1995
Q/B 0.53 Valls et al., 2012
Diet Valls et al., 2012
24  Sea urchins
B 40.00 Underwater visual census in the study area
Coll et al. 2006, Pinnegar 2000, Valls et al. Average of literature
P/B 0.57
2012 values
Q/B 2.77 Pinnegar 2000
Diet Valls et al., 2012
25 Meiofauna

213




N°  Funtional group Value References Observations
B Estimated by Ecopath
P/B 10.00 Danovaro et al. 2002
Q/B Estimated by Ecopath for a P/Q of 0.3
Diet Valls et al. 2012
26  Posidonia
Leaf,frond,rhyzome,roots.
Conversion factors AFDW
B 27391.56 Montefalcone et al. 2015 =80% DW from Westlake
1964, WW =5.7 x DW
from Valls et al 2012
P/B 0.55 Francour 1990
27  Seaweeds
B 586.51 Sampling in the study area
P/B 4.43 Valls et al. 2012
28  Phytoplankton
B 11.45 Indirect estimation from PP
P/B 179.50 Lazzara et al. 2010 PP=90 gC/m2 Lazzara et
al. 2010 converted to
WW from Shannon &
Jarre-Teichmann 1999.
29  Detritus
Using a primary
. . . production estimate of
B 86.35 Empirical equation from Christensen & 175 gC/m2 x year for the

Pauly 1993

Mediterranean sea
(Chassot et al. 2007 )
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Tab. 3 MTI sensitivity analysis. Bright green cells: effects with high confidence percentage (>95%); medium green cells: [95-75[; pink cells: [75-50[; red cells: <50%
(this means the average sign from the sensitivity analysis is opposed to the one of the original MTI matrix).

+ ° _ +

gk £ E 3 & 3

S vy o3 b E . I , A 5

= ® ®mE ® 255§ % 0§ 2 2 8§ £ e e g 2 & 5 & € % 2 = & & 5 3§ = 3

2 f §3 § e85t £ 2z 2 3 £ £ 5 5 E £ 8 o8 - § £ § & 2 g2 8 = 2 &

£E 3 38 3 5388 8 & 5 8 =z 2 & 3 & &8 & & & 5 g & & & =2 &2 & £ &
Amberjack & dentex + 100 100 984 100 100 100 929 100 100 98.6 90.2 99 100 100 83.3 100 100 100 100 91.3 100 100 100 100 95.1 99.8 100 99 100
Dusky grouper -large 100 100 100 100 56.6 100 100 99.5 99.8 91.7 100 83 100 100 100 100 99.9 97.6 60.7 98.7 999 99.8 99.9 999 393 99.7 66.7 100 096.4
Dusky grouper - medium 100 989 100 100 99.1 100 100 82.8 99.6 99.8 100 96.3 100 100 52.5 458 822 587 501 99.9 100 99.8 99.7 99.7 63.1 458 514 839 46.7
Dusky grouper -small 100 100 96.8 100 52.1 100 100 100 100 100 74.7 100 100 100 91.3 100 100 100 98.1 923 100 100 100 100 100 100 100 100 100
Large-scaled scorpionfishes + 100 100 100 99.5 100 100 100 100 100 99.1 100 86.7 64.8 100 90.4 100 100 100 100 99.6 63.4 100 100 100 100 100 100 100 100
Scorpionfishes & combers + 88.4 100 99.8 724 859 100 100 100 95.6 100 100 99.3 75.2 994 979 100 100 100 93.2 100 100 100 100 100 100 100 100 100 100
Stripped red mullets + 100 100 80.7 97 100 44.7 100 100 100 100 70.9 99.6 97 99.2 100 100 100 100 57.4 99.8 100 956 100 77.1 985 99.9 100 100 100
Sand smelts + 100 99.4 100 994 604 100 100 100 100 91.1 100 100 100 100 100 759 100 100 100 100 99.7 99.9 86.7 100 100 99.8 72.5 100 99.9
Diplodus + 100 100 100 71.1 100 73.9 100 100 100 87.4 100 100 100 100 100 100 100 100 100 64.6 100 100 100 100 100 100 100 93 100
Gobies + 100 100 95.2 85.7 92.2 100 99.9 943 951 100 99.8 999 747 100 100 100 84.7 852 100 100 100 99.8 61.5 100 100 100 97.1 100 100
Wrasses + 100 100 87.2 100 100 49.9 100 100 100 100 100 100 100 100 99 100 85.9 100 50.1 100 100 99.5 100 100 100 100 100 100 100
Mullets 100 100 100 28.2 100 80.8 100 100 76.6 100 99.4 100 979 100 100 94 100 100 100 86.6 99.4 65.7 927 62 999 883 100 100 100
Salema -juveniles 100 100 100 100 100 100 100 100 100 100 989 100 100 100 99.7 99.2 100 69.7 100 100 100 100 100 100 100 100 100 100 100
Salema -adults 98.3 100 100 99.3 100 70.6 99.8 100 100 100 88.7 39.4 78.7 100 100 100 100 999 99.7 100 100 99 100 100 100 100 100 81.5 100
Decapods + 100 100 100 100 100 100 100 100 100 100 100 100 100 95.7 100 100 74.6 66.5 90.4 100 100 100 100 100 100 100 100 100 100
Cephalopods 100 100 100 99.1 100 98.1 855 100 100 87.7 100 100 100 100 100 100 100 100 99.8 77.7 100 100 100 100 47.1 99.9 100 100 100
Zooplankton -large 94.7 100 100 99.6 100 100 100 100 66.6 94.8 99.3 100 100 100 100 100 100 100 100 100 100 100 100 99.2 100 100 98.6 100 74.1
Zooplankton -small 93.4 100 100 100 74 994 999 100 100 100 99.7 100 100 100 100 100 100 100 57.8 749 76.8 100 100 100 100 98.1 100 100 80.5
Sea worms 97.1 747 999 99.2 926 97.8 100 985 100 100 96.4 99.9 99.9 100 88 64.2 100 100 100 100 100 100 65.4 78.1 999 100 99.4 100 100
Macrofauna + 746 996 89 100 97.5 53.8 984 100 100 100 100 100 53.2 100 100 100 &7.1 100 100 100 100 100 100 100 100 100 100 100 100
Echinoderms + 100 100 100 100 100 100 100 88.3 99.2 60.3 100 100 99 100 100 79.1 100 100 98.6 100 100 100 100 100 100 100 100 72.6 100
Suspensivores + 100 100 100 50.8 100 98 66 846 100 100 89.6 874 100 100 96.7 100 100 100 99 96.3 53,5 100 100 100 100 100 100 100 99.1
Gorgonians 99.9 100 100 100 85.1 95.7 100 100 100 100 100 100 100 100 100 100 100 100 100 99.5 100 100 100 100 100 100 100 89.9 100
Sea urchins 90.5 989 100 100 100 100 100 100 96.4 82.6 100 100 100 100 100 54.7 100 100 100 100 99.8 100 45.1 100 99.1 100 100 100 100
Meiofauna 94 100 100 100 100 100 100 94.7 90.5 100 95.6 100 100 60.7 100 99.3 98.7 100 100 97.5 100 99.9 100 99.6 100 944 726 100 100
Posidonia 744 100 100 100 100 100 100 100 76.2 98.7 100 100 100 100 100 100 62.6 79.5 97.5 100 100 96 100 100 100 100 100 99.7 100
Seaweeds 95 100 100 100 100 98.9 56.7 100 949 100 99.6 99.8 100 100 100 994 63.5 915 100 100 53.8 100 74.7 100 97.3 100 100 99.9 99
Phytoplankton 98.3 100 100 100 97.8 549 100 100 100 100 59 100 100 99.3 98 95.7 100 100 100 96.4 97 100 100 100 99.1 99.9 100 100 98.8
Detritus 77.3 100 100 100 100 100 100 90 100 100 97.5 100 100 100 100 984 86.9 100 100 99.8 100 100 100 100 100 999 100 100 100
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8 General discussion

8.1 The initial questions
Centuries of selective fishing on high trophic level predators (HTLP) caused a
gradual simplification of Mediterranean food-webs, which are nowadays mostly
controlled by smaller and lower trophic level species (Sala et al. 2004). The depletion
of HTLP affected the overall stability of Mediterranean ecosystem and reduced its
resilience to human impacts (Coll et al. 2008, Britten et al. 2014). The protection from
fishing within MPAs allowed to trigger a recovery in HTLP abundance and biomass,
but long time frames are needed in order to re-establish lost trophic interactions and
ecosystem functions (Sala et al. 2012, Guidetti et al. 2014). Long-term monitoring of
both HTLP and trophic interactions is thus essential to assess if MPAs are effectively

promoting an overall ecosystem recovery and to adapt management consequently.

This PhD aimed at evaluating and proposing effective and operational management-
tools to: Q1) effectively monitor high trophic level predators recovery, Q2) unravel
and monitor trophic interactions and Q3) quantify fishing impacts upon HTLP and

associated food-webs within Mediterranean MPAs.

8.2 Main results
The chapters of this thesis developed interconnected steps necessary to pursue the
final management-oriented objectives, and provided at the same time results that
further elucidate the important functional role of HTLP in marine ecosystems and the
state of their recovery in MPAs. We will summarise here the main outcomes of each

section of the thesis: field monitoring and food web modelling.

Underwater visual census (UVC) to survey high trophic level predators

Results from our literature analysis (Chapter 3) highlighted that UVC transects are by
far the most commonly adopted technique to survey fish communities in the
Mediterranean. Compared with other methods, such as video — UVC, transects
provide the most complete quantitative description of the fish assemblage, detecting
the highest number of species and allowing to measure several variables (i.e.
density, size), at the lower economic and time costs. They are thus better suited for

the regular monitoring activities of coastal Mediterranean MPAs, where the
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quantification of fish density and biomass is necessary to assess the efficiency of
protection. Despite the success of transect UVC across the Mediterranean however,
standardization in transect surface is not yet achieved, with more than 50% of the
analysed studies that aimed at surveying the whole fish assemblage, differing for the
adopted transect sizes. Different transect size can affect the efficiency of the method
in detecting a given species, according to its behaviour and mobility (Cheal &
Thompson 1997, Kulbicki 1998, Bozec et al. 2011). On one hand thus,
standardisation is needed, since comparisons of density or biomass values obtained
with different transect width for the same species could be biased. On the other
hand, different transect widths should be applied to survey fish species differing for
mobility and behaviour (Harmelin-Vivien et al. 1985, Bozec et al. 2011). This is
seldom done in the Mediterranean, where the same transect width has been always

used to survey both large mobile fish and less mobile necto-benthic fish (Chapter 3).

This evidence encouraged us to evaluate if transects of larger dimensions than those
most commonly adopted across the Mediterranean (25 x 5 m), would better account
for the behaviour of large mobile and shy predators (often corresponding to HTLP),
that seldom allow the observer to approach at such short distance. Results from our
field comparison (Chapter 4) showed that within MPAs large size transects (20 x 35
m) provided more accurate density and biomass estimates for large mobile and shy
fish than medium transects (5 x 25 m), allowing to reduce under-estimation bias due
to the common avoidance behaviour of these fish. Precision of density and biomass
estimates tended to be lower when large transects were used within MPAs, because
more rare and shy species or species with shoaling behaviour (i.e, Mycteroperca
rubra, Epinephelus costae, Sphyraena viridensis) were detected. The choice of the
transect size to be adopted should thus balance the trade-offs of detecting higher

number of species, while achieving lower precision.

Following these results we opted for the combination of three transect sizes (20 x 35
m, 5 x 25 m and 1 x 10 m), adapted respectively to large mobile predators, necto-
benthic fish and small crypto-benthic fish, to survey the whole fish assemblage at
three Mediterranean MPAs. We evidenced a significant effect of protection on HTLP,
whose response in terms of increased biomass within the MPA was always higher in
magnitude than that of other functional groups. Trophic pyramids differed within and
outside MPAs in terms of relative contribution of each functional group to total fish

biomass, with HTLP displaying the largest inside vs outside biomass ratios. This was
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especially marked at older and highly enforced MPAs (Cabo de Palos, Spain, and
Scandola, Corsica-France), suggesting this metric as an effective indicator of HTLP

recovery.

In the context of monitoring the recovery of HTLP within MPAs, detecting higher
density, biomass and species number for this group should be the priority in the
selection of a UVC method. In light of our results we suggested that the combination
of large, medium and small transect sizes (respectively for large mobile fish, necto-
benthic fish and cryptic fish) in monitoring programs is a simple improvement to
traditional one-size transect surveys, allowing to increase the accuracy of total fish
assemblage estimates within MPAs, and should thus be considered to assess

recovery of HTLP in relation to total fish biomass.

The trophic re-organization we observed caused by the large increase of HTLP within
MPAs, is likely to affect the ecosystem functions (Soler et al. 2015). Food-web
modelling allows to unravel trophic interactions and to dig deeper on the effects of
protection/exploitation on ecosystem functions (Libralato et al. 2010, Plaganyi et al.
2014). If the process of model building is simplified and standardised while kept
reliable, food-web models can be effective tools for an ecosystem based

management in MPAs.

Food web modelling

The second section of this PhD was introduced by a theoretical modelling exercise
(Chapter 5) where, starting from the most detailed model available for a
Mediterranean MPA (Port Cros, Valls et al. 2012), we identified an optimal level of
functional groups aggregations which was the best compromise between model
complexity, feasibility of model construction in terms of data collection, and reliability
of model outputs. In particular the aggregation of several benthic taxa sharing similar
predators into one unique macrofaunal group, allows for a substantial simplification in
the data collection process, without significantly affecting model outputs. We also
identified the key functional groups for which small variations in input biomass data
mostly influenced model outputs. These include high trophic level predators, species
with a high level of connections in the trophic network such as macrofauna and
decapods and primary producers generally present in high biomasses in the

Mediterranean, such as Posidonia oceanica. We concluded that local and accurate
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biomass data should be collected in priority for these groups when developing food-

web models for similar Mediterranean ecosystems.

This model structure was then applied to two case studies representative of
Mediterranean data-availability: the older and relatively data rich Portofino MPA
(Chapter 6) and the more recently established and data-poor Cap Roux fishery
reserve (Chapter 7). Model structure was kept standard in terms of species
aggregation into functional groups, but necessarily had to be adapted to the local
conditions of each case study, by adding or deleting functional groups depending on

their presence or absence at each MPA.

The Portofino MPA food-web model allowed to identify the HTLP groups
Epinephelus marginatus, Amberjack&dentex+ (including Dentex dentex, Seriola
dumerili, Sphyraena viridensis, Dicentrarchus labrax, Muraena helena, Conger
conger) and Large scaled scorpionfish+ (Scorpaena scrofa, Sciaena umbra, Labrus
merula, Labrus viridis, Pagrus pagrus and Phycis phycis) as keystone species in the
food-web, followed by Cephalopods. At the same time, a strong fishing pressure was
highlighted on Amberjack&dentex+ and Large scaled scorpionfish+, which were thus
considered “sentinel species”, i.e species combining high ecological importance and
highly fishing pressure in the ecosystem under study, that should thus be prioritised
for monitoring and could be “anchor points’ for the definition of management actions
that deserve to be taken (ex. to calculate the reduction of fishing mortality needed to
attain predefined conservation objectives) and for the assessment of their efficiency.

The interacting impacts of artisanal and recreational fishing were unravelled showing
that HTLP were mostly threatened by the recreational fishing, which also had the
widest effect on the food-web. The ecosystem was far from reaching carrying
capacity for HTLP, whose biomass could still increase of 44 %, confirming the high
sensitivity of this group to fishing and thus also to protection measures. According to
model results, additionally, measures aiming at forbidding recreational fishing would
not only benefit the ecosystem by increasing HTLP biomass (24%), but would also
increase the mean trophic level (and thus the quality) of the catch of the artisanal
fishery. Artisanal fishing alone reduced the biomass of HTLP by less than 15% and

could instead be maintained with a moderate impact on the ecosystem.

Overall, some useful insights for MPA management were derived from this study:

limiting recreational fishing effort for example would allow the MPA to pursue both its

222



conservation and socio-economic development targets, by i) reducing the impact on
HTLP and thus encouraging their further recovery within the MPA, whose carrying
capacity is far to be reached ii) increasing the availability of catches at higher trophic
levels for artisanal fishing, thus providing economic benefits to this naturally-declining

traditional fishing activity.

Despite the uncertainties associated with some input biomass and fishing data,
extensive sensitivity analysis through recently developed routines (Data-reli toolbox,
Lassalle et al 2014 and pre-balancing rules, Link 2010) and the comparison of
alternative models with varying input data, allowed to increase the confidence in

model results.

Modelling the food-web associated with the Cap roux fishery reserve (Chapter
7) also allowed to identify HTLP (Amberjack&dentex+ group and E. marginatus) as
well as cephalopods as keystones groups in the ecosystem, further stressing the
need for monitoring these species. No biological data was available on the area, thus
input biomass data was collected on the field, prioritising the functional groups
identified in Chapter 5, for which imprecise biomass data can widely affect model
outputs. Cost and effort analysis on the full process of model construction pointed out
where it would be advisable to invest, in order to increase model quality cost-
efficiently: rather than concentrating effort and resources onto macrofauna sampling,
for instance, at least in the first place it would be more advisable to invest in sampling
effort for HTLP, as well as decapods and cephalopods. The two latter groups are
very seldom included in MPAs monitoring programs, despite their ecological and
economical importance, being targets of both artisanal and recreational fishing.
(Piatkowski et al. 2001, Gofii et al. 2006, Wagner 2008). It would be thus worth to
establish appropriate monitoring surveys for these groups, which would allow more
comprehensive assessments of the effects of protection, while providing valuable
data for modelling. Excluding sampling for macrofauna, the average estimate for
model development costs for an area of 145 ha totalled 26 700 €, including field data
collection for fish and mobile mega-invertebrates (decapods, cephalopods and
echinoderms), data analysis and model building. If monitoring programs are already
in place in an MPA and thus data is already available, model building (data
integration and analysis) would require an investment of ca 4 200 €, i.e. less than 1/6

of the previous amount.
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8.3 Further discussion and perspectives

Making food-web models operational in MPAs

By providing a standard model structure and identifying the most sensitive groups for
which local biomass data should be collected in priority (Chapter 5), we aimed at
simplifying the process of model development and encouraging its application within
MPAs. However, other sources of uncertainty were not addressed in this manuscript.
While reviewing the literature of Mediterranean models for our analysis (Chapter 5)
we noted that not only biomass is often not locally estimated, but also other required
input parameters are often derived from the literature, such as diet compositions, or
P/B and Q/B ratios for invertebrate groups. Local studies providing estimates for
these parameters are indeed very rare and this often causes circular referencing
among models, eventually leading to a literature source which often pertains to
another time period and a far-away and different ecosystem. These uncertain input
data could bias the biomass estimates of groups for which local data is not available
or cannot be measured in the field, and that are thus obtained from the model mass-
balance equations (Morissette 2007, Lassalle et al. 2014). For instance, in Chapter 7
we evidenced how data collected in the field for some groups (macrofauna,
cephalopods and decapods) did not provide realistic values to feed the model, and
more sampling effort would have been needed to increase quality of these data, at
very high costs for some groups. When comparing our values, we evidenced that in
other studies from coastal Mediterranean macrofaunal biomass was always
estimated by the model. In each study, moreover, P/B, Q/B and diet compositions of
many groups feeding on macrofauna were often derived from other models, often

relative to other areas of the Mediterranean or even further away.

On one hand, it is paramount that models are grounded on local data. They have the
important function of highlighting eventual inconsistencies in such data, and can
serve to encourage the upgrading of estimates. Investing on data collection and
monitoring is thus needed (Carstensen 2014). However, it shall also be
acknowledged that obtaining local estimates for all parameters and groups is often
not feasible and that costs to increase data quality for some groups can be very high
in @ management perspective. Alternative solutions can be those of 1) simplifying
and standardising model structure and use models to identify groups for which local

biomass should be collected in priority, as we did (Chapter 5) 2) developing a
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Mediterranean data-base with the most updated and reliable estimates for diets, P/B
and Q/B (the latter two especially for invertebrates, since empirical equations can be
used to derive these parameters for fish) to which modellers could refer as a start.
Christensen et al. (2009) provided guidelines to develop database-driven models of
large marine ecosystems starting from common default values of input parameters.
While they suggested to use the approach as a draft model for improvement, that
would make it easier to get started with the modelling process, they also cautioned
from the use of these models for management advice, stressing that, for such use,
models should be enriched with as much as finer scale data is available. For small-
scale models of Mediterranean MPAs high resolution data is essential, however, a
Mediterranean data-base to be used as a common reference for critical parameters
(very unlikely to be available locally) could help to further standardise the process of
model development, and would allow to isolate some of the sources of uncertainty
related with input data, eventually increasing models comparability. If, for instance, in
every MPA model developed with a standard structure, P/B, Q/B and diet were
derived from a common source, when models are compared the eventual differences
in the biomass of estimated groups would be more probably due to each MPA’s
particular environmental or management characteristics, than to a bias in model
structure and parameters. A Mediterranean database for these parameters would
also largely simplify the process of model construction, where a large amount of time
is spent in integrating and transforming data from different sources, allowing a large

gain in time and thus efficiency in a management perspective.

The complementarity of monitoring and modelling

Monitoring is an essential management tool per-se, allowing to assess if MPAs are
meeting the goals for which they have been designed, by detecting change in the
abundance and growth rate of species and communities of concern and evaluating
how well a reserve fulfils the goal of enhancing a local fishery. But data derived from
monitoring can also bridge the gap between field ecology and modelling. On one
hand, monitoring data can feed food-web models, needed to investigate issues that
cannot be addressed by field studies alone. On the other hand, food-web models can
help to identify priority targets for monitoring and to bring to light data gaps or
inconsistencies in local data, thus they can re-direct monitoring, in a feed-back loop

that shall be accordingly translated into adaptive management . Models developed in
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this study for instance, either built with newly collected data (Chapter 7) or with data
from past monitoring (Chapter 5 and 6), highlighted the keystone role of high trophic
level predators in the protected ecosystems (Valls et al. 2015). This further
emphasised the importance of monitoring HTLP and to obtain more accurate
estimates of their abundance and biomass in MPAs through appropriate non-
destructive techniques (Chapter 4). Additionally, in all the presented case studies,
food-web models agreed in assigning a keystone role to cephalopods, which are
often (or totally) overlooked when designing monitoring plans in the Mediterranean.
Cephalopods play an important functional role in both coastal and pelagic
ecosystems (Piatkowski et al. 2001, Coll et al. 2013), being a preferred prey for many
high trophic level predators, but also predators acting on a wide range of trophic
levels. Moreover, they are economically important artisanal and recreational fishing
targets. Studies are needed to assess their abundance and biomass in coastal areas,
appropriate non-destructive techniques should be identified and monitoring should be
implemented. Fishing pressure on this group should also be regularly monitored.

Finally, modelling can build upon monitoring data to develop ecosystem based
indicators, such as food-web indicators, as also required by the Marine Strategy
Framework Directive, in order to achieve the Good Environmental Status (Heymans
et al. 2014, Guesnet et al. 2015). In this view, MPAs and corresponding models could
be very useful to define targets for indicators and to provide reference values
corresponding to different conservation states. Indicators based on trophic levels, for
example, are increasingly being used to assess fisheries impact on the whole
ecosystem (Shannon et al. 2014) and modelling can serve to generate reference
values for indicators through dynamic simulations, which would need very long time
series if only monitoring data were used (Pelletier et al. 2008). In this perspective, a
further development of our study could be the application of the recently proposed
Apex Predator Indicator (API) and High Trophic Indicator (HTI) (Bourdaud et al.
2015). Both are trophic level based indicators centred on the proportion of apex
and/or high trophic level predators in the ecosystem, as a proxy for the good
functioning of the whole food web, and ecosystem-specific targets could be proposed

for each indicator through simulation (Bourdaud et al. 2015).
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Perspectives on food web models as operative ecosystem based management tools
in MPASs,

On the basis of the data we had strengthened by extensive sensitivity analysis, we
proved the potential of food-web models for MPAs management in i) identifying
keystone and sentinel species in the ecosystem ii) highlighting the MPA’s possible
carrying capacity for HTLP iii) unravelling the food-web consequences of variations in
HTLP biomass iv) advising for a reduction of recreational fishing effort on HTLP and

evaluating the impact of recreational fishing on artisanal fishing.

If 1) exhaustive monitoring programs are implemented in MPAs, targeting both
biological resources but also, importantly, human impacts (local fisheries catches and
effort), and 2) food web modelling becomes a regular step to integrate data from
monitoring, the range of the possible management applications of food web models
developed with the EWE — EcoTroph - Ecospace package is extremely wide, and is in
continuous expansion (Coll et al. 2015). Here we provide some examples of possible

perspectives.

The spread of invasive species in the Mediterranean is widely recognised as a critical
threat to its biodiversity and ecosystem functioning and to the provision of ecosystem
services in this basin (Katsanevakis et al. 2014). Food web models could help to
address this issue, allowing to understand the role and impact of invasive species on
the food web and to analyse management scenarios (Arias-Gonzalez et al. 2011)
Although the interest for this approach is growing (Coll et al. 2015), in the

Mediterranean applications are still scant.

EwE-Ecotroph models have been used in a couple of studies to assess biomass
spillover from MPAs (Valls et al. 2012, Colléter et al. 2014) and, in one study, to
quantify the contribution of an MPA to the trophic functioning and productivity of the
larger surrounding ecosystem (Guénette et al. 2014). MPAs are often very small in
the Mediterranean, it could be thus interesting to assess if extending their borders
could increase their contribution in terms of spillover to adjacent systems and also to
the total production and catches of the surrounding ecosystem. Through the dynamic
modules Ecosim and Ecospace, moreover, it is possible to explore the potential
effects on ecosystem structure and on fisheries production of alternative fisheries
management (and also climate change) scenarios, to model energy exchanges from
MPAs to external areas and to quantify MPAs impact on larger ecosystems. Finally, if

several MPA food-web models are developed, large-scale analysis could be carried
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out in Ecospace to assess the effects of different spatial configurations of MPAs
networks and/or different fisheries management scenarios on ecosystem structure,

functioning and fisheries production.

In order to fully exploit this high potential, MPAs should start integrating food-web
modelling as a regular tool in their management plan, using it in the first place to
direct monitoring and integrate data into a coherent picture of ecosystem functioning,
and then, once a reliable basis is set, to build upon this picture according to

management needs.
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8 Discussion Generale

8.1 Les questions initiales

Des siecles de péche ciblant les prédateurs de haut niveau trophique (HTLP) ont
provoqué une simplification progressive de réseaux trophiques de Méditerranée,
avec un contréle exercé aujourd'hui principalement par de petites espéces de plus
bas niveau trophique (Sala et al., 2004). L'épuisement des HTLP a affecté la stabilité
globale des écosysteme méditerranéens et réduit sa capacité de résistance aux
impacts humains (Coll et al. 2008, Britten et al. 2014). L'interdiction de péche dans
les AMP a favorisé une augmentation de I'abondance et de la biomasse des HTLP.
Toutefois, les délais nécessaires afin de rétablir les interactions trophiques perdues
et les fonctions des écosystémes sont assez importants (Sala et al. 2012, Guidetti et
al. 2014). La surveillance a long terme des HTLP et des interactions trophiques est
donc essentielle pour apprécier si les AMP peuvent efficacement favoriser une
restauration globale de I'écosysteme et adapter en conséquence leur gestion.

Cette these visait a évaluer et proposer des outils de gestion efficaces et
opérationnels pour : Q1) quantifier efficacement la récupération des prédateurs de
haut niveau trophique, Q2) comprendre et suivre les interactions trophiques et Q3)

quantifier les impacts de la péche sur les HTLP et les réseaux trophiques associés.

8.2 Principaux résultats

Les différents chapitres de cette thése ont permis d'apporter des résultats
complémentaires nécessaires pour répondre aux objectifs affichés de gestion des
AMP en élucidant en particulier I'importance du réle fonctionnel des HTLP dans le
fonctionnement des écosystémes marins et en appréciant leur degré de restauration
dans les AMP. Nous allons résumer ici les principaux résultats des deux sections de

la thése : suivis de terrain et modélisation du réseau trophique.

Suivi des prédateurs de haut niveau trophigue avec comptage visuel en plongée
uvcCc

Les résultats de notre analyse de la littérature (chapitre 3) ont confirmé que les

transects UVC sont de loin la technique la plus couramment adoptée pour étudier les
communautés de poissons en Méditerranée. Comparés a d'autres méthodes, telles
que la vidéo en plongée sous-marine, les transects fournissent la description
quantitative la plus compléte des peuplements de poissons, détectant le plus grand

nombre d'espéces et permettant de mesurer plusieurs variables (i.e. densité, taille),
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avec des colts économiques faibles et des temps d'acquisition réduits. lls sont donc
mieux adaptés aux activités régulieres de surveillance des AMP cdétieres
méditerranéennes, ou la quantification de la densité et de la biomasse des poissons
est nécessaire pour évaluer l'efficacité de la protection. Malgré le succés des
comptages visuels sur transects, aucune normalisation de leur surface n'a encore été
réalisée en Méditerranée : plus de 50% des études analysées prenant en compte
I'ensemble du peuplement de poissons, adoptent des tailles de transects variables.
Selon le comportement et la mobilité des especes, des largeurs de transect non
adaptées peuvent affecter l'efficacité de la méthode dans leur prise en compte
(Cheal & Thompson 1997, Kulbicki 1998, Bozec et al., 2011). D'un cété donc, la
normalisation est nécessaire, car les comparaisons de densité ou de biomasse,
obtenues pour le méme jeu d'espéces pourraient varier selon la largeur de transect
retenue,. D'autre part, il est nécessaire de retenir des transects de différentes
largeurs pour étudier des espéces de poissons dont la mobilité et le comportement
different (Harmelin-Vivien et al., 1985, Bozec et al., 2011). Ceci est rarement le cas
en Méditerranée, ou une largeur unique de transect a toujours été utilisée pour
échantillonner a la fois les espéces mobiles de grande taille mais aussi les poissons
necto-benthiques moins mobiles (chapitre 3). Ce constat nous a encouragé a évaluer
si des transects de dimensions supérieures a celles plus communément adoptées en
Méditerranée, a savoir 25 x 5 m, permettraient de mieux prendre en compte le
comportement des prédateurs de grande taille, mobiles (généralement des HTLP) et
craintifs (se laissant rarement approcher par un plongeur sous-marin a courte
distance). Les résultats de notre comparaison sur le terrain (Chapitre 4) ont montré
que, dans les AMP, les transects de grande taille (35 x 20 m) fournissent des
estimations de densité et de biomasse plus réalistes pour les poissons de grande
taille, mobiles et craintifs que les transects classiques (25 x 5 m). Ceci permet de
réduire le biais de sous-estimation di au comportement d'évitement communément
observé avec ces espéces. Cependant, la précision des estimations de densité et de
biomasse tend a étre plus faible (plus forte variance) lorsque des transects de
grande taille sont utilisés au sein des AMP, car plus d'espéces rares et craintives ou
espéces au comportement grégaire (i.e. Mycteroperca rubra, Epinephelus costae,
Sphyraena viridensis) sont détectées. Le choix de la taille de transect a adopter est
donc un compromis entre la détection d'un plus grand nombre d'especes et la
diminution de la précision des estimations. Suite a ces résultats, nous avons opté

pour la combinaison de trois tailles de transects (L x1:35x20m, 25 x5 met 10 x 1
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m), adaptées respectivement aux grands prédateurs mobiles, aux espéces necto-
benthiques et aux petites especes crypto-benthiques, pour échantillonner le plus
complétement possible la totalité du peuplement de poissons. Dans les trois AMP
méditerranéennes suivies, nous avons montré un effet significatif de la protection sur
les HTLP : leur réponse en termes d'augmentation de biomasse dans la zone
protégée est toujours meilleure que pour les autres groupes fonctionnels. Les
pyramides trophiques different au sein et en dehors des AMP en termes de
contribution relative de chaque groupe fonctionnel a la biomasse totale de poissons.
Les HTLP en particulier présentent les plus forts ratios intérieur/extérieur en
biomasse. Cela est particulierement marqué dans les AMP les plus agées et les
mieux surveillées (Cabo de Palos, Espagne et Scandola, en Corse-France), et
suggeéere que ce ratio est un indicateur pertinent du degré de récupération des HTLP.
Dans le contexte du suivi de la récupération des HTLP au sein des AMP, étre
capable de mesurer efficacement une densité, une biomasse ou une richesse
spécifique d'HTLP doit étre une priorité dans la sélection de la méthode de comptage
a retenir. Compte tenu de nos résultats, nous avons suggéré que l'adoption d'une
combinaison de transects de taille variable (respectivement pour les espéces
mobiles de grande taille, les espéces necto-benthiques et les espéces cryptiques)
dans les programmes de surveillance représente une amélioration des suivis
traditionnels effectués avec des transects de largeur unique. Cette amélioration de la
méthode permet d'augmenter la précision globale des estimations des peuplements
de poissons au sein des AMP et devrait donc étre retenue pour apprécier le taux de
récupération de HTLP en utilisant le rapport biomasse des HTLP/biomasse totale de
poissons.

Les modifications trophiques que nous avons observées, dues a l'augmentation
importante des HTLP au sein des AMP, sont susceptibles d'affecter les fonctions des
écosystemes (Soler et al. 2015). La modélisation du réseau trophique permet de
comprendre les interactions trophiques et d'analyser plus en détail les effets de la
protection et/ou de I'exploitation sur les fonctions de I'écosystéme (Libralato et al.
2010, Plaganyi et al. 2014). Si les étapes de construction des modéles sont
simplifiées et standardisées, tout en respectant la fiabilité des modéles, ces derniers

peuvent étre alors des outils efficaces d'une gestion écosystémique des AMP.
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La modélisation du réseau trophique

La deuxiéme partie de cette thése a débuté par un exercice de modélisation
théorique (Chapitre 5). A partir du modéle disponible le plus détaillé pour une AMP
méditerranéenne (Port-Cros, Valls et al. 2012), nous avons identifié le niveau optimal
d’agrégation en groupes fonctionnels, respectant le compromis entre la complexité
du modeéle, la faisabilité de la construction du modeéle en termes de collecte de
données et la fiabilité des sorties du modéle. En particulier, I'agrégation de plusieurs
taxons benthiques qui partagent des prédateurs similaires en un seul groupe de
macrofaune permet une simplification importante dans le processus de collecte de
données, sans affecter significativement les résultats du modéle. Nous avons
eégalement identifié les groupes fonctionnels clés pour lesquels de petites variations
dans les données de biomasse d'entrée influencent fortement les résultats issus du
modele. Ces groupes comprennent les prédateurs de niveau trophique supérieur, les
especes ayant un niveau élevé de connexion dans le réseau trophique, telles que la
macrofaune et décapodes, et les producteurs primaires généralement présents avec
de fortes biomasses en Méditerranée comme Posidonia oceanica. Nous avons
conclu que des données locales et précises de biomasse devraient étre collectées
en priorité pour ces groupes lors de I'élaboration des modeles trophiques dans des
ecosystemes méditerranéens similaires.

Cette structure de modele a ensuite été appliquée en Méditerranée a deux cas
d’étude représentatifs de la disponibilité préalable des données : TAMP de Portofino,
assez ancienne et pour laquelle de nombreuses données sont disponibles (chapitre
6) et le cantonnement de péche du Cap Roux, établi plus recemment et ne disposant
que de peu de données (chapitre 7). La structure du modéle a été conservée en
termes d'agrégation d'espéces en groupes fonctionnels, mais a nécessairement dd
étre adaptée aux conditions locales de chaque cas d’étude, en ajoutant ou
supprimant des groupes fonctionnels en fonction de leur présence ou de leur

absence dans chaque AMP.

Le modele trophique de ’AMP de Portofino a permis d'identifier les groupes de
HTLP Epinephelus marginatus, Amberjack & dentex + (comprenant Dentex dentex,
Seriola dumerili, Sphyraena viridensis, Dicentrarchus labrax, Muraena helena,
Conger conger) et Large scale scorpionfish + (Scorpaena scrofa, Sciaena umbra,
Labrus merula, Labrus viridis, Pagrus pagrus et Phycis Phycis) comme des groupes-

clés dans le réseau trophique, suivis par les céphalopodes. Dans le méme temps,
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une forte pression de péche a été mise en évidence sur Amberjack & dentex + et
Large scale scorpionfish +, qui ont donc été considérés comme des «espéces
sentinelles», c’est-a-dire des espéces alliant une grande importance écologique et
une forte sensibilité aux pressions de péche dans I'écosystéme a I'étude. Ces
especes devraient donc étre prioritaires pour la surveillance et pourraient servir de
pierres angulaires a la définition des mesures de gestion a prendre (ex. pour calculer
la réduction de la mortalité par péche nécessaire pour atteindre les objectifs de
conservation prédéfinis) et pour I'évaluation de leur efficacité.

Les effets croisés de la péche artisanale et de loisir ont été étudiés et ont montré que
les HTLP étaient pour la plupart menacés par la péche récréative. Cette derniére a
egalement l'effet le plus important sur le réseau trophique. L'écosystéme n'a pas
encore atteint sa capacité de charge pour les HTLP : leur biomasse pourrait encore
augmenter de 44%, confirmant la forte sensibilité de ce groupe a la péche et donc
aussi aux mesures de protection. En outre, selon les résultats du modeéle, des
mesures visant a interdire la péche récréative bénéficieraient I'écosysteme non
seulement en augmentant la biomasse de HTLP (24%), mais également en
augmentant le niveau trophique moyen (et donc la qualité) des captures de la péche
artisanale. La péche artisanale a elle seule réduit la biomasse de HTLP de moins de

15% et pourrait donc étre maintenue avec un impact modéré sur I'écosystéme.

Dans I'ensemble, des indications utiles pour la gestion de I'AMP découlent de cette
étude : une limitation de I'effort de péche récréative, par exemple, permettrait a I'AMP
de poursuivre ses objectifs a la fois de conservation et de développement socio-
economique par i) la réduction de l'impact sur les HTLP, favorisant ainsi leur
restauration au sein de I'AMP dont la capacité de charge est loin d'étre atteinte, ii)
I'accroissement de la disponibilité de captures a des niveaux trophiques supérieurs
pour la péche artisanale, équivalant alors a des avantages économiques pour cette
activité de péche traditionnelle naturellement en déclin.

Malgré les incertitudes associées a certaines données initiales en termes de
biomasse ou de péche, I'analyse de sensibilité réalisée a l'aide des routines
développées récemment (la boite a outils Data-Reli, Lassalle et al. 2014 et les regles
de pré-équilibrage, Link 2010) et la comparaison de modéles alternatifs avec des
données d'entrée variables, a permis d’accroitre la confiance dans les résultats du

modéle.
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La modélisation du réseau trophique associé a la réserve de péche du Cap
Roux (chapitre 7) a également permis d'identifier les HTLP (les groupes Amberjack
& dentex + et Epinephelus marginatus) ainsi que les céphalopodes comme groupes
clés dans I'écosystéme, soulignant en outre la nécessité d'un suivi de ces especes.
Aucune donnée biologique n'était disponible sur la zone, donc les données de
biomasse ont été recueillies sur le terrain, focalisant en priorité sur les groupes
fonctionnels identifiés dans le chapitre 5 et pour lesquels des données de biomasse
imprécises peuvent largement influer les sorties du modéle. L’analyse des colts
associés et des efforts d'échantillonnage nécessaires au processus de construction
du modéle a permis d'identifier comment il serait souhaitable d'investir pour
augmenter la qualité du modele de fagon économiquement efficace. Au lieu de
concentrer les efforts et les ressources sur I'échantillonnage de la macrofaune, par
exemple, au moins dans un premier temps, il serait plus judicieux d'investir dans
I'échantillonnage des HTLP, mais aussi des décapodes et des céphalopodes. Les
deux derniers groupes sont tres rarement inclus dans les programmes de
surveillance des AMP, en dépit de leur importance écologique et économique en tant
qu'espéces cibles de la péche artisanale et récréative (Piatkowski et al., 2001, Goii
et al. 2006, Wagner 2008). Il serait donc intéressant de mettre en place des
programmes de suivis appropriés pour ces groupes, ce qui permettrait des
évaluations plus complétes des effets de la protection, tout en fournissant des
données précieuses pour la modélisation. Sans compter I'échantillonnage de la
macrofaune, l'estimation moyenne des colts de développement du modéle pour une
superficie de 145 ha s'éléve a 26 700 €, comprenant la collecte de données sur le
terrain pour les poissons et les méga-invertébrés mobiles (décapodes, céphalopodes
et échinodermes), l'analyse des données et la construction du modéle. Si des
programmes de suivis sont déja en place dans une AMP et que des données sont
déja disponibles, la construction d’'un modéle (incluant l'intégration et I'analyse des
données) ne représenterait alors qu'un investissement de 4 200 € ca, soit moins de

1/6éme du montant précédent.

8.3 Syntheése et perspectives

Rendre les modéles de réseau trophigue opérationnels au sein des AMP

En proposant une structure standard de modéle et en identifiant les groupes les plus

sensibles pour lesquels des données locales de biomasse doivent étre recueillies en
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priorité (chapitre 5), nous avons cherché a simplifier le processus de développement
des modeéles et a favoriser leur utilisation au sein des AMP. Cependant, d'autres
sources d'incertitude n'ont pas été abordées dans ce manuscrit. Lors de l'analyse
critique de la littérature sur les modéles méditerranéens (chapitre 5), nous avons
constaté que non seulement la biomasse est rarement estimée localement, mais
aussi que d'autres parametres d'entrée requis proviennent souvent de la littérature,
en particulier le régime alimentaire, ou le rapport P/B et Q/B pour les groupes
d'invertébrés. Les études locales fournissant des estimations pour ces paramétres
sont en effet trés rares, ce qui se traduit souvent par un référencement circulaire
entre modéles, entrainant finalement le recours a une référence qui se rapporte
initialement a une période de temps et/ou un écosystéme complétement différent.
Ces données d'entrée incertaines pourraient biaiser les estimations de biomasse des
groupes pour lesquels des données locales ne sont pas disponibles ou ne peuvent
pas étre mesurées sur le terrain, et qui ont ainsi été obtenues a partir des équations
de bilan de masse du modéle (Morissette 2007, Lassalle et al. 2014). Par exemple,
dans le chapitre 7, nous avons souligné que les données recueillies sur le terrain
pour certains groupes (macrofaune, céphalopodes et décapodes) n'étaient pas
réalistes pour alimenter le modéle. Un effort d'échantillonnage supplémentaire aurait
donc été nécessaire pour améliorer la qualité de ces données, mais cela avec des
colts trés élevés pour certains groupes. La comparaison de nos données avec celles
de la littérature a montré que dans certaines études les biomasses de macrofaune
ont toujours été estimées par les modeles. De plus, dans ces études, les données de
P/B, Q/B et de régime alimentaire de nombreux groupes se nourrissant de la
macrofaune ont souvent été dérivées d'autres modeles, le plus souvent issus

d’autres régions de la Méditerranée ou d'encore plus loin.

Il est donc primordial que les modéles soient développés avec des données locales.
Ces modéles sont importants car ils permettent de mettre en évidence les
incohérences éventuelles parmi ces données et peuvent servir a encourager
I'amélioration des estimations. Investir sur la collecte des données et le suivi est donc
nécessaire (Carstensen 2014). Cependant, il est également reconnu que l'obtention
d'estimations locales pour tous les paramétres et les groupes est souvent impossible
et que dans une perspective de gestion les colts nécessaires pour améliorer la
qualité des données de certains groupes peuvent étre trés élevés. Des solutions

alternatives peuvent étre : 1) simplifier et standardiser la structure des modéles et
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utiliser ces modeéles pour identifier les groupes pour lesquels les données de
biomasse doivent étre obtenues de facon prioritaire en local, comme nous l'avons fait
(chapitre 5); 2) élaborer une base de données pour I'ensemble de la Méditerranée
avec une estimation des régimes alimentaires et des rapports P/B et Q/B la plus
fiable et actualisée possible (en particulier les deux derniéres variables pour les
invertébrés, puisque des équations empiriques sont disponibles pour les calculer
pour les poissons). Les modélisateurs pourraient donc se rapporter a cette base de
données pour une version initiale de leur modéle. Christensen et al. (2009) ont fourni
des lignes directrices pour développer des modéles de grands écosystémes marins
en utilisant pour les paramétres d'entrée des valeurs par défaut tirées de bases de
données. lls ont d’'un cété suggeére d'utiliser cette approche pour développer une
version initiale du modeéle avant de I'améliorer en raison d'une facilitation des
différents processus de modélisation; ils ont toutefois mis en garde contre I'utilisation
de tels modeéles dans le cas d'une politique de gestion. Dans ce dernier cas, ils ont
souligné que les modéles devraient alors étre enrichis avec autant des données
locales que possible. Dans le cas des modeles développés pour des AMP de petite
taille en Méditerranée, des données a haute résolution sont donc essentielles.
Cependant, une base de données méditerranéenne qui serait utilisée comme
référence commune pour les parametres critiques (probablement trées peu
disponibles localement) pourrait aider a normaliser davantage le processus de
développement d'un modéle et permettrait aussi d'isoler certaines des sources
d'incertitude liees aux données d'entrée, tout en augmentant éventuellement la
comparabilit¢ entre modeles. Si, par exemple, dans chaque modéle d’AMP
développé avec une structure standard, les données de P/B, Q/B et de régime
alimentaire sont obtenues a partir d'une source commune, lorsque les modéles
seront comparés les éventuelles différences de biomasse des groupes estimés
seraient plus probablement dues a des caractéristiques environnementales ou de
gestion, spécifiques a chaque AMP, plutdét qu'a un biais dans la structure et les
parametres du modeéle. Une base de données méditerranéenne pour ces parametres
pourrait aussi largement simplifier le processus de construction du modéle, en évitant
une perte certaine de temps passé a intégrer et transformer des données provenant
de différentes sources. Ceci permettrait un gain de temps certain, et donc d'efficacite,

dans une perspective de gestion.

236



La complémentarité des approches suivi de terrain et modélisation

Le suivi est un outil de gestion essentiel per-se, permettant d'évaluer si les AMP
atteignent les objectifs pour lesquels elles ont été congues, en détectant les
changements dans I'abondance et les taux de croissance des espéces et des
communautés d’'intérét et donc de juger dans quelle mesure une réserve atteint son
objectif d'amélioration de la péche locale. Mais les données issues des suivis
peuvent également permettre de combler le fossé entre I'écologie de terrain et la
modélisation. D'une part, les données de suivis peuvent alimenter des modéles du
réseau trophique, nécessaires pour aborder des questions que les seules études de
terrain ne peuvent pas traiter. D'autre part, les modéles trophiques peuvent aider a
identifier des cibles prioritaires a suivre et a mettre en lumiére des lacunes ou des
incohérences dans les données locales. lls peuvent ainsi réorienter les suivis avec,
en retour, une nouvelle traduction en mesures de gestion plus adaptées. Les
modeles développés dans notre étude par exemple, qu'ils soient construits avec des
données nouvellement recueillies (chapitre 7) ou avec des données de suivis pré-
existants (chapitre 5 et 6), ont souligné le réle-clé des prédateurs de haut niveau
trophique dans les écosystémes de zones protégées (Valls et al. 2015 ). Cela a en
outre mis en relief limportance des suivis de HTLP et permis d'obtenir des
estimations plus précises de leur abondance et de leur biomasse dans les AMP
grace a des techniques non destructives appropriées (chapitre 4). En outre, dans
toutes les études de cas présentées, les modéles de réseau trophique
reconnaissaient également un réle clé aux céphalopodes, alors qu'ils sont souvent
(ou totalement) négligés lors de la conception des stratégies de suivis en
Méditerranée. Les céphalopodes jouent un rdle fonctionnel important dans les
ecosystemes cotiers et pélagiques (Piatkowski et al., 2001, Coll et al. 2013), comme
proie privilégiée pour de nombreux prédateurs de niveau trophique supérieur, mais
aussi comme prédateurs agissant sur un large éventail de niveaux trophiques. lIs
sont par ailleurs des cibles économiquement importantes de la péche artisanale et
récréative. Des suivis devraient étre mis en ceuvre impérativement pour évaluer leur
abondance et biomasse dans les zones cbétiéres, aprés identification de techniques
non destructives appropriées. Les pressions de péche sur ce groupe pourraient alors
étre régulierement controlées.

Enfin, la modélisation peut s’appuyer sur et mettre a profit les données de suivis pour
élaborer des indicateurs a I'échelle de I'écosystéme, tels que les indicateurs de

réseau trophique. Ceux-ci sont en effet requis par la directive-cadre sur la stratégie
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du milieu marin, afin de parvenir a un bon état écologique (Good Ecological Status)
(Heymans et al. 2014, Guesnet et al. 2015). Dans cette perspective, les AMP et les
modeles correspondants pourraient étre tres utiles pour définir des seuils pour les
indicateurs et pour proposer des valeurs de référence correspondant a différents
états de conservation. Les indicateurs fondés sur les niveaux trophiques, par
exemple, sont de plus en plus utilisés pour évaluer l'impact de la péche sur
I'ensemble de I'écosystéme (Shannon et al. 2014). La modélisation peut servir a
générer des valeurs de référence pour les indicateurs a travers des simulations
dynamiques. Cela nécessiterait des trés longues séries temporelles si seules les
données de suivis sont utilisées (Pelletier et al., 2008). Dans cette perspective, un
nouveau développement a notre étude pourrait étre l'application des indicateurs
proposés réecemment comme I'Apex Predator Indicateur (API) et le High Trophic
Indicator (HTI) (Bourdaud et al. 2015). Ces deux indicateurs sont fondés sur les
niveaux trophiques, et en particulier sur la proportion des prédateurs apicaux et/ou
de niveaux trophiques supérieurs dans I'écosysteme, utilisés comme proxy du bon
fonctionnement de l'ensemble du réseau trophique. Des objectifs spécifiques a
I'écosystéme pourraient donc étre proposés pour chaque indicateur par simulation
(Bourdaud et al. 2015).

Perspectives sur les modéles du réseau trophique comme outils de gestion

écosystémiques opérationnels dans les AMP

Sur la base des données collectées, complétées par des analyses de sensibilité
approfondies, nous avons démontré le potentiel des modéles de réseau trophique en
termes d'outils de gestion des AMP pour i) identifier les espéces clés et sentinelles
de I'écosysteme ii) mettre en évidence la capacité de charge possible de I'AMP pour
les HTLP, iii) analyser les conséquences des variations de biomasse des HTLP dans
le réseau trophique iv) recommander une réduction de l'effort de péche récréative sur
les HTLP et évaluer I'impact de la péche récréative sur la péche artisanale.

Si 1) des programmes de suivi exhaustifs sont mis en ceuvre dans les AMP, ciblant a
la fois les ressources biologiques, mais aussi et surtout, les impacts humains
(captures et effort des pécheries locales) et si 2) la modélisation du réseau trophique
devient une étape réguliére pour intégrer les données des suivis, la gamme des
applications de gestion possibles des modéles trophiques développés avec

I'ensemble EwE-EcoTroph-Ecospace est extrémement large, et en expansion
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continue (Coll et al 2015). Quelques applications possibles sont données ici a titre de
perspectives.

La propagation des espéces envahissantes en Méditerranée est largement reconnue
comme une grave menace pour la biodiversité et le fonctionnement de I'écosysteme
et pour la fourniture de services écosystémiques (Katsanevakis et al. 2014). Les
modeles trophiques pourraient aider a aborder ce probléme pour mieux comprendre
le réle des espéces envahissantes et leur impact sur le réseau trophique et analyser
des scénarios de gestion (Arias-Gonzalez et al., 2011). Bien que l'intérét de cette
approche soit en pleine croissance (Coll et al . 2015), les applications en

Méditerranée sont encore rares.

Les modeles EwE-EcoTroph ont été utilisés dans quelques études pour évaluer
I'export de biomasse a partir des AMP (Valls et al. 2012, Colleter et al. 2014) et, dans
une étude, pour quantifier la contribution d'une AMP au fonctionnement et a la
productivité trophique de I'écosystéme environnant (Guénette et al. 2014). Les AMP
sont souvent tres petites en Méditerranée, il pourrait donc étre intéressant d'évaluer
si I'extension de leurs frontieres permettrait d'accroitre leur contribution en termes
d’export aux systemes adjacents et a la production totale ou en termes de captures
dans les écosystémes environnants. D'ailleurs, a travers les modules dynamiques
Ecosim et Ecospace, il est possible d'explorer les effets potentiels des scénarios de
gestion alternative de la péche (et aussi du changement climatique) sur la structure
de l'écosystéme et sur la production de la péche, de modéliser les échanges
d'énergie a partir des AMP vers les zones externes et de quantifier 'impact des AMP
sur les écosystémes plus vastes. Enfin, si plusieurs modéles de réseau trophique
sont développés dans plusieurs AMP, une analyse a grande échelle pourrait étre
effectuée avec Ecospace pour évaluer les effets des différentes configurations
spatiales de réseaux d'AMP et / ou de différents scénarios de gestion des péches sur
la structure et le fonctionnement de I'écosystéme et sur la production par péche.

Afin d'exploiter pleinement ce potentiel élevé, les AMP devraient commencer a
intégrer la modélisation du réseau trophique comme un outil régulier dans leur plan
de gestion, en l'utilisant en premier lieu pour mieux orienter les suivis et intégrer les
données en une image cohérente du fonctionnement de I'écosystéme pour ensuite,
une fois cette base fiable disponible, optimiser et améliorer cette image en fonction

des besoins de gestion.
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10 Communication & Outreach

The Book of Marine Protected Areas.
Authors: Giulia Prato & Fabrizio Gianni
Filming & Editing: Kevin Peyrousse
Drawings: Celine Barrier

This short movie wants to tell the story of depletion of the Mediterranean Sea following the
increase of human population and fish demand. The overexploitation of larger predators
and the fishing down the food web caused ecosystem shifts in many coastal areas, where
important macroalgal habitats were replaced by marine deserts overgrazed by sea urchins.
A succession of drawings that come to life in videos show how marine protected areas
where the collaboration among managers, stakeholders and scientists is
achieved represent one of the best solutions to prevent and sometimes reverse this
negative trend and restore our sea.
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